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Preface to ”Hardwood Reforestation and Restoration”

Northern Hemisphere hardwood-dominated forests (North America, Western Europe, Eastern

Asia) provide valuable renewable timber and numerous ecosystem services. Many of these forests

have been subjected to harvesting or conversion to agriculture, sometimes over centuries, and it

has greatly reduced their former extent and diversity. Natural regeneration following harvesting

or during post-agricultural succession has often failed to restore these forests adequately. Past

harvesting practices and the valuable timber of some species have led to a reduction in their

abundance. The loss of apex predators has caused large ungulate herbivore populations to increase

and exert intense browsing pressure on hardwood regeneration, often preventing it. Particularly

important are fruit, nut and acorn bearing species, because of their vital role in forest food webs

and biodiversity. Restoring hardwood species to natural forests in which they were formerly

more abundant will require a number of forest management actions (e.g., disease or insect

resistant/tolerant hybrids, ungulate exclosures/protectors, enrichment planting, underplanting,

etc.). Similarly, reforesting areas that were once natural forests will also require new silvicultural

knowledge. Global warming trends will intensify the need for interventions to restore and maintain

the diversity and function of temperate hardwood forests, as well as for the need for increased

hardwood reforestation.

Northern hemisphere hardwood forests are composed of plant genera of the Arcto-Tertiary flora

that occurred in the past when all Northern Hemisphere continents were still connected to each other

(Laurasia). All hardwood tree genera originate from this flora and have different species in two

or three of the northern hemisphere continents. These species diverged from each other after the

continents became separated by tectonic movements, mountain orogenies, and other environmental

changes. Oak (Quercus), beech (Fagus), walnut (Juglans), ash (Fraxinus) and maple (Acer) are some

of the most common and valuable hardwood genera. Oaks, and other genera in their family, are

particularly valued for their timber as well as for the ecosystem services they provide (e.g. nut

bearing trees for fauna). Nine out of 10 articles of this Special Issue include oaks as study species.

They present research results for 15 species of Quercus, as well as for a few other Fagaceae genera

(Pasania, Lithocarpus, Notholithocarpus).

The ancient flora connection of northern hemisphere hardwood tree species has advantages and

disadvantages. Major problems for North American hardwoods have occurred when pathogens and

insects introduced from Asia encounter “naive” North American species closely related to Asian

species. The Asian hardwood species have had a long co-evolution with these pathogens and insects

and have developed resistance or some high level of tolerance to them. There are many examples

of formerly abundant North American hardwood species that have been, or are currently being

decimated by an introduced pathogen or insect (American chestnut blight, emerald ash borer, Dutch

elm disease, butternut canker, etc.). However, one of the advantages of this ancient genetic connection

is the possibility of creating hybrids, with just enough genes from Asian species, to provide resistance

to American species. Such is the case of the successful hybrid between the North American Castanea

dentata and an Asian Castanea species, allowing American chestnut to currently being replanted with

success. A similar solution is being sought for a resistant hybrid of Juglans cinerea with an Asian

Juglans species, in order to stem the devastation caused by the butternut canker. For insect pests,

such as the Asian emerald ash borer, hybrids may also present a viable solution. In addition to

Asian pathogens and insect pests introduced to North America, there are also introduced invasive
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plant species from Asia that are causing major problems in North America by competing with native

hardwood regeneration in forest understories (e.g. Frangula alnus, Lonicera mackii).

This Special Issue presents research that has been conducted in all of the continents of the

Northern Hemisphere. Several articles address the effect of overabundant herbivore populations

on planted hardwoods, and how to protect them, but also on how heavy browsing in a hardwood

forest understory has an indirect negative effect on understory bird species populations. Other articles

illustrate the negative effects of exotic invasive understory plant species on hardwood regeneration

through removal experiments. Changes in land use and climate change effects are also addressed as

other threats to hardwood forests.

The articles within this Special Issue address many of the problems and issues that hardwood

tree species are facing throughout the Northern Hemisphere. Some authors have identified some

problems as a first step, but many have also proposed management methods for mitigating

these problems.

Daniel Gagnon, Benoit Truax

Special Issue Editors
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Article

Bringing the Natives Back: Identifying and
Alleviating Establishment Limitations of Native
Hardwood Species in a Conifer Plantation
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Abstract: To facilitate the reintroduction of five native late-successional Taiwanese Fagaceae species
into Japanese cedar (Cryptomeria japonica (D.) Don) plantations, we experimented with methods to
alleviate their establishment limitations. We tested different combinations of tree species, seedling
development stages, and site preparation techniques. First, we directly sowed both fresh and
germinated acorns under both closed and opened (thinned) canopies. Both fresh and germinated
acorns survived only six months at most. Wildlife consumption was the most critical factor hindering
their survival. We subsequently experimented with different methods for increasing establishment
rates, such as thinning in combination with understory control, applying chemical animal repellents
to seeds, using physical barriers against seed predators, and using seedlings of different ages. Among
the methods experimented, none was effective. The effects of silvicultural treatments to deter seed
consumption lasted only the first few weeks after sowing, whereas the effects of physical barriers
were inconsistent. We also tested planting 3-month and 1-year-old seedlings. Seedling survival
after 9 months was about 20% on average for 3-month-old seedlings but reached 80% for 1-year-old
seedlings. Our results suggest that planting seedlings older than six months or establishing physical
obstacles to prevent seed predation will be the most effective strategies to reintroduce late-successional
hardwood Fagaceae species into Japanese cedar plantations.

Keywords: forest restoration; Fagaceae species; seed predation; seedling establishment; sub-tropical
hardwoods; native mixed forests

1. Introduction

Forest biodiversity has been declining worldwide at an alarming rate over the past decades
due to deforestation and forest fragmentation. Thus, developing effective strategies to restore
forest biodiversity has been recognized as an essential element of biodiversity conservation [1].
It is suggested that plantation forests are excellent ecosystems for forest restoration, because of
the microhabitat similarities between planted and natural forests [2]. Particularly, substituting
planted monocultures with native mixed forests can also be a tool for increasing forest resilience
to uncertain forest conditions [3]. Many plantation forests are no longer serving a timber production
purpose, as in the case of Taiwan, where due to the rising awareness of conservation, management
practices cannot be executed in conifer plantations, allowing natural succession to slowly take place [4].

Forests 2018, 9, 3; doi:10.3390/f9010003 www.mdpi.com/journal/forests1
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Returning those plantation forests to their natural states provides a unique opportunity for forest
restoration, and developing effective strategies to achieve that objective becomes an essential task for
the conservation of forest biodiversity. Restoration guidelines for such a purpose, however, are not
well established [2]. Given the unique ecological features of each plantation, and the lack of ecological
knowledge on many non-commercial, subtropical native tree species, more empirical studies are
required for establishing such guidelines.

Native hardwood species usually fail to return to plantation forests because of recruitment
limitation (e.g., failure in seed dispersal, seed survival, or seedling survival). Planting nursery-grown
seedlings and direct seeding are two common tools used to alleviate recruitment limitations of native
species in forest restoration. The former has the advantage of a high success rate, but it also has the
disadvantage of high costs. The latter has some biological benefits and the advantage of low cost,
but its success rate is generally low [5–9]. Both approaches use plant materials that are thought to
represent the most vulnerable stages during trees’ life cycle [10,11].

Seed and seedling survival are limited by multiple biotic and abiotic factors [10,12,13]. Herbivory,
light availability, and drought are the three most common and important causes of mortality [11].
Previous studies, however, have indicated that the relative importance of factors limiting seed and
seedling establishment is highly context-dependent, and may vary among different ecosystems and
sites [10]. Therefore, the success of restoration strategies depends on effectively identifying the critical
stages of recruitment limitation. Thus, systematic empirical studies including seed and seedling stages
are necessary to identify the critical stage of recruitment limitation.

Japanese cedar (Cryptomeria japonica (D.) Don, also known as sugi) plantations are a good case
study for testing such empirical approaches. Introduced into Taiwan from Japan more than a century
ago, Japanese cedar is the most widely planted tree species in Taiwan, covering approximately
1.1 percent (41,390 ha) of the island’s total land area [4]. Due to the increasing production costs
and declining timber prices, most of Taiwan’s Japanese cedar plantations are either approaching or
have passed the prescribed rotation age. Moreover, some existing Japanese cedar plantations were
established on sites that are now considered unsuitable for timber production, primarily owing
to concerns about watershed protection. To restore and promote biodiversity, the current local
management plans mandate the restoration of these plantations by gradually reintroducing native
species, particularly hardwoods. Under this mandate, the traditional harvesting-planting approach is
no longer viable and an alternative approach is needed. Restoring these plantations can also serve as
a model system to explore the effectiveness of different restoration practices in a subtropical island
environment such as Taiwan’s, for which little empirical experience exists.

Thinning (or selective cutting) and understory vegetation control are regularly prescribed in
plantation forest management, and such practices may also facilitate forest restoration (e.g., [12]). The
partial removal of trees can enhance local light availability and create physical environments similar to
canopy gaps, which are essential for seedling survival [14–16]. Because only a portion of the trees are
removed, the overall abiotic environment of the stand is usually not altered substantially [17].

The presence of understory vegetation may have both positive and negative effects on the survival
of seeds and seedlings [10–12]. The presence of understory vegetation may reduce seedling survival
by reducing light availability, by increasing competition between seedlings and understory vegetation,
or both [6,8,11]. However, understory vegetation may also reduce seed and seedling predation by
providing protection [8,18].

A preliminary feasibility study conducted in 2006 by randomly planting 4-year-old saplings
of Quercus glauca (Thunberg) Oersted, Q. longinux (Hayata) Schottky, Q. gilva (Blume) Oersted,
Pasania hancei (Benth.) Schottky var. ternaticupula (Hayata) Liao, and P. harlandii (Hance ex Walp.)
Oerst. in a Japanese cedar plantation showed encouraging results, indicating that saplings of native,
late-successional Fagaceae species can successfully establish [19]. However, compared to planting
seedlings or directly sowing seeds, such a practice is clearly more expensive. Therefore, empirical
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studies are still needed to devise less expensive methods for restoring monospecific Japanese cedar
plantations to native mixed hardwood forests.

To fill this knowledge gap, in this study we used a systematic approach to identify critical
establishment stages of native broad-leaved species in a Japanese cedar plantation in central Taiwan.
We addressed the following two questions: (1) Is seed germination a bottleneck for tree establishment?
If so, which silvicultural techniques can improve seed germination? (2) Is seedling survival a bottleneck
for tree establishment? If so, which silvicultural techniques can increase survival rates?

We designed three field experiments to answer each of the questions. First, direct seeding was
carried out to evaluate seed germination. We sowed both fresh and germinating acorns on the forest
floor surface under both closed and opened canopy. Second, given the lack of success in direct
seed sowing, we experimented with different methods to prevent seed predation, including seed
concealment and chemical repellents, to evaluate if seed predation could be deterred. Third, we
planted seedlings of various ages under both closed and opened canopy. In combination with the
previous questions, the impact of thinning on hardwood seedlings’ recruitment was also evaluated.

2. Materials and Methods

2.1. Study Site

This study was conducted in a 10-ha Japanese cedar plantation in the Heshe District of the
National Taiwan University Experimental Forest, central Taiwan (120◦52′ E, 23◦37′ N, 1442–1602
m.a.s.l.). Based on the information obtained from the nearest weather station (approximately 5 km
away), mean annual temperature is 19.8 ◦C, with a mean annual rainfall of 1500 mm, indicating a
warm-humid temperate climate regime.

Originally an evergreen broad-leaved late-successional stage forest dominated by Fagaceae and
Lauraceae species, the site was clearcut in 1958 and planted with Chinese fir (Cunninghamia lanceolata

Hook.). Due to extensive typhoon damages in 1969, the stand was salvaged and replanted with
Japanese cedar in 1971. In 2005, the plantation was selected as a demonstration site to study the
gradual restoration of Japanese cedar plantations to native forests. Remnants of the native forest can
still be found within a 500-m radius from the edges of the plantation. We considered those remnants to
represent the reference condition for the restoration project. They set the initial goal for a successful
restoration. A preliminary inventory revealed that saplings of the late-successional Lauraceae species
(mainly dispersed by birds) were relatively abundant at the study site. However, only a few saplings
of Fagaceae species were present. Thus, we decided to focus our efforts only on understanding the
bottlenecks for a successful reintroduction of native Fagaceae species. We used acorns collected from
the surrounding areas. Because many Fagaceae species display a masting behavior, the study species
used every year were determined by the availability of acorns at the time of study.

2.2. Thinning Treatments and Establishment of Transects

In 2005, as part of the preliminary study, 20 percent of the standing volume was thinned to create
gaps of various sizes. Then, in 2009, we established four research plots, two in thinned gaps and two in
unthinned areas, within the plantation (see Supplementary Information). The canopy openness of the
two thinned plots was 27 and 29 percent, whereas the openness of the unthinned plots was 13 and 11
percent. For each plot, a 15-m transect was set at each of the eight cardinal and inter-cardinal directions.
We then randomly selected two transects at cardinal directions and two transects at inter-cardinal
directions in each plot for manual removal of understory vegetation in a 1-m-wide strip along the entire
transect (referred henceforth as devegetated transects). The understory of the remaining two transects
was left untouched (referred henceforth as vegetated transects). The experimental schedule for the
four consecutive research campaigns is described in Table 1. Detailed diagrams of the experimental
spatial design for each plot can be found in the Supplementary Information.
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Table 1. Silvicultural treatments (listed by year) tested to enhance the establishment of different
Fagaceae species in different annual research campaigns.

Treatment
Lithocarpus
lepidocarpus

(Hayata) Hayata

Quercus glauca
(Thunberg)

Oersted

Pasania
kawakami

(Hayata) Hayata

Pasania hancei
(Benth.)
Schottky

Pasania harlandii
(Hance ex Walp.)

Oerst.

Direct seeding
Fresh seeds 2009, 2011 2009 2011, 2012

Germinated seeds 2011 2010 2010, 2011, 2012

Controlling seed predation

Fencing 2010 2011 1

Seed concealment 2011 2012
Chemical repellent 2012 2011

Planting seedlings
3-month-old 2011 2011

1-year-old 2011 2011
1 No data were obtained in 2011 from the fencing experiment due to the breakage of all fences.

2.3. Direct Seeding of Fresh and Germinated Seeds

To detect if seed germination and survival were bottlenecks during the establishment process,
we placed acorns of different species every year from 2009 to 2012. We used acorns from different
late-successional species relatively abundant in the surrounding areas in each specific year. Eight
infrared automatic cameras were installed in the research site, one for each species-treatment
combination, to record how and by which animal species the seeds were removed or consumed.

In spring 2009, fresh acorns of Lithocarpus lepidocarpus (Hayata) Hayata and acorns of P. kawakamii

(Hayata) Hayata, each totaling 1920 seeds, were placed on top of the forest floor in thinned and
unthinned plots, with and without understory removal (see Supplementary Information). Acorns
were checked and the number of remaining seeds was recorded every two days. About a month later,
none of the seeds were left [20].

Due to the complete establishment failure in 2009 of fresh acorns, we hypothesized that
germinated seeds would be less palatable and, therefore, less attractive to seed predators. Using
germinated seeds also ensured that seed quality or viability would not be a factor influencing our
results. To get germinated seeds, acorns were gathered in October 2009. In the lab, water was used
to separate low quality (floating) seeds from high quality (sinking) seeds. Selected seeds were stored
stratified in wet moss at 4 ◦C until February 2010. Then, pots at the lab were used to bury seeds in soil
for one month until March 2010, when they were extracted. Therefore, in spring 2010, germinated seeds
(i.e., with radicles just emerging) of Q. glauca and P. hancei var. ternaticupula, each totaling 560 acorns,
were placed in thinned and unthinned plots, with and without understory removal (see Supplementary
Information). After placing the seeds on top of the forest floor, the number of seeds remaining was
counted every other day during the first month. Thereafter, remaining seeds were counted on a
monthly basis. After nine months we measured the height and basal diameter of the remaining
established seedlings.

To account for potential inter-annual differences, we repeated our experiments in 2011 and 2012.
In spring 2011, 560 fresh and 560 germinating seeds from each of two species, L. lepidocarpus and
P. hancei var. ternaticupula, were placed in thinned and unthinned plots, with and without understory
removal (see Supplementary Information). We placed both germinating and fresh seeds in the same
transect line but at different distances. Seeds were checked and the number of remaining seeds was
recorded every Monday, Wednesday, and Friday for two months.

In spring 2012, we established 80 monitoring points in an unthinned plot. Among them,
we randomly selected 40 points and manually cleared the understory of half of these points. We then
put 200 fresh and 200 germinated seeds of P. hancei (10 per acorn condition per point) on top of the
forest floor (see the Supplementary Information). We monitored the number of remaining seeds on a
weekly basis for one month.
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2.4. Controlling Seed Predation

Guided by the results of our direct sowing trial, we tested different approaches to reduce acorn
consumption. These approaches included using physical barriers, burying seeds with soil and litter,
and using chemical repellents.

2.4.1. Physical Barriers

In spring 2010, we built three 1 × 1 × 1 m3 complete enclosures with polyethylene (PE) mesh.
These physical barriers were set up at each transect (combining different canopy and understory types,
see above). A hundred fresh Q. glauca seeds were placed inside each fenced area. Survival rates were
calculated after 3 and 8 months. In spring 2011, a similar experiment was carried out for P. kawakamii.

2.4.2. Seed Concealment

In July 2011, 150 fresh L. lepidocarpus acorns were placed in three unthinned transects (50 seeds in
each) and buried 5 cm below surface, and 150 seeds were also placed on the surface of another three
unthinned transects. Seeds were monitored every Monday, Wednesday, and Friday for two months.
The experiment was repeated in April 2012. First, 100 fresh and 100 germinated seeds of P. hancei were
buried 3 cm below surface in unthinned transects. Second, 100 fresh and 100 germinated seeds of
the same species were covered with Japanese cedar’s litter. Seed status (alive, missing, or dead) was
monitored weekly after burial.

2.4.3. Chemical Repellents

Chemical repellents were used in 2011 and 2012 in locations alongside, but outside of, the transects.
In April 2011, 1200 seeds of P. harlandii were treated with two repellents (Cinnamamide 97% and
trans-Cinnamaldehyde 98%) in four concentrations (0.0, 0.4, 0.8, and 1.2% w/w) with five replicates
(30 seeds per treatment). Treated seeds were monitored every Monday, Wednesday, and Friday
for two months after field placement. In May 2012, 1200 seeds of P. hancei were treated with
trans-Cinnamaldehyde 98% in four concentrations (0.0, 5.0, 10.0, and 15.0% w/w) with 10 replicates
(15 seeds per treatment). Seed status (alive, missing, or dead) was monitored weekly after the treated
seeds were placed on the forest floor surface.

2.5. Planting Seedlings of Various Ages

To further investigate potential bottlenecks in Fagaceae species establishment, in April 2011 we
planted 1-year-old nursery grown seedlings (less than 1.30 m tall) of Q. glauca and P. hancei, as well
as 3-month-old nursery grown seedlings of P. hancei and P. harlandii in unthinned and thinned plots.
Seven seedlings were planted along each transect of the plots after clearing the understory. The status
of seedlings (alive or dead) was checked weekly after planting. Nine months later, we closed the
experiment and measured the average basal diameter and height of the surviving seedlings.

2.6. Data Analysis

A semi-parametric approach based on a generalized additive mixed model [21] was used to
analyze the seed and seedling survival probabilities of each experiment. We limited our analysis
to the first 30 days because most of the surviving seeds of all species used in this experiment fully
germinated after that time. In the model, treatment effects were modeled parametrically, whereas the
time effect was modeled non-parametrically using a thin-plate regression spline with a smoothing
term for each treatment. For all species, a first-order autoregressive model was used to account for the
autocorrelation present in the data. We used the R package mgcv to perform the analyses [22].
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3. Results

3.1. Seed Survival

Although the final results showed that all the acorns were eaten or removed, survival
analyses indicated that canopy openness and understory presence had different effects during the
removal/consumption processes depending on the species. Silvicultural treatment did not have
significant effects on fresh L. lepidocarpus and P. kawakamii seeds in 2009 (Table 2, Figure 1). However,
seeds had different removal rates in 2010 depending on the silvicultural treatment for P. hancei, but no
differences were found for Q. glauca (Figure 2). Seed survival rates for Q. glauca over the first 33 days
were not significantly different among the treatments. In contrast, the absence of understory cover
significantly lowered survival rates for P. hancei seeds, whereas canopy openness had no effect (Table 3).

Table 2. Effects of thinning and understory removal on the seed survival rates of Lithocarpus lepidocarpus

(Hayata) Hayata and Pasania kawakamii (Hayata) Hayata. over the first 36 days after fresh seed
placement in spring 2009 and 2011.

Treatment
L. lepidocarpus P. kawakamii

df χ
2 p df χ

2 p

Understory control 1 0.091 0.763 1 0.748 0.387
Thinning 1 1.176 0.278 1 0.238 0.625

Understory control × thinning 1 0.856 0.355 1 1.308 0.253

Table 3. Effects of thinning and understory removal on the seed survival rates of Quercus glauca

(Thunberg) Oersted and Pasania hancei var. ternaticupula over the first 33 days after fresh seed placement
in spring 2010 and 2011.

Treatment
Q. glauca P. hancei

df χ
2 p df χ

2 p

Understory control 1 1.128 0.288 1 4.001 0.0455
Thinning 1 0.303 0.582 1 0.010 0.9203

Understory control × thinning 1 0.435 0.509 1 0.109 0.7414

For the 2009 trial, all the fresh seeds were consumed within one month after field placement
(Figure 1). In the 2010 trial, 33 days after the germinated seeds were placed, 19.4% to 72.1% of the
seeds were still present except for Q. glauca seeds in the devegetated transects (Figure 2). By the end of
the second month, almost all of the Q. glauca seeds disappeared (being either consumed or removed),
while some P. hancei seeds were still left on the ground. In summary, Q. glauca seeds were removed at a
faster rate than that of P. hancei. For both species, seeds were consumed or removed at a faster rate for
transects without understory vegetation in comparison to transects with understory vegetation.

In the 2011 trial, we repeated the same approach as in 2010. Final survival rates for L. lepidocarpus

seeds detected among the treatments or seed life stage did not significantly differ. However, canopy
openness had a significant effect on the survival rates of P. hancei seeds (Table 4). Most of the seeds,
regardless of whether they were fresh or germinated, were removed in the first week (Figures 1 and 2).
In the last trial of 2012, all the seeds left unburied on the forest floor were removed within three weeks,
regardless of the germination status and the placement (Figure 3).
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Figure 1. Average survival rates for fresh seeds of three different hardwood species under four different
forms of site preparation management. The study was carried in 2009 (left panels) and repeated in
2011 (right panels).

Table 4. Effects of thinning, understory removal, and seed germination life stage treatments on the
seed survival rates of Lithocarpus lepidocarpus (Hayata) Hayata and Pasania hancei var. ternaticupula over
the first 36 days after seed placement in spring 2011.

Treatment 1
L. lepidocarpus P. hancei var. ternaticupula

df χ
2 p df χ

2 p

Understory control 1 2.784 0.0952 1 2.975 0.0846
Thinning 1 0.057 0.8115 1 11.341 0.0008

Type of seeds (fresh or germinated) 1 0.460 0.4979 1 3.441 0.0636
1 Non-significant interactions were removed from the analysis.
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Figure 2. Average survival rates for germinated seeds of three different hardwood species under
four different forms of site preparation management. The study was carried in 2010 (left panels) and
repeated in 2011 (right panels).

Results from 2009 to 2011 suggested that the different removal rates were likely due more to the
locations of seed placement rather than to the causes of seed removal. However, survival analyses
showed that there were significant differences in seed removal rates depending on seed covers for
the last year’s trial (Table 5). Burying seeds in the mineral soil significantly delayed seed survival,
but it did not change the outcome that after 80 days seed survival was also negligible (Figure 3).
No significant interactions between canopy openness, understory presence, or seed life stage were
detected in any year for any species.

Table 5. Effects of different methods to prevent seed predation (burial under soil, burial with litterfall,
no ground vegetation, and control) and seed germination phases (fresh vs. germinated) on the
seed survival rates of Pasania hancei var. ternaticupula over the first 39 days after seed placement in
spring 2012.

Treatment 1
P. hancei var. ternaticupula

df χ
2 p

Method 1 11.884 0.0078
Germination phase 1 0.446 0.5043

1 Non-significant interactions were removed from the analysis.
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Figure 3. Survival rates of fresh and germinated seeds of P. hancei var. ternaticupula during the seed
concealment experiment carried out in 2012.

3.2. Controlling Seed Predation

3.2.1. Physical Barriers

For the 2010 trial, seedling survival rates inside the fenced areas were 85.0% and 77.7% for the
plots without understory (thinned and unthinned sites, respectively) eight months after the beginning
of the experiment. However, survival rates were 52.3% and 61.3% for the plots with understory
(thinned and unthinned sites, respectively; Figure 4). These results indicated that although understory
plays a major role in seed establishment, physical barriers help to prevent acorn consumption.
Unfortunately, no survival data from the 2011’s trial could be obtained, as all fences were gnawed by
rodents, which entered into the fenced areas. Therefore, most of the seeds were consumed, and only
11 seeds germinated.

Figure 4. Seed establishment rate after eight months inside the fenced areas in 2010 for four different
management regimes: T: thinned canopy; U: unthinned canopy; D: devegetated (understory removal,
grey bars); V: vegetated (white bars). Bars indicate average ± standard error.
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3.2.2. Seed Concealment and Chemical Repellents

In 2011, all unburied seeds were removed within 2 months, regardless of their germination stage.
Four months after burial, 14.4% of acorns were able to germinate and grow to about 25 cm [19]. In 2012,
most of the seeds disappeared within 20 days except the ones buried under the soil. However, 80 days
after, all the seeds were removed regardless of the treatments. As for the effects of chemical repellents,
all seeds disappeared within 3 weeks of the beginning of the experiment in 2011 (Figure 5), and within
15 days in 2012 (results not shown).

 

Figure 5. Seed survival rates after the applications of two different chemical repellents at five
different concentrations.

3.2.3. Identification of Acorn Consumers

From the images captured by the cameras, we identified five mammal species and five bird
species as potential seed consumers or removers during the observation period. The five mammal
species were red-bellied squirrel (Callosciurus erythraeus Pallas), Formosan ferret-badger (Melogale

moschata subaurantiaca Swinhoe), spinous country-rat (Niviventer coxingi Thomas), Formosan field
mouse (Apodemus semotus Thomas), and Tada’s shrew (Crocidura tadae Tokuda & Kano). The five bird
species were Eurasian jay (Garrulus glandarius L.), Eurasian woodcock (Scolopax rusticola L.), bamboo
partridge (Bambusicola thoracica Temminck), Steere’s liocichla (Liocichla steerii Swinhoe), and White’s
ground thrush (Turdus dauma Latham). Among the identified faunal species, seed removal behaviors
were observed for red-bellied squirrel, Formosan ferret-badger, spinous country-rat, and Eurasian jay.

3.3. Planting Seedlings of Various Ages

Survival rates differed between 1-year-old and 3-month-old seedlings. A very high proportion of
1-year-old seedlings survived until the end of the experiment. In contrast, survival rates of 3-month-old
seedlings decreased to 0.2 within 80 days (Figure 6).
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Figure 6. Survival rates of 1-year-old seedlings (left panels) and 3-month-old seedlings (right panel)
of three different hardwood species during the experiment carried out in 2012.

4. Discussion

4.1. Seed Predation as the Main Cause of Establishment Failure

We used a systematic, sequential, adaptive approach to identify bottlenecks for seedling
establishment and the best silvicultural treatments to overcome them. Our result from four different
years showed that direct sowing (and by similitude, natural seed arrival) was unable to produce viable
seedlings. Therefore, some sort of advanced regeneration or seed protection is needed to allow for
the establishment of some seedlings if the establishment of native hardwood species is a management
objective. Our results suggested that seedlings at least 3 months old, which survived for 3 more months
in the field, have the potential to successfully establish at this site, but such survival was guaranteed
only when using 1-year-old seedlings.

Seed survival and establishment rates observed in this study were low compared with those
found by other studies also done with late-successional or large-seed direct sowing [5,7,13]. These
low rates could result from both biotic (e.g., predation) and abiotic (e.g., drought) factors that limited
seedling establishment [6,11,13].
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The impact of thinning on seed predation has been demonstrated by several earlier studies
(e.g., [23,24]). Previous studies have also demonstrated the significant influence of understory vegetation
(e.g., [10,25]). However, the effects of canopy openness or the presence of understory vegetation on
seed survival are somewhat context-dependent [12,26–28]. Understory can have both positive and
negative effects on seed predation. On one hand, increased understory growth could hide the seeds
better and facilitate their survival, as the predators need to spend more time finding them. On the other
hand, understory could provide cover for other seed consumers that do not go into open areas but
can now reach those seeds. Furthermore, some understory species also produce fleshy fruits and may
provide additional food resources for seed predators. Depending on the types of seed predators present
in the region, seed predation may increase or decrease in different microhabitats after silvicultural
treatments [26,27,29]. For instance, seed predation by squirrels is reduced in canopy gaps, whereas
predation activities by field mice are higher in canopy gaps [28].

We detected different consumption/removal patterns and different seed predators among years.
At the same time, we detected initial differential survival rates for seeds of different growth stages
within the first month. Different removal patterns could be due to different foraging behaviors and
feeding paths of main seed predators. For example, as captured by camera, red-bellied squirrels tended
to systematically remove all the seeds in one spot, and when they depleted all the acorns in that spot,
they moved to the next spot. In addition, it has been reported that differences among seeds caused by
seed nutrient content, physical and chemical defense mechanisms (e.g., shell hardness, presence of
secondary metabolites, etc.) affect the preference of seed feeders [30]. However, our initial hypothesis
that germinated seeds would be less favorable for seed consumers was rejected, as no significant
differences on seed predation rates between fresh and germinated seeds were detected in the long
term (more than two months after direct sowing).

In addition, the lack of a cold winter also means that there are no seasonal patterns in rodent
population sizes [31]. Therefore, storing seeds for planting them at the time of lower seed predator
population levels does not seem to be a viable option. At these sites, the breeding season for rodents
lasts for two-thirds of the year, from January to August. During that time, energy demands are high
because of pregnancy and nursing. However, the Japanese cedar plantation is short of food resources.
Consequently, the seeds placed by us may have attracted those predators. These circumstances may
explain why germinated seeds were also consumed or removed, even at a faster rate than fresh
seeds [32]. Both factors will be important considerations in our future research on methods to improve
the success of reintroduction programs. It should be highlighted that because the main purpose
of this study was to develop effective silvicultural practices to improve seed survival and seedling
establishment, we only placed a small number of seeds in the field, as constrained by seed availability
and economic considerations. If we had used larger numbers of seeds, the saturation effect could have
increased seed survival rates.

Predation is not the only mechanism by which seeds fail to establish. Scatter-hoarding behavior
has also been widely observed in squirrels and jays in various forest ecosystems [33,34]. Instead of
consuming the seeds, the animals remove the seeds and cache them in a different place. The captured
photographs suggested that the major seed predators at the study sites were granivorous animals,
including the red-bellied squirrel. Such scatter-hoarding behavior by the granivorous animals may
explain the similar seedling establishment rates for Q. glauca and P. hancei after nine months. Additional
species that were observed to remove the seeds were the Formosan ferret-badger, spinous country-rat,
and Eurasian jay. However, seed-removal behavior was less frequent in those species than in
red-bellied squirrels.

On the other hand, some of these animals may also function as seed dispersers because of their
scatter-hoarding behavior. For example, in our study red-bellied squirrels seem to have removed
large numbers of the seeds. The seeds that were removed may not have been eaten immediately
but may have been stored for later consumption, and the cached seeds may subsequently germinate.
In a follow-up expedition to the research sites in April 2017, a few of the placed acorns germinated
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and established. Interestingly, all those seedlings were a short distance away from their original
placement locations.

Finally, climate variability may also contribute to the different observed inter-annual seed
mortality patterns. Unlike other Fagaceae species in temperate regions which have other sources to
supply soil moisture at the beginning of growing seasons, (e.g., snow melting), Taiwanese species
depend entirely on rainfall for soil water availability during that time. The 2009–2010 El Niño event
delayed the beginning of the 2010 wet season in central Taiwan for approximately six weeks, and the
precipitation amount was below average during the first three months of that growing season. Hence,
the first two months of the experiment were probably too dry to allow proper germination, causing
the low germination rates and a germination period that was longer than expected.

4.2. Preventing Seed Predation

None of the three approaches used to discourage seed predation worked in a significant way,
except physical barriers. Xiao et al. [35] and Chang et al. [36] also showed that using enclosures as
physical barriers is a feasible way to increase establishment rates. Similar to the results reported by
those authors, our preliminary tests also showed that seed germination rates inside the fenced areas
were similar to rates obtained in the lab (data not shown). However, if we apply this method to larger
areas, restoration costs will increase significantly, and could produce other undesirable ecological
effects such as hindering the mobility of some wildlife species [37]. More importantly, the effect
was inconsistent, as it only worked in 2010, but failed in 2011. Our 2011 results suggested that the
seed-predators might have “learned” ways to overcome the barriers.

In addition to protecting the seeds from their predators with nets, we also used soil or litterfall
to conceal the seeds to prevent seed predator detections. Compared to directly placing the seeds on
the forest floor surface, burying seeds can slow removal rates, provide a better micro-environment
for germination, and increase seedling survival and establishment rates [38–41]. In our first seed
concealment trial, most of the seeds remained under the soil and had a 14.4% seedling establishment
rate. These results are very similar to other previously reported results [42]. However, the protection
was inconsistent, as in our second year’s trial all the seeds were consumed within 80 days after burying
them. Therefore, although burying seeds has the potential effect of reducing seeds from being found
and consumed, such a benefit is not guaranteed.

Regarding chemical repellents, they did not have any noticeable effect on discouraging seed
predators, particularly rodents, opposite to reports by some studies [43–45]. A possible explanation for
this contradictory result could be that the rodents in Taiwan (e.g., red-bill squirrel or stripe squirrel)
have a high tolerance to the food they eat [46,47]. Therefore, chemical repellents do not work as well as
in other places. Another possible explanation is that both chemicals could have evaporated or washed
out by rain a few days after application, hence lowering their concentrations to the levels where they
became ineffective as repellents.

Finally, it should be taken into account that the management history of the site and surrounding
region has caused the disappearances of keystone predator species that can regulate rodent populations’
levels, thus creating a cascading effect on Fagaceae seeds.

4.3. Overcoming Establishment Bottlenecks: Ecosystem Management Implications

Our results indicated that the main establishment limitation is the fast removal of seeds, usually
in less than a month. Similar results have been described before [48,49]. From our results, it seems
clear that restoring these Japanese cedar plantations using only seeds is not effective, and therefore
older seedlings should be used.

Comparing the establishment rates between 3-month-old and 1-year-old seedlings, older seedlings
have higher survival and establishment rates. The effects of canopy conditions depend on seedling
ages. An open canopy increased the establishment rates for young seedlings, but the situation was
reversed for older seedlings. This difference could be due to a higher variety of micro-environments
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and understory vegetation in the thinned site, which also led to variations in seed predators’ population
sizes and feeding paths [50,51]. Young seedlings are less conspicuous and harder to find when the
environment is more heterogeneous. In addition, thinning could increase light levels and therefore
enhance the growth of shade-tolerant understory species [52]. However, understory vegetation was
relatively dense at the study site, possibly because of the improved light conditions following the
thinning. Although potentially beneficial for seeds, understory vegetation could be detrimental to
older seedling survival, due to competition for water, nutrients, light, and growing space [53].

Seedling mortality causes also differed for seedlings with different ages. The major cause of
death for 3-month-old seedlings was biting and chewing. Young seedlings still had a part of the acorn
(large, more nutritious part) attached to the plants. Therefore, after seed predators finish eating all the
available seeds in the area, they can turn to young seedlings to eat the remnants of seeds attached to the
young plants, particularly if there is still pressure on food sources in the field. However, this situation
is not applicable to 1-year-old seedlings, in which seed remnants have already fallen or decomposed,
and their stems were more woodified. As a consequence, the major cause of death for older seedlings
was withering (mostly by drought), similar to other studies [11].

From a management perspective, while opening the canopy and maintaining plant cover is
important during the first months of the restoration effort, after seeds have been able to get established
and survived their first year, understory should be controlled or removed to reduce competition for
growth resources. The use of these techniques is the next natural step for developing our adaptive
empirical approach to establish restoration guidelines at our study sites.

The native late-successional forests in the study area were originally dominated by hardwood
species belonging to the Fagaceae and Lauraceae families. Although the Lauraceae species seem to
have the capacity to establish themselves under the canopy of Japanese cedars, this is not the case
for Fagaceae species. Although many Fagaceae trees with abundant seeds can be found in remnant
stands near the study site, naturally regenerated seedlings and saplings are rare at the site, suggesting
that recruitment is strongly limited, as our results confirm. All signs suggest that in the absence of
human intervention these abandoned plantations would not be able to return to their original state, at
least in any time soon. Once a forest ecosystem has been altered in a substantial way, ecosystem-level
restoration measures are necessary. For example, although not tested in the current study, a potential
method to reduce seed predation pressure is to re-introduce the now locally extinct natural higher-level
(e.g., carnivorous) predators into the plantations to control seed predators.

5. Conclusions

This study represents the first attempt to identify establishment bottlenecks for Fagaceae species
in conifer plantations in Taiwan. Our experiments indicated that without some kind of human
intervention, it will take a long time (i.e., via succession) for Fagaceae species to establish in Japanese
cedar plantations that are no longer serving their purposes. Among the methods tested to bring
native Fagaceae species back, direct sowing was shown to have the lowest survival and seedling
establishment rates, whereas seedling planting had a higher survival rate. Direct seeding with fresh
seeds was observed to be virtually useless. The final survival rates from high to low were 1-year-old
seedlings, 3-month-old old seedlings, germinated seeds, and fresh seeds. Seedlings older than 6 months
were observed to be able to successfully establish in this site. Burying germinated seeds, in combination
with thinning and a proper understory vegetation control was able to delay seed consumption but
did not prevent it. Our results indicated that fencing with rodent-resistant material seems to be the
only management option that is likely to result in a majority of seeds getting established. Therefore,
if there are important economic or ecological limitations that prevent the use of fences, and some
level of risk is accepted, we suggest burying germinated seeds (an easy-to-implement and relatively
inexpensive method) as a first test to facilitate the re-introduction of native late-successional Fagaceae
species in conifer plantation forests in Taiwan. If unsuccessful, more costly options should be used:
either creating fenced areas or planting seedlings that are at least 6 months old.

14



Forests 2018, 9, 3

Supplementary Materials: The following supplementary materials are available online at www.mdpi.com/1999-
4907/9/1/3/s1, Figure S1: Location of the four experimental plots in the National Taiwan University Experimental
Forests; Figure S2: Experimental design for the placement of seeds at the four research plots used in 2009; Figure
S3: Experimental design for the placement of seeds at the four research plots used in 2010; Figure S4: Experimental
design for the placement of seeds at the four research plots used in 2011; Figure S5: Experimental design for the
placement of 1-year-old seedlings at the four research plots used in 2011; Figure S6: Experimental design for seed
concealment experiment with seeds of Pasania hancei var. ternaticupula (Hayata) Liao in 2012.

Acknowledgments: The authors thank Po-Jen Jiang for his assistance in setting up automatic cameras. We also
thank the staff of the National Taiwan University Experimental Forest for their help during fieldwork. We wish
to thank the two anonymous reviewers who helped in improving this article. This study was partially
supported by a grant from the Taiwan National Science Council (NSC 97-2313-B-002-041-MY3). Juan A.
Blanco was funded through a Ramón y Cajal contract (ref. RYC-2011-08082) and a Marie Curie Action
(ref. CIG-2012-326718-ECOPYREN3). Yueh-Hsin Lo was funded through a Marie Skłodowska-Curie Action
(ref. MSCA-IF-2014-EF-656810-DENDRONUTRIENT). The FP7 post-grant Open Access publishing funds pilot
funded the publication of this manuscript.

Author Contributions: Y.C.L. and B.T.G. conceived and designed the experiments; Y.C.L., Y.T.L., Y.H.L., C.H.Y.
and B.T.G. performed the experiments; Y.T.L., Y.H.L., Y.C.L., and J.A.B. analyzed the data; Y.T.L., Y.H.L., B.T.G.,
Y.C.L., and J.A.B. wrote the paper.

Conflicts of Interest: The authors declare no conflict of interest.

References

1. Chazdon, R.L. Beyond deforestation: Restoring forests and ecosystem services on degraded lands. Science

2008, 320, 1458–1460. [CrossRef] [PubMed]
2. Brockerhoff, E.G.; Jactel, H.; Parrotta, J.A.; Quine, C.P.; Sayer, J. Plantation forests and biodiversity: Oxymoron

or opportunity? Biodivers. Conserv. 2008, 17, 925–951. [CrossRef]
3. Paquette, A.; Messier, C. The role of plantations in managing the world’s forests in the Anthropocene. Front.

Ecol. Environ. 2010, 8, 27–34. [CrossRef]
4. Taiwan Forestry Bureau. Summary of the Fourth Forest Resources and Land Use Inventory in Taiwan; Taiwan

Forestry Bureau: Taipei, Taiwan, 2017; p. 78.
5. Cole, R.J.; Holl, K.D.; Keene, C.L.; Zahawi, R.A. Direct seeding of late-successional trees to restore tropical

montane forest. For. Ecol. Manag. 2011, 261, 1590–1597. [CrossRef]
6. Doust, S.J.; Erskine, P.D.; Lamb, D. Restoring rainforest species by direct seeding: Tree seedling establishment

and growth performance on degraded land in the wet tropics of Australia. For. Ecol. Manag. 2008, 256,
1178–1188. [CrossRef]

7. Löf, M.; Birkedal, M. Direct seeding of Quercus robur L. for reforestation: The influence of mechanical site
preparation and sowing date on early growth of seedlings. For. Ecol. Manag. 2009, 258, 704–711. [CrossRef]

8. Schmidt, L. A Review of Direct Sowing versus Planting in Tropical Afforestation and Land Rehabilitation;
Development and Environment Series 10-2008; Forest & Landscape Denmark: Copenhagen, Denmark,
2008; p. 38. ISBN 978-87-7903-328-3.

9. Zahawi, R.A.; Holl, K.D. Comparing the performance of tree stakes and seedlings to restore abandoned
tropical pastures. Restor. Ecol. 2009, 17, 854–864. [CrossRef]

10. Fenner, M.; Thompson, K. The Ecology of Seeds, 2nd ed.; Cambridge University Press: Cambridge, UK, 2005;
p. 250. ISBN 0521653681.

11. Leck, M.A.; Parker, V.T.; Simpson, R.L. Seedling Ecology and Evolution, 1st ed.; Cambridge University Press:
Cambridge, UK, 2008; p. 534. ISBN 9780521694667.

12. Beckage, B.; Clark, J.S.; Clinton, B.D.; Haines, B.L. A long-term study of tree seedling recruitment in southern
Appalachian forests: The effects of canopy gaps and shrub understories. Can. J. For. Res. 2011, 30, 1617–1631.
[CrossRef]

13. Doust, S.J.; Erskine, P.D.; Lamb, D. Direct seeding to restore rainforest species: Microsite effects on the early
establishment and growth of rainforest tree seedlings on degraded land in the wet tropics of Australia.
For. Ecol. Manag. 2006, 234, 333–343. [CrossRef]

14. Augspurger, C.K. Light requirements of neotropical tree seedlings—A comparative-study of growth and
survival. J. Ecol. 1984, 72, 777–795. [CrossRef]

15. Brokaw, N.; Busing, R.T. Niche versus chance and tree diversity in forest gaps. Trends Ecol. Evol. 2000, 15,
183–188. [CrossRef]

15



Forests 2018, 9, 3

16. Masaki, T.; Osumi, K.; Takahashi, K.; Hoshizaki, K.; Matsune, K.; Suzuki, W. Effects of microenvironmental
heterogeneity on the seed-to-seedling process and tree coexistence in a riparian forest. Ecol. Res. 2007, 22,
724–734. [CrossRef]

17. Blanco, J.A.; Imbert, J.B.; Castillo, F.J. Effects of thinning on nutrient pools in two contrasting Pinus sylvestris

L. forests in the western Pyrenees. Scand. J. For. Res. 2006, 21, 143–150. [CrossRef]
18. Smit, C.; Gusberti, M.; Mueller-Schaerer, H. Safe for saplings; safe for seeds? For. Ecol. Manag. 2006, 237,

471–477. [CrossRef]
19. Li, Y.-T. Restoration of a Plantation Forest to Native Broadleaved Vegetation: Indentifying and Alleviating

Establishment Limitations. Master’s Thesis, National Taiwan University, Taipei, Taiwan, 2013.
20. Lo, Y.-H.; Lin, Y.-C.; Blanco, J.A.; Yu, C.-H.; Guan, B.T. Moving from ecological conservation to restoration:

An example from central Taiwan, Asia. In Forest Ecosystems: More Than Just Trees; Blanco, J.A., Lo, Y.-H., Eds.;
InTech: Rijeka, Croatia, 2012; pp. 339–354. ISBN 978-953-307-667-6.

21. Wood, S.N. Generalized Additive Models: An Introduction with R; Chapman and Hall/CRC: Boca Raton, FL,
USA, 2006; p. 476. ISBN 9781498728331.

22. R Development Core Team. R: A Language and Environment for Statistical Computing; R Foundation for
Statistical Computing: Vienna, Austria, 2011; ISBN 3-900051-07-0. Available online: http://www.R-project.
org/ (accessed on 10 November 2017).

23. Boman, J.S.; Casper, B.B. Differential postdispersal seed predation in disturbed and intact temperate forest.
Am. Midl. Nat. 1995, 134, 107–116. [CrossRef]

24. Schnurr, J.L.; Canham, C.D.; Ostfeld, R.S.; Inouye, R.S. Neighborhood analyses of small-mammal dynamics:
Impacts on seed predation and seedling establishment. Ecology 2004, 85, 741–755. [CrossRef]

25. Chambers, J.C.; MacMahon, J.A. A day in the life of a seed: Movements and fates of seeds and their
implications for natural and managed systems. Ann. Rev. Ecol. Syst. 1994, 25, 263–292. [CrossRef]

26. Den Ouden, J.; Jansen, P.A.; Smit, R. Jays, mice and oaks: Predation and dispersal of Quercus robur and Q.

petraea in north-western Europe. In Seed Fate: Predation, Dispersal and Seedling Establishment; Forget, P.M.,
Lambert, J.E., Hulme, P.E., vander Wall, S.B., Eds.; CABI Publishing: Wallingford, UK, 2005; pp. 223–240.
ISBN 0851998062.

27. Hulme, P.E.; Kollmann, J. Seed predator guilds, spatial variation in post-dispersal seed predation and
potential effects on plant demography—A temperate perspective. In Seed Fate: Predation, Dispersal and

Seedling Establishment; Forget, P.M., Lambert, J.E., Hulme, P.E., vander Wall, S.B., Eds.; CABI Publishing:
Wallingford, UK, 2005; pp. 9–30. ISBN 0851998062.

28. Tamura, N.; Katsuki, T. Walnut seed dispersal: Mixed effects of tree squirrels and field mice with different
hoarding ability. In Seed Fate: Predation, Dispersal and Seedling Establishment; Forget, P.M., Lambert, J.E.,
Hulme, P.E., vander Wall, S.B., Eds.; CABI publishing: Wallingford, UK, 2005; pp. 241–252. ISBN 0851998062.

29. Schupp, E.W.; Milleron, T.; Russo, S.E. Dissemination limitation and the origin and maintenance of
species-rich tropical forests. In Seed Dispersal and Frugivory: Ecology, Evolution and Conservation; Levey, D.J.,
Silva, W.R., Galetti, M., Eds.; CABI International: Wallingford, UK, 2002; pp. 19–34. ISBN 085199525X.

30. González-Rodríguez, V.; Villar, R. Post-dispersal seed removal in four Mediterranean oaks: Species and
microhabitat selection differ depending on large herbivore activity. Ecol. Res. 2012, 27, 587–594. [CrossRef]

31. Tsai, J.-W.; Yuan, H.-W.; Tsai, P.-Y.; Lee, S.-Y.; Ding, T.-S.; Hong, C.-H. Effects of thinning on bird community
and spinous country-rat (Niviventer coxingi) population in china-fir (Cunninghamia lanceolata) plantations.
Q. J. Chin. For. 2010, 43, 367–382.

32. Li, L.-L. 1981 A Study on the Behavior of Red-bellied Squirrel (Callosciurus erythraeus). Master’s Thesis,
National Taiwan University, Taipei, Taiwan, 1981.

33. Zhang, Z.-B.; Xiao, Z.-S.; Li, H.-J. Impact of small rodents on tree seeds in temperate and subtropical forests,
China. In Seed Fate: Predation, Dispersal and Seedling Establishment; Forget, P.M., Lambert, J.E., Hulme, P.E.,
Vander Wall, S.B., Eds.; CABI publishing: Wallingford, UK, 2005; pp. 269–282. ISBN 0851998062.

34. Vander Wall, S.B. Seed fate pathways of antelope bitterbrush: Dispersal by seed-caching yellow pine
chipmunks. Ecology 1994, 75, 1911–1926. [CrossRef]

35. Xiao, Z.; Zhang, Z.; Wang, Y. Effects of enclosure protection and seed burial on direct seeding of nut-bearing
trees. Biodivers. Sci. 2005, 13, 520–526. [CrossRef]

16



Forests 2018, 9, 3

36. Chang, C.T. Microenvironmental Variation, Seed Germination and Seedling Growth under Different Canopy
Openness in a Sugi (Cryptomeria japonica) Plantation at Shitou, Central Taiwan. Master’s Thesis, National
Taiwan University, Taipei, Taiwan, 2007.

37. Löf, M.; Bergquist, J.; Brunet, J.; Karlsson, M.; Welander, N.T. Conversion of Norway spruce stands to
broadleaved woodland-regeneration systems, fencing and performance of planted seedlings. Ecol. Bull.

2010, 53, 165–173.
38. Xiao, Z.S.; Zhang, Z.B.; Wang, Y.S. Dispersal and germination of big and small nuts of Quercus Serrata in a

subtropical broad-leaved evergreen forest. For. Ecol. Manag. 2004, 195, 141–150. [CrossRef]
39. Xiao, Z.S.; Zhang, Z.B.; Wang, Y.S. Effects of seed size on dispersal distance in five rodent-dispersed

Fagaceous species. Acta Oecol. 2005, 28, 221–229. [CrossRef]
40. Birkedal, M.; Löf, M.; Olsson, G.E.; Bergsten, U. Effects of granivorous rodents on direct seeding of oak and

beech in relation to site preparation and sowing date. For. Ecol. Manag. 2010, 259, 2382–2389. [CrossRef]
41. Savadogo, P.; Tigabu, M.; Oden, P.C. Restoration of former grazing lands in the highlands of Laos using

direct seeding of four native tree species. Mt. Res. Dev. 2010, 30, 232–243. [CrossRef]
42. Huang, I.-C.; Chen, I.-Z.; Lu, S.-Y.; Chang, K.-S. Effects of chilling stratification, scarification and

excised-embryo on seed germination of Lithocarpus lepidocarpus Hayata. J. Chin. Soc. Hortic. Sci. 2004,
50, 515–520.

43. Crocker, D.R.; Scanlon, C.B.; Perry, S.M. Repellency and Choice: Feeding responses of wild rats (Rattus

norvegicus) to cinnamic acid derivatives. Appl. Anim. Behav. Sci. 1993, 38, 61–66. [CrossRef]
44. Gurney, J.E.; Watkins, R.W.; Gill, E.L.; Cowan, D.P. Non-lethal mouse repellents: Evaluation of cinnamamide

as a repellent against commensal and field Rodents. Appl. Anim. Behav. Sci. 1996, 49, 353–363. [CrossRef]
45. Lee, H.K.; Lee, H.S.; Ahn, Y.J. Antignawing factor derived from Cinnamomum Cassia bark against mice.

J. Chem. Ecol. 1999, 25, 1131–1139. [CrossRef]
46. Chao, J.-T.; Fang, K.-Y.; Koh, C.-N.; Chen, Y.-M.; Yeh, W.-C. Feeding on plants by the red-bellied tree squirrel

Callosciurus erythraeus in Taipei Botanical Garden. Bull. Taiwan For. Res. Inst. 1993, 8, 39–50.
47. Liu, Y.-F. A Study on the Population and Habitat Use of the Red-bellied Squirrel (Callosciurus erythraeus)

in Nanjenshan Area. Master’s Thesis, National Pingtung University of Science and Technology, Pingtung,
Taiwan, 2003.

48. Li, H.J.; Zhang, Z.B. Effect of rodents on acorn dispersal and survival of the Liaodong oak (Quercus

liaotungensis Koidz.). For. Ecol. Manag. 2003, 176, 387–396. [CrossRef]
49. Birkedal, M.; Fischer, A.; Karlsson, M.; Löf, M.; Madsen, P. Rodent impact on establishment of direct-seeded

Fagus sylvatica, Quercus robur and Quercus petraea on forest land. Scand. J. For. Res. 2009, 24, 298–307.
[CrossRef]

50. Buckley, D.A.; Sharik, T.L. Effect of overstorey and understorey vegetation treatments on removal of planted
northern red oak acorns by rodents. North. J. Appl. For. 2002, 19, 88–92.

51. Blanco, J.A.; Welham, C.; Kimmins, J.P.; Seely, B.; Mailly, D. Guidelines for modeling natural regeneration in
boreal forests. For. Chron. 2009, 85, 427–439. [CrossRef]

52. Liu, T.-Y.; Lin, K.-C.; Vadeboncoeur, M.A.; Chen, M.-A.; Huang, M.-Y.; Lin, T.C. Undersotey plant community
and ligth availability in conifer plantations and natural hardwood forests in Taiwan. Appl. Veg. Sci. 2015, 18,
591–602. [CrossRef]

53. Bi, J.; Blanco, J.A.; Kimmins, J.P.; Ding, Y.; Seely, B.; Welham, C. Yield decline in Chinese fir plantations:
A simulation investigation with implications for model complexity. Can. J. For. Res. 2007, 37, 1615–1630.
[CrossRef]

© 2018 by the authors. Licensee MDPI, Basel, Switzerland. This article is an open access
article distributed under the terms and conditions of the Creative Commons Attribution
(CC BY) license (http://creativecommons.org/licenses/by/4.0/).

17



Article

Black Plastic Mulch or Herbicide to Accelerate Bur
Oak, Black Walnut, and White Pine Growth in
Agricultural Riparian Buffers?

Benoit Truax 1,*, Julien Fortier 1, Daniel Gagnon 1,2 and France Lambert 1

1 Fiducie de Recherche sur la Forêt des Cantons-de-l’Est/Eastern Townships Forest Research Trust,
1 rue Principale, Saint-Benoît-du-Lac, QC J0B 2M0, Canada; fortier.ju@gmail.com (J.F.);
daniel.gagnon@uregina.ca (D.G.); france.lambert@frfce.qc.ca (F.L.)

2 Department of Biology, University of Regina, 3737 Wascana Parkway, Regina, SK S4S 0A2, Canada
* Correspondence: btruax@frfce.qc.ca; Tel.: +1-819-821-8377

Received: 10 April 2018; Accepted: 7 May 2018; Published: 10 May 2018

Abstract: This study was conducted in a riparian buffer bordering a 1 km segment of a headwater
stream crossing a pasture site located in southern Québec (Canada). Three species were planted
(black walnut (Juglans nigra L.), bur oak (Quercus macrocarpa Michx.), and eastern white pine
(Pinus strobus L.)) with three vegetation treatments (control, herbicide (one application/year for
3 years), and black plastic mulch)). The main objective was to determine to which extent herbicide
and plastic mulch, used with species having different ecological characteristics, affect tree growth
and soil nutrient status in riparian buffers. Survival was high (>93%) for all species in all treatments.
In the control (no vegetation treatment), growth was similar among species. Black walnut had the
strongest growth response to herbicide and plastic mulch, and white pine had the weakest. For all
species, growth was similar in the herbicide and the plastic mulch treatments. During the fifth
growing season, plastic mulch increased soil nitrate and phosphorus compared to the herbicide
treatment. In the plastic mulch treatment, higher soil nitrate supply was observed for species that
preferentially uptake ammonium (black walnut and white pine). Soil nutrient supplies were similar
between the control and herbicide treatments. Despite the more favorable nutritional conditions it
provides, permanent black plastic mulching does not provide higher growth benefits after 5 years
than a 3-year herbicide treatment. The high soil nitrate supply observed in mulched black walnut and
mulched white pine may indicate a limited capacity for nitrate phytoremediation by these species.

Keywords: agroforestry; riparian forest restoration; hardwoods; Juglans nigra; Quercus macrocarpa;
Pinus strobus; vegetation management; weed control; nitrate; phosphorus

1. Introduction

During the last decades, many countries have developed policies and programs to stimulate
the protection and the establishment of forest riparian buffers on farmland [1,2]. Such buffers can
reduce the load of many aquatic pollutants (nitrate, phosphorus, pesticides, sediments, pathogens),
while providing stream shading, streambank stabilisation, and flood protection [3–5]. Tree riparian
buffers are also keystone landscape components for terrestrial, amphibian, and aquatic biodiversity
because they provide habitat, shelter, food sources, and movement corridors for many species within
agroecosystems [6–9].

Ecosystem services provide by riparian buffers can be improved by planting high-value hardwood
species that produce edible nuts or acorns [10,11]. Many of these species have high light, water, and
nutrient requirements to achieve optimal growth [12]. Hence, the large amount of deforested riparian
land available along pastures and crop fields [13,14] provides tremendous opportunity to reintroduce
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nut producing hardwoods. The inclusion of conifers in riparian buffers can also improve their
multi-functionality [15], as conifers provide a year-round shelter for bird and mammal species [16].

Although the selection of tree species has important implications for the provision of ecosystem
services in riparian buffers, little information is available on the establishment success of different
species in farmland riparian habitats. Most often, one or more sylvicultural treatments are needed
to improve tree survival and growth in riparian zones [11,17,18]. Vegetation management (weed
control) is especially needed when the site is dominated by a dense cover of grasses, which compete
strongly with trees for water and nutrients [19]. On sites dominated by a tall herbaceous vegetation
cover (i.e., forbs) or shrubs, vegetation management can also be used to increase light availability [20].
Among vegetation management strategies, herbicide application and black plastic (polyethylene)
mulching have been widely used in planted buffers [10,15,21,22]. Herbicide and black plastic mulch
are both known to enhance angiosperm and gymnosperm growth by locally creating a weed-free
plantation environment where soil temperature, humidity, nitrogen (N) mineralisation, and nitrate
(NO3) availability are increased [23–27]. Because of its absorptive and transmittance properties, black
plastic mulch also increases air temperature locally [28], which may positively affect photosynthetic
capacity in seedlings of temperate species [29].

Despite the benefits they provide, it is unclear which of plastic mulching or herbicide is the best
treatment to enhance tree growth and survival in riparian buffers and other types of agroforestry
systems [30]. Sometimes, growth response to one or the other treatment differed between species, as
seen in abandoned farmland and riparian afforestation trials [11,23,31,32]. Change in the magnitude
of the growth response to a given vegetation management treatment is also expected when species
with contrasting ecologies are compared [11]. For example, white pine (Pinus strobus L.), which has
low nutrient requirements [16], was less responsive to plastic mulch than deciduous species [15].
Species-specific feedbacks on riparian soil NO3 can also occur depending on the species used in
combination with black plastic mulch [15]. A much higher NO3 supply was found in the soil
underneath mulched white pine and red oak (Quercus rubra L.) [15], which are known to preferentially
uptake soil ammonium (NH4) [33–36]. Such species feedback on soil NO3 observed in mulched trees
requires further investigation because many riparian buffers are planted to reduce NO3 pollution,
which greatly accelerates stream eutrophication [3,37].

An important distinction between herbicide and black plastic mulch is related to the duration
of their effects on the growth environment. Once an herbicide treatment is stopped, the regrowth of
herbaceous vegetation is generally spontaneous and rapid [20]. In riparian buffers, such vegetation
cover has important functions for NO3 pollution mitigation because ruderal herbaceous species
naturally growing in riparian buffers are often nitrophilous and their capacity to immobilize N in
plant biomass is relatively high (up to 150 kg N/ha) during the summer [35,38–40]. Conversely,
plastic mulch generally remains on plantation sites for decades because of the lack of biodegradability
of the petroleum-based commercial mulches [41]. Thus, the effects of plastic mulch on the growth
environment and on vegetation cover are longer-lasting compared to an herbicide treatment that would
be stopped once trees were properly established. Consequently, the use of a vegetation treatment that
allows the regrowth of herbaceous vegetation underneath trees (e.g., herbicide) is expected to have a
long-term effect on reducing soil NO3 supply, thus reducing its potential leaching into streams.

This farm-scale study was conducted along a 1 km segment of a headwater stream crossing a
high fertility pasture site located in southern Québec (southeastern Canada). Two nut producing
hardwoods (black walnut (Juglans nigra L.) and bur oak (Quercus macrocarpa Michx.)) and eastern white
pine were planted in an experimental design with three vegetation treatments (a control treatment,
an herbicide treatment (one application per year for 3 years), and a permanent black plastic mulch
treatment). The first objective of this study was to evaluate which vegetation treatment is the best to
enhance the survival and growth of the three species in a riparian buffer. The second objective was
to determine to which extent herbicide and plastic mulch used in combination with species having
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different nutritional requirements and ecological characteristics affect nutrient status in riparian soil
once trees are well-established (fifth growing season).

In this study, four hypotheses are tested: (1) because of its longer-lasting effect on the growing
environment, black plastic mulch will be more effective than the herbicide to improve soil NO3 status
and the growth of all species; (2) because of its low nutrient requirements, white pine will be less
responsive to both vegetation management treatments than black walnut and bur oak; (3) in the plastic
mulch treatment, the highest NO3 supply rate will be observed for white pine and black walnut, which
preferentially uptake NH4 [33,42]; (4) similar NO3 supply rates will be observed at 5 years in the
control and herbicide treatments.

2. Materials and Methods

2.1. Site Description

The study took place at the Carocel farm (45◦29′53.61” N; 71◦59′1.36” W) located in the
municipality of Sherbrooke (Bromptonville Borough), which is part of the Estrie administrative
region of southern Québec (southeastern Canada). Gentle slopes characterize the site and the regional
topography [43]. The study site is within the sugar maple–basswood ecoregion, which is part of the
broader northern hardwoods forest ecosystem [43,44]. The regional climate is a continental sub-humid
moderate climate, with a growing season of 180–190 days [43], mean annual precipitation of 1145 mm,
and a mean annual temperature of 5.6 ◦C [45]. The soil at the study site has developed on glacial
outwash, deposited over lacustrine clay and is generally well-drained [46]. In the 0–60 cm depth range,
soil pH ranged 5.7–6.4, soil texture varied within the loam soil class (loam, silty loam, sandy clay loam),
and the soil is free of large stones [47].

The riparian buffer was established in spring 2010 along a 1 km segment of a small farm stream
draining into the Saint-François River. The stream has been subjected to channel reconfiguration
and streambank deforestation. A mean stream width of 1.6–2.0 m and a mean depth of 0.20 m were
previously recorded at the study site during summer [48]. The land use adjacent to the riparian buffer
is a pasture that is annually fertilized with cattle manure. This pasture supports a cattle density of
approximately 0.6 cattle/ha (M. Beauregard, pers. comm.). Prior to the installation of stream fences in
2009, the livestock had full access to the stream and riparian zone, which substantially altered channel
morphology and contributed to water quality degradation (B. Truax and J. Fortier, field observations).
Mostly warm water fish species, tolerant of water pollution are found in this headwater stream [48].
Prior to the buffer establishment, the vegetation cover was dominated by herbaceous species (mostly
pasture grasses and other ruderal species [39]), and was repeatedly grazed by the livestock. Following
buffer establishment and fencing, the height of the herbaceous cover ranged 20–50 cm at its maximum
development stage during the summer.

2.2. Experimental Design

In May 2010, a randomized block design was established to test the effect of tree species and
vegetation treatment on tree growth and the dynamics of soil elements. Three vegetation treatments
(control, herbicide, black plastic mulch) and three species (black walnut, bur oak, white pine), replicated
in six blocks, were used in this factorial experiment. The experimental design contains 54 plots
(3 Species × 3 Vegetation treatments × 6 blocks). Each block contains nine contiguous experimental
plots. Each plot contains a single Species/Vegetation treatment combination. Each plot measures
4.5 × 4.5 m (20.5 m2/plot) and contains nine trees planted with a square spacing of 1.5 × 1.5 m
(2.25 m2/tree). Each block measured 40.5 m in length (parallel to the stream) by 4.5 m of width
(perpendicular to the stream). Topographically, all blocks were placed in areas presenting relatively
homogeneous soil and no signs of inadequate drainage. All blocks were located outside of the bankfull
stage (above the top of the streambank), but inside the floodplain zone. For the entire experimental
design, a total of 486 trees were planted along three rows parallel to the stream.
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Blocks were spatially separated along a 1 km stream segment in order to maximize environmental
variability at the site level. Between blocks, buffer zones were planted to create a continuous linear
tree structure in the riparian zone, thereby reducing edge effects on trees located at the ends of blocks.
These buffer zones contained the same tree species that were positioned in the first and last plots in a
block and they were planted with the same spacing used in the experimental plots. Along all blocks,
one row of hybrid willows (Salix × spp.) was planted outside the experimental design, between the
top and the toe of the streambank (in the active stream channel zone). These willows were planted to
enhance streambank stabilization and to eventually create an overhanging canopy structure above
the stream, which provides stream shading and allochthonous inputs of organic matter and terrestrial
insect preys [9,49,50]. Livestock was also excluded from the riparian buffer over the entire study
duration with electrical fence wires that were installed in summer 2009. At the pasture edge of the
experimental design, the fence was located at about 1.5–2.0 m from the first row of trees. A schematic
representation of an experimental plot, where a vegetation treatment was applied, is shown in Figure 1.

 

Figure 1. Schematic representation of an experimental plot for a single tree species (4.5 m × 4.5 m)
that received a vegetation treatment (herbicide or plastic mulch). The plot is located in the floodplain
zone and it contains nine trees (white circles) and a single vegetation treatment applied on each row on
a 1.2 m wide strip (grey rectangles). Spacing between trees is 1.5 m × 1.5 m. Small black rectangles
indicate the positioning of each pair of Plant Root Simulator (PRS)-probes ion exchange membranes.
Hybrid willows (white diamonds) were planted between the top and toe of the streambank, outside the
experimental plot.

All trees were planted manually with a shovel, directly through the herbaceous vegetation. No site
preparation was done prior to planting. The herbicide (glyphosate) and the plastic mulch treatment
were applied in 1.2 m wide strips on each of the three tree rows. The plastic mulch was installed
shortly after tree planting (in mid-May 2010). Black plastic mulch strips (0.06 mm thick) were installed
manually and pinned down with large wooden pegs. Rocks found nearby were used to maintain the
mulch close to soil surface. Black plastic mulch rolls were purchased from Dubois Agrinovation Inc.
(Napierville, QC, Canada). The plastic mulch strips remained on site for the entire duration of the study
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(2010–2014). The herbicide application was done once in mid-June of the first three growing seasons
(2010, 2011, 2012). The herbicide was manually applied with a backpack sprayer and a cardboard tube
was used to protect trees against drift.

The tree species used in this study were selected for their contrasted ecological characteristics.
Black walnut is a naturalized hardwood species (native to southern Ontario, Canada) that mainly
grows on well-drained bottomland sites [51]. Bur oak is a native hardwood species in the study area
that mainly grows in bottomlands and on riparian sites experiencing short flood events [51]. White pine
is a ubiquitous native species in the study area [51]. Characteristics of planted species are presented in
Table 1. One-year-old bare-root seedlings were used for black walnut (1-0), two-year-old bare-root
seedlings were used for bur oak (2-0), and two-year-old container seedlings were used for white
pine (2-0). Height of seedlings at planting was 40 cm for black walnut, 44 cm for bur oak, and 21 cm
for white pine. Seedlings were provided by the Berthier nursery (Sainte-Geneviève-de-Berthier, QC,
Canada) of the Ministère des Forêts, de la Faune et des Parcs (MFFP) of Québec.

Table 1. Ecological characteristics of the studied species.

Common
Name

Habitat Range
Site Fertility

Class
Early

Growth
Shade

Tolerance
N-Form

Preference
Successional

Status
Flood

Tolerance

Black
walnut 1

Well-drained
bottomlands

High
Moderatly

fast
Low NH4 Early Low

Bur oak 1
Bottomlands,

riparian zones, and
dry calcareous sites

High
Slow to

moderate
Low to

intermediate
NO3:NH4 Early Intermediate

White pine 1
All types of sites

ranging from rocky
hill top to peatland

Low to
moderate

Slow to
moderate

Intermediate NH4 Mid Low

1 References for black walnut [42,51–53], for bur oak [23,54], and for white pine [16,33,36,51].

2.3. Measurement of Soil Nutrient Dynamics

In each experimental plot (n = 54), the dynamics (supply rate) of soil nutrients
(NO3, NH4, P, calcium (Ca), magnesium (Mg), and sulfur (S)) was determined using Plant
Root Simulator (PRSTM-Probes) technology from Western Ag Innovations Inc. (Saskatoon, SK,
Canada). The PRS-probes are a type of ion exchange membrane encapsulated in thin plastic
probes. The membrane’s surface exhibits sorption characteristics similar to those of a plant root.
Nutrient supply rates measured with this method are strongly correlated with conventional soil
extraction methods over a wide range of soil types [55], including the agricultural buffer soils of
the study area [56]. This technology was also useful in understanding the effect of different tree
species/vegetation treatment combinations on NO3 dynamics in a riparian buffer located on another
stream 30 km south [15].

On 21 June of the fifth growing season (2014), three pairs of probes (an anion and a cation probe
in each pair) were buried in each experimental plot for a 30-day period. The PRS-probes were inserted
vertically in the shallow soil (0–10 cm, A horizon) with little disturbance of soil structure. Within a
plot, each pair of probes was placed on each of the three tree rows, equidistant between two trees of
the same row (Figure 1). On 21 July, probes were removed from the soil, washed in the field with
distilled water, and returned to Western Ag Labs for analysis. Plot-level composite samples were made
by combining the three pairs of probes collected in each plot. Probe supply rates are reported as µg of
nutrient per 10 cm2 per 30 days.

2.4. Growth and Survival Measurements

At the end of the second, third, fourth, and fifth growing seasons (late October 2011–2014),
total tree height, basal diameter, and, when possible, diameter at breast height (DBH at 1.3 m) were
measured for each tree of the experimental design. A digital caliper was used to make diameter
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measurements (mean of two diameter measurements taken perpendicularly). Stem volume outside
the bark was then calculated for two tree categories, those having no DBH and those having a DBH
value. For trees with no DBH, the simple cone volume formula was used [57]:

V = π DB
2H/12 (1)

where V is the stem volume (cm3), DB is the basal diameter (cm), and H is the tree height (cm). For trees
with a DBH value, the stem volume was measured by summing the volume of two stem sections:
(1) from basal diameter to DBH and (2) from DBH to tree tip. For stem Section 2, Equation (1) was
used, but DB was replaced by a DBH value and H was replaced by the height of the stem section from
DBH to the tree tip. For stem Section 1, the following formula was used [58]:

V = π/12(D1
2 + D2

2 + D1D2) L (2)

where, V is the volume (cm3) of a stem section, D1 is the base diameter (cm) of the stem section, D2 is
the diameter (cm) at the top of the stem section, and L is the length (or height) of the stem section.
Thus, the volume of stem section 1 was measured by replacing D1 by a basal diameter value, D2 by a
DBH value, and L by 130 cm in Equation (2).

2.5. Statistical Analyses

Main effects (Tree species and Vegetation treatment) and interaction effects (Tree species ×
Vegetation treatment) on measured variables were analyzed using analysis of variance (ANOVA) in a
fixed factorial design [59]. Degrees of freedom were the following: Total, 53; Tree species, 2; Vegetation
treatment, 2; Tree species × Vegetation treatment, 4; Block, 5; Error, 40. All of the ANOVAs were
run with the complete set of data (3 species × 3 vegetation treatments × 6 blocks = 54 experimental
plots). Being proportions, survival data were logit transformed prior to ANOVA [60], but survival rate
results are reported in percent values. Main effects or interaction effects were declared statistically
significant for four levels of significance (p < 0.1, p < 0.05, p < 0.01, and p < 0.001). The standard error
of the difference (SED) was used to separate means [59]. Based on the number of degrees of freedom
in this study, this mean separation method is equivalent to the least significant difference test (LSD)
at an alpha level of 0.05 [59]. A priori contrasts were further used to test specific hypotheses between
particular sets of means [59,61,62]. Contrasts are more powerful than pairwise a posteriori tests and can
be used whether or not the F-test of the ANOVA is significant [59]. Using stem volume data collected
after two, three, four, and five growing seasons, a multivariate analysis of variance (MANOVA) was
used to test the Time factor and its interaction with other effects tested in this study [62]. The Pillai’s
trace test-statistic was used to declare significant effects (Time; Time × Tree species; Time × Vegetation
treatment; Time × Tree species × Vegetation treatment). Finally, pairwise correlations were used to
identify significant correlations between soil nutrient supply rate (NO3, NH4, P, Ca, K, and Mg) and
stem volume growth after 5 years. All statistical analyses were done using JMP 11 from SAS Institute
(Cary, NC, USA).

3. Results

3.1. Soil Nutrient Dynamics

A nearly significant Tree species × Vegetation treatment interaction (p = 0.11) was observed on
NO3 supply rate, with the highest values observed for black walnut and white pine in the mulch
treatment (Figure 2). Contrast analysis further suggests that in the plastic mulch treatment, species that
preferentially uptake NH4 (black walnut and white pine) were associated with a significantly higher
NO3 supply rate than bur oak (p < 0.01) (Table 2). The Vegetation treatment effect was significant
on the supply rate of several soil elements (Table 3). The strongest effect was observed for soil NO3

(p < 0.001), with the plastic mulch treatment having significantly higher soil NO3 compared to the
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herbicide treatment (p < 0.01) (Table 2). Despite that NO3 supply rate was found to be slightly higher
in the herbicide vs. the control treatment, this difference was not significant (p = 0.37) (Table 2). The P
supply rate was 64.3% higher in the mulch treatment compared to the herbicide treatment, but this
difference was nearly significant (p = 0.11) (Table 3). A significant Vegetation treatment effect was
observed for soil supply of S (p < 0.01) and Ca (p < 0.05). For those nutrients, the observed values in
the plastic mulch treatment were significantly higher than in the control treatment (Table 3). However,
when the mulch treatment was compared to the herbicide treatment for those elements, only the S
supply rate was found to be significantly higher in the mulch treatment. Overall, few differences in
soil nutrient dynamics were observed between the herbicide and the control treatment, while highest
nutrient supply values were mainly found in the plastic mulch treatment.

Figure 2. Species × Vegetation treatment interaction for soil NO3 supply rate (p = 0.11) measured for
30 days (21 June to 21 July) of the fifth growing season in an agricultural riparian buffer. Vertical bars
represent standard error of the difference (SED).

Table 2. A priori contrasts for the analysis of variance (ANOVA) testing the effects of Species and
Vegetation treatment on soil NO3 supply rate measured during the fifth growing season.

Contrast Species Treatment 2
Black Walnut Bur Oak White Pine

p-Value
Cont. Herb. Mulch Cont. Herb. Mulch Cont. Herb. Mulch

(1) NH4 pref. 1

vs. oak
Mulch 0 0 −1 0 0 2 0 0 −1 <0.01

(2) All Mulch vs. Herb. 0 1 −1 0 1 −1 0 1 −1 <0.01
(3) All Herb. vs. Cont. 1 −1 0 1 −1 0 1 −1 0 0.37

1 Species having preference for NH4 uptake are white pine and black walnut. 2 Mulch = black plastic mulch;
Herb. = Herbicide; Cont. = Control.

Table 3. Vegetation treatment effect on the supply rate (µg/10 cm2/30 days) of various soil elements
measured during the fifth growing season in an agricultural riparian buffer.

Treatment NO3 NH4 P Ca K Mg S

Control 66.9 3.23 9.13 2049 201.0 434.4 53.9
Herbicide 87.6 2.67 7.72 2161 149.5 380.6 52.0

Plastic mulch 165.8 2.58 12.69 2292 175.4 375.4 83.4
SED 1 22.7 0.35 2.35 95 60.7 36.2 10.0

p-value <0.001 0.13 0.11 <0.05 0.70 0.21 <0.01
1 SED: standard error of the difference.

3.2. Tree Growth and Survival

After five growing seasons, survival rate was above 93% for all species across all treatments
(Figure 3). A significant Tree species effect was observed (p = 0.05), with bur oak having a significantly
higher survival rate than white pine. The MANOVA done on stem volume measured at the end of
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each of the last four growing seasons detected a significant Tree species × Vegetation treatment ×
Time interaction (p < 0.05) (Figure 4). In the control treatment, stem volume between the three species
remained within a relatively narrow range of values at the end of each growing season (21–39 cm3

after 2 years, 121–195 cm3 after 3 years, 400–605 cm3 after 4 years, and 1244–1541 cm3 after 5 years),
with the lowest volume always observed for white pine. However, in the herbicide and plastic mulch
treatments, a much wider range of stem volume values was observed between the three species across
the last 4 years. In the herbicide treatment, stem volume ranged 45–223 cm3 after 2 years, 251–1386 cm3

after 3 years, 705–3432 cm3 after 4 years, and 1871–6557 cm3 after 5 years, while in the plastic mulch
treatment, stem volume ranged 43–178 cm3 after 2 years, 312–1211 cm3 after 3 years, 979–2982 cm3

after 4 years, and 2340–6040 cm3 after 5 years. In the herbicide and mulch treatments, species ranking
for stem volume was always the same at the end of each growing season: black walnut > bur oak >
white pine. Also, for a given species, the variation in stem volume between the herbicide and plastic
mulch treatment was marginal from year 2 to year 5 (Figure 4).

More specifically, after five growing seasons, a significant Tree species × Vegetation treatment
interaction was observed on total height (p < 0.05), DBH (p < 0.05), and stem volume growth (p < 0.01)
(Figure 5). Furthermore, for all growth variables measured after 5 years (height, DBH, basal diameter,
and stem volume), main effects (Tree species and Vegetation treatment) were always highly significant
(p < 0.001). All of those growth indicators showed a positive response of each species to both vegetation
management treatments. However, the magnitude of the growth response varied between species,
with black walnut having the strongest response to vegetation treatments and white pine the weakest
(Figure 5, Table 4). Indeed, although stem volume of white pine was increased by 46% in the herbicide
treatment and by 88% in the plastic mulch treatment, its volume growth in those treatments was not
significantly different from the control treatment (p = 0.25) (Table 4). After 5 years, stem volume of black
walnut was 3.9–4.2 times higher in the vegetation treatments than in the control treatment, while for
bur oak stem volume was 2.4–2.7 times higher in the vegetation treatments than in the control. Yet,
at the species level, there were no statistical differences in any growth indicators when the herbicide
and the black plastic mulch treatments where compared after 5 years (Figure 5, Table 4). Finally, in the
black plastic mulch treatment, a strong negative relationship (R2 = 0.82, p < 0.05) between soil NO3

supply rate and stem volume growth was observed for white pine during the fifth growing season.

Figure 3. Species effect on survival rate (p = 0.05) in an agricultural riparian buffer. Vertical bars
represent standard error of the difference (SED).
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Figure 4. Stem volume per tree measured after 2, 3, 4, and 5 years of growth in an agricultural riparian
buffer. The Species × Vegetation treatment × Time interaction is significant at p < 0.05 according to
multivariate analysis of variance (MANOVA).

Figure 5. Species × Vegetation treatment interaction for growth variables measured at the end of the
fifth growing season in an agricultural riparian buffer: (a) total height (p < 0.05), (b) diameter at breast
height (DBH) (p < 0.05), and (c) stem volume per tree (p < 0.01). Vertical bars represent standard error
of the difference (SED).

Table 4. A priori contrasts for the ANOVA testing the effects of Species and Vegetation treatment on
stem volume after 5 years.

Contrast Species Treatment 1
Black Walnut Bur Oak White Pine

p-Values
Cont. Herb. Mulch Cont. Herb. Mulch Cont. Herb. Mulch

(1) B. walnut Veg. vs. Cont. 2 −1 −1 0 0 0 0 0 0 <0.001
(2) B. walnut Herb. vs. Mulch 0 −1 1 0 0 0 0 0 0 0.55
(3) B. oak Veg. vs. Cont. 0 0 0 2 −1 −1 0 0 0 <0.01
(4) B. oak Herb. vs. Mulch 0 0 0 0 −1 1 0 0 0 0.65
(5) W. pine Veg. vs. Cont. 0 0 0 0 0 0 2 −1 −1 0.25
(6) W. pine Herb. vs. Mulch 0 0 0 0 0 0 0 −1 1 0.54

1 Veg. = Vegetation treatments; Herb. = Herbicide; Cont. = Control.
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4. Discussion

4.1. Vegetation Treatments and Tree Species Affect Riparian Buffer Growth and Soil Nutrient Dynamics

The selection of the optimal vegetation treatment can greatly accelerate tree establishment and
growth in riparian buffers, and thus, reduce the amount of time needed to restore ecosystem services
and functions that are linked to the buffer’s structural attributes (habitats and movement corridors for
forest species, carbon and nutrient storage in woody biomass, flood and wind protection, pesticide drift
interception, stream shading, streambank stabilisation, etc.) [63]. We had hypothesized that superior
growth would be observed for all species in the plastic mulch treatment because this treatment
generally provides a longer-term increase in soil N availability compared to an herbicide treatment that
would be stopped after 3 years [15,64]. As expected, plastic mulch was more effective at maintaining
high soil NO3 supply over the long term (Tables 2 and 3). Furthermore, compared to the herbicide,
plastic mulch also increased the supply of P, another growth limiting nutrient [65], and the supply
of S, a secondary macronutrient important for the synthesis of some amino-acids and vitamins [66]
(Table 3). Although not measured in this study, permanent plastic mulching may also be superior to a
3-year herbicide treatment to increase soil and air temperatures, and soil moisture content over the
long term [67]. However, despite the more favorable growth conditions provided by the mulch, the
growth of all species was not statistically different between the herbicide and the mulch treatments
(Figure 5, Table 4). In the Canadian Prairies, herbicide and plastic mulch also provided similar growth
gains for four-year-old agroforestry trees belonging to various genera [30].

All studied species benefited from both vegetation treatments, but the magnitude of the growth
response was species-specific; a trend that became more and more evident over the years (Figure 4).
Hardwood species had the strongest growth response to the vegetation treatments and white pine had
the weakest (Figures 4 and 5), which supports our second hypothesis and previous observations made
in a nearby riparian buffer and in agroforestry systems of the Prairies [15,30]. In fact, stem volume,
height, and diameter growth were not statistically different between the three vegetation treatments
for white pine (Figure 5). Compared to most hardwood species, white pine has relatively low nutrient
requirements to achieve optimal growth [16], but also has a very effective N retention strategy, where N
losses through litter fall are minimized and N residence time in biomass is relatively long [68]. Such a
N cycling strategy allows white pine to colonise sites dominated by herbaceous species, even though
these species are strong competitors for mineral N in shallow soil [68]. Thus, vegetation management
is not essential for white pine establishment in riparian buffers.

On the other hand, for the studied hardwoods, the use of a vegetation treatment resulted in major
stem volume increases (292–325% for black walnut and 144–173% for bur oak). Hence, although all
species had comparable height, DBH, and stem volume growth after 5 years in the control treatment,
tree size varied considerably between species in the plastic mulch and in the herbicide treatments
(Figure 5). The strong growth response of black walnut to vegetation management is consistent with
previous observations within the Juglans genus [23,69–71]. Black walnut is especially sensitive to soil
conditions as it requires deep, well-drained, nearly neutral pH, moist and fertile soil to achieve optimal
growth [52]. Such favorable soil conditions were found at the study site (see Section 2.1). However,
without proper management of herbaceous competition, this species remains far from reaching optimal
growth conditions in agricultural riparian buffers (Figures 4 and 5). The same can be said about bur
oak, although this species is known for its good tolerance to herbaceous competition [15,54]. Bur oak
also has a more conservative early-growth pattern than black walnut [52,54] (Table 1), which can
explain its intermediate growth response to both vegetation treatments (Figures 4 and 5).

In agreement with our third hypothesis, and with previous findings near the study area [15],
results show that the use of black plastic mulch with tree species having a preference for NH4 uptake
(white pine and black walnut) [33,42] can highly increase the NO3 supply rate in riparian soils, even
on the longer term (Figure 2, Table 2). Thus, particular tree species/vegetation treatment combinations
may create undesirable effects on soil N, especially when the goal is to mitigate non-point source NO3
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pollution reaching farm streams. Thus, even though black walnut grew a larger stem volume than bur
oak in the plastic mulch treatment (Figure 5), the soil NO3 supply rate in mulched walnuts was about
two times higher than in mulched bur oaks (Figure 2). Such a result may appear counterintuitive given
that black walnut requires high soil fertility to reach its full growth potential [52,72]. Previous studies
have also reported reduced stand growth, accumulation of soil NO3, and NO3 leaching loss in
a mature Pinus plantation where a high dose of N fertilizer was applied for three consecutive
years [73]. Our observations are consistent with such growth decline in pine under elevated soil
NO3. Despite better growth of white pine in the plastic mulch treatment (Figure 5), a strong negative
correlation between soil NO3 supply and volume growth (R2 = 0.82, p < 0.05) was observed in mulched
pines (Figure 6). Thus, it is potentially not the higher soil NO3 supply that enhances white pine
growth in the plastic mulch treatment, but the higher soil P supply (Table 3). While N limitation is
the main factor controlling photosynthesis in deciduous species, P limitation may interact with N in
controlling peak photosynthetic capacity in white pine [74]. Also, under open field conditions, white
pine develops many branches close to the ground where air temperature is expected to be maximal in
the plastic mulch treatment. Such warmer air conditions would enhance the photosynthetic activity of
white pines [29].

As hypothesized, the NO3 supply rate measured during the fifth growing season was not
statistically different between the herbicide and control treatments (Figure 2 and Tables 2 and 3). Thus,
although herbicide treatments generally enhance soil NO3 during the year of application [24], they have
little residual effects on soil NO3 dynamics in the subsequent years. The regrowth of herbaceous
vegetation underneath trees in the herbicide treatment after the last application (third growing season)
may explain such a result (Figure 7). Most herbaceous plants found in the agricultural riparian zone
of the study site are ruderal plants [39], which are well-known for their high capacity to uptake soil
NO3 [35]. In a previous study, soil NO3 supply rate did not differ significantly in the control treatment
(no vegetation management) between five different tree species with contrasted growth rates and
nutritional requirements [15], a finding corroborated by this study (Figure 2). Recent evidence also
suggests that herbaceous plants are more effective than trees at reducing NO3 leaching in agricultural
riparian zones [40].

 

Figure 6. Negative relationship between soil NO3 supply rate and stem volume growth after five
growing seasons for white pine in the black plastic mulch treatment (n = 6). The solid line represents a
linear least-square regression.

After 5 years, a very high survival rate (>93%) was achieved by all species (Figure 3) and the use
of a vegetation treatment was not a significant factor affecting survival (p = 0.18), as equally observed
by Sweeney and Czapka [11] in a floodplain ecosystem. Tree species selection is sometimes more
important to increase survival rate than the use of vegetation treatments [75]. However, in other
riparian afforestation studies, where survival rates were low, competing vegetation management was
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a determining factor affecting tree survival [18,31]. High survival rates were potentially linked to the
high soil fertility and the good soil moisture conditions that characterised the studied riparian zone,
which has a good hydrological connectivity with the stream (B. Truax and J. Fortier, field observations).
The presence of electric fence wires along the stream corridor may have equally reduced herbivory
by the white-tailed deer (Odocoileus virginianus Zimm.), which has become a serious problem for
hardwood and white pine regeneration regionally [76]. Also, the species selected for this study may
have contributed to obtaining high survival rates, even in the control treatment. White pine has
a high capacity to invade sites dominated by herbaceous plants [68], while black walnut and bur
oak, two early-successional species of bottomlands, rapidly form a deep tap root, which increases
establishment success in environments dominated by shallow-rooted herbaceous plants [52,77].
However, over the years, growth stagnation related to N limitation may occur for black walnut
in the control treatment, as observed in field plantations receiving only a few years of vegetation
management [70].

 

Figure 7. During the fifth growing season (June 2014), a dense herbaceous vegetation cover is
observed underneath black walnut in the control treatment (a) and in the herbicide treatment (b).
Permanent black plastic mulch treatment (c) restricts herbaceous vegetation growth over the long-term
(photo taken after mulch installation around white pines in May 2010).

4.2. Selecting a Vegetation Treatment for the Establishment of Trees in Riparian Buffers

The wide-scale and intensive use of herbicides in agriculture has raised many concerns in the last
decades and is still keenly debated today. A high herbicide use is known to pose serious threats to
aquatic biodiversity, water quality, and human health [78–80]. Although much less intensive, the use
of herbicide to establish tree riparian buffers remains controversial because herbicides are applied
in zones that are hydrologically interconnected with freshwater ecosystems. The social acceptability
related to the use of herbicides in tree plantations is also relatively low [81].

Because of the many limitations related to herbicide use, black plastic mulch is increasingly used
along farm streams and is generally perceived as a more sustainable vegetation treatment by land
managers and ecological engineers. Yet, the use of plastic mulches also leads to noticeable impacts
(degradation of stable organic matter, micro-plastics and phthalates leaching, modification of soil
structure and infiltration properties, impeded root growth, lack of recycling opportunity for plastics
contaminated with soil particles) [41,82–84]. Moreover, plastic mulches are rarely removed from
plantation sites because this operation is time consuming and expensive [41]. As a result, the impacts
of plastic mulch on the soil properties will be long-lasting and should be fully considered as riparian
buffer pollutant removal efficiency is tightly bound to water infiltration capacity in soil, to soil health,
and to the colonization of soil by plant roots [3]. Also, the permanent barrier created by mulches
restricts herbaceous vegetation growth underneath trees (Figure 7c), an important consequence because
herbaceous plants have a central role in runoff and N leaching reduction [40,85]. In this study, soil NO3

and P supplies after 5 years were the highest in the plastic mulch treatment, although species-specific
trends were observed for soil NO3 (Figure 2, Table 3). This situation may be undesirable, since many
agricultural riparian buffers are designed to phytoremediate excess soil NO3 and P generated by
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adjacent agricultural use. The use of plastic mulch will also reduce the area of riparian habitats that
can be colonised by herbaceous plants, shrubs, and tree species, which would otherwise contribute
toward creating a more diversified, multifunctional, and resilient buffer system. On the other hand,
riparian zones can be important reservoirs of agricultural weeds and invasive exotic plants [6,86,87].
Therefore, the reduction in plant habitat size caused by plastic mulches could be seen positively by
some farmers, land planners, and ecological engineers.

Herbicide treatments also have noticeable effects on targeted plant communities, with changes in
plant species dominance being more frequent than changes in species composition and diversity [20].
In terms of impacts on soil, extensive herbicide use in tree plantations mostly affects C stocks in
the organic layer, with only minor effects being observed on mineral C stocks and stability [64,88].
Moreover, extensive use of glyphosate-based herbicides in tree plantations does not represent a
significant risk to human health and to terrestrial and aquatic ecosystems [89]. From an economic
perspective, herbicide application is by far the more cost-effective compared to plastic mulching [32].
Technically, plastic mulch application is also more restrictive than an herbicide treatment, which can
be done with a backpack sprayer, in almost all types of riparian terrains, including steep and stony
streambanks. Furthermore, if a plastic mulch layer is used to install mulch strips, soil tillage may
be required, while no such site preparation is needed prior to an herbicide treatment for tree buffer
establishment. Finally, from the perspective of agricultural land aesthetics, the visual impact of an
herbicide treatment is only temporary, while black plastic mulch remains visible for many years.

Both vegetation treatments used in this study had a similar effectiveness for enhancing hardwood
growth (Figure 5, Table 4) but had different environmental impacts. Hence, their use in streamside
buffers should be made with the goal of reducing their potential negative impacts, both in regard
to herbaceous vegetation and non-target organisms. From that perspective, it is recommended to
apply herbicide manually, outside of periods with high runoff or flood event probability, and to
use herbicide formulations recommended for aquatic use, which are less toxic to stream fauna [90].
Herbicides should be applied in strips or in spots [11,21], and the number of applications kept to a
minimum. Additional studies are needed to identify the most efficient extensive herbicide application
strategies for different tree species planted across a gradient of riparian sites differing in resource
availability and in competing vegetation characteristics. In some riparian environments, tree survival
and growth rate may not be significantly affected by the use of a single or a multi-year herbicide
treatment [91]. The identification of key site variables responsible for such a lack of response is
essential to the future selection of sites where tree buffers could be installed at lower costs (with no
vegetation management). If plastic mulch is used to establish riparian buffers, planting tree species
that are nitrophilous is recommended in order to minimize the accumulation of soil NO3 underneath
mulches. Plastic mulches should also be retrieved from riparian sites once trees are well established.
Finally, it should be acknowledged that the faster a riparian buffer grows, the faster it will provide key
ecosystem services and functions. Thus, land managers and ecological engineers should fully consider
the tradeoffs related to the use of a particular vegetation management treatment in the specific case of
tree riparian buffer establishment and growth on agricultural land.

5. Conclusions

This study has shown that plastic mulch and herbicide, applied in 1.2 m wide strips, have a
similar efficacy to enhance tree growth after 5 years in a fertile agricultural riparian buffer, despite the
fact that plastic mulch provides longer-term improvement of soil nutrient status. Because black walnut
and bur oak were highly responsive to plastic mulching and herbicide, the use of these vegetation
treatments will greatly shorten the time needed to reach canopy closure with those hardwoods. On the
other hand, white pine growth was less affected by both vegetation treatments, which indicates that
this species can be successfully planted at low cost and with little impact along headwater streams
on farmland.
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The high NO3 supply rate observed in the soil underneath plastic mulch where species that
preferentially uptake NH4 (black walnut and white pine) grew suggests caution when selecting
particular tree species/vegetation treatment combinations, especially if the objective of the riparian
buffer is to mitigate NO3 pollution in waterbodies. Non-nitrophilous tree species potentially have
a limited capacity to reduce NO3 leaching from intensive cropping systems. The high soil P supply
generated by the plastic mulch treatment may also be undesirable over the long term in riparian buffer
soils. Conversely, after 5 years, soil nutrient supply was similar between plots receiving no vegetation
treatment and plots where a 3-year herbicide treatment was applied, indicating little residual effect
of the herbicide on soil nutrient status. In a context where plastic mulch is rarely removed following
riparian buffer establishment, further studies are needed to evaluate the long-term impacts of such a
vegetation treatment on riparian buffer soils.
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Abstract: Temperate hardwood floodplain forests along lowland rivers are considered important
forest biodiversity refugia in the European cultural landscape. The absence of apex predators
combined with an artificial feeding of herbivore populations in winter seasons has caused an increase
in browsing pressure on hardwood trees, nearly preventing their regeneration in some localities.
There are still important knowledge gaps in understanding the relationships between deer abundance
(and browsing pressure) and the abundance (and diversity) of forest bird species in unmanaged
hardwood forests. We have studied the red deer and fallow deer browsing pressure in Central
European unmanaged hardwood floodplain forests using a novel method based on monitoring
browsing pressure along transects combined with bird census data in the Litovelské Pomoraví
Protected Landscape Area (Czech Republic). The monitoring data suggested a very high browsing
pressure on hardwood trees, causing a strong reduction of the shrub layer and young tree layer
(30–210 cm above ground surface). The bird census data from the study area were collected using the
territory mapping method. Our results revealed a bird diversity decline in all study plots and the
bush nesters guild was found to be completely absent. As bird species from the bush nesters guild
are generally common (usually dominant) in hardwood floodplain forest ecosystems with a rich
shrub and young tree layer and low browsing pressure, we conclude that intense browsing by large
herbivores represents a limiting factor to the bird diversity (especially bush nesters) of hardwood
floodplain forests.

Keywords: deer abundance; forest diversity; avian guilds; protected landscape area; understorey;
unmanaged forest

1. Introduction

Forest vegetation structure influences the diversity of forest avian communities [1–5]. The habitat
characteristics of floodplain forests, modified by human activities, have influenced the bird diversity [6].
This is especially important at the local scale of riparian forest stands, because bird density has a
direct relationship with site-scale resources, as pointed out by Zenzal et al. [7]. Bird species richness
in hardwood floodplain forests differs among the habitat types, with mature forests supporting the
largest number of species because of high stand heterogeneity based on diverse understorey tall shrubs
and young trees [8] Natural forest regeneration, the presence or absence of understorey bush and herb
cover, and even the general structure of forest ecosystems in the European hardwood temperate forests
are affected by browsing pressure of large herbivores, typically deer [9]. The absence of large predators
in hardwood forests of the European cultural landscape aggravates the effects of browsing pressure
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on forest biodiversity [10]. Ungulate browsing can interact with the local flooding regime of rivers to
delay the recruitment of some tree species, resulting in shifts in successional trajectories, and leaving
young forests vulnerable to invasion by exotic herbaceous species [11].

As shown in the study of Holt et al. [12], deer exclusion benefits birds which forage in the
understorey layer. Several guilds or migrant species responded positively to deer exclusion and
none responded negatively. The shrub-layer foraging guild was recorded less frequently in older
and browsed vegetation, in both winter and spring. Exclusion of deer also increased the occurrence
of ground-foraging species in both seasons, although these species showed no strong response to
vegetation age. Newson et al. [13] have shown a strong association between deer densities and declines
in understorey bird species. Their results indicate that deer-related habitat modification may be
affecting some bird species on far larger scales than previously appreciated. Mainly through their effects
on understorey vegetation, high deer populations are now likely to be affecting woodland biodiversity
over large parts of lowland England and deer management plans, involving the integrated exclusion
and culling of deer, need to be coordinated on large scales. It is suggested that such management
plans could most usefully target areas that still support relatively high populations of species that are
sensitive to deer. The density of understorey foliage is recognized as an important predictor of the
distribution of forest birds [14]. Charchuk and Banes [15] have suggested that following understorey
protection harvest, the retained forest regenerates quickly, rapidly providing a habitat to more mature
forest species than natural disturbance harvest.

The understorey foliage can be seriously reduced by a high deer abundance, as Eichhorn et al. [16]
revealed by a LiDAR survey. Their findings suggest that the reduction of deer populations is likely to
have a strong impact on woodland structures and aid in restoring the complex understorey habitats
required by many birds, whereas management interventions as currently practiced have limited and
inconsistent effects. Thus, LiDAR seems to be a potentially important tool for forest bird conservation
as it can help identify the full range of structural conditions associated with threshold responses [17].

Forest management decisions in hardwood forests should be made at a site level, and encompass
factors such as browsing pressure and the dependence of species of conservation concern on particular
habitats [18]. There are still important knowledge gaps in understanding relationships between deer
abundance (and browsing pressure) and the abundance (and diversity) of forest bird species in
unmanaged forests [19,20]. In order to address these knowledge gaps, we studied the impact of
browsing pressure by red deer and fallow deer on avian communities in unmanaged hardwood
floodplain forests with a high deer density in the Litovelské Pomoraví Protected Landscape Area,
Czech Republic [21]. The main objective of this paper is to provide evidence of the relationship
between deer browsing and bird diversity in hardwood floodplain forest ecosystems. We hypothesized
that intensive ungulate browsing can be a significant limiting factor to bird diversity in hardwood
floodplain forest in protected areas.

2. Materials and Methods

2.1. Study Area

The study area—Litovelske Pomoravi Protected Landscape Area (LPPLA)—is formed by a large
segment of hardwood floodplain forests in the eastern part of the Czech Republic along the lowland
(240–249 m a.s.l.) meandering Morava River [22]. According to the Czech national classification of
forest habitats, the hardwood floodplain forests in the study area [23] are classified as Ulmi-fraxineta

carpini superior [24]. According to the European classification of forest natural habitats under the
Natura 2000 network [25], they are classified as riparian mixed forests along the great rivers (habitat
code 91F0). The dominant species are Quercus robur L. and Fraxinus excelsior L., with admixture of
Tilia cordata Mill., Acer campestre L., Acer pseudoplatanus L., Acer platanoides L., Carpinus betulus L.,
Ulmus laevis Pallas, and Prunus padus L.
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In the study area, we established five study plots (100 × 100 m) to be used for field data collection
(Figure 1). Such plots are considered suitable for characterizing local forest bird communities in
ecological studies of Central European forest birds [26,27].

 

Figure 1. Study area and location of study plots 1–5.

2.2. Bird Census Data

In each study plot, birds were counted during nesting seasons (from the end of March to the end
of June) in 2001, 2003, 2005, and 2010 using the ‘territory mapping’ method [28]. The field mapping
involved seven to 10 repeated visits to each study plot. Only those birds were counted that were
spotted no further than 50 m from the actual position of the surveying researcher to avoid mistakes
based on the different detectability of birds in hardwood floodplain forests [29]. In order to obtain
precise bird census results, we also searched all tree cavities and holes for bird nests in each of the
study plots. To allow comparisons with other published studies, we used the field data to calculate
the mean density (nesting pairs/10 ha). We excluded from our analyses bird species with obviously
no relationship with the forest habitat, and which were observed only occasionally in study plots.
Classification of bird species into four nesting guilds (ground nesters, bush nesters, canopy nesters,
and tree hole nesters) was carried out a priori [30] based on field experience [31] and supported
by relevant Czech ornithological literature [32]. Dominance values were calculated according to
Aulak [33].

2.3. Ungulate Browsing Research

We established transects in all five study plots to assess herbivore browsing. All transects were
3 m wide and 30–70 m long (based on site conditions). The transect method is routinely used for
unrepeated assessments of shrub layer density and browsing intensity [34,35].

The abundance of individual ungulates (IND) according to game management records (GMR
2003) was 63 IND/1000 ha for Capreolus capreolus and 11 IND/1000 ha for Dama dama in the study
plots 1 and 2. In the study plots 3, 4, and 5, the abundance was higher: 98 IND/1000 ha for Capreolus

capreolus and 63 IND/1000 ha for Dama dama [36].

38



Forests 2018, 9, 373

We assessed all trees smaller than 2.1 m. Woody plants higher than 2.1 m were completely absent
in the shrub layer in all study plots. The trees were divided into seven height classes (<30 cm, 31–60 cm,
61–90 cm, 91–120 cm, 121–150 cm, 151–180 cm, 181–210 cm). Browsing % is the percentage of individual
woody plants that have been browsed. “Individual” was classified as the browsed individual if the
terminal shoot was damaged or more than half of the lateral shoots were damaged. The field data
collection was conducted in 2003 and it only focused on present browsing damage, i.e., browsing from
the past winter (2002/2003) and from the present growing season (2003). In 2005 and 2010, the ungulate
browsing in transects was visually verified and found to be without any visible changes.

2.4. Statistical Analysis and Control Plots

To calculate the Pearson’s correlation between shrub layer parameters and browsing intensity
and between deer density and bird density, we used the Statistica software (StatSoft s.r.o., Prague,
Czech Republic) [37]. Statistically significant differences were compared using t-tests.

To analyse the similarity and diversity of nesting bird communities, we calculated the commonly
used Jaccard similarity index [38]. We used rarefaction to standardize species richness of the bird
communities in all five study plots and in all of the nesting seasons [39]. Based on rarefaction curves,
this method makes it possible to compare the bird species diversity among different study plots and
with different survey efforts. The rarefaction curve is constructed based on the expected number of
species E(Sn) using the following equation:

E(Sn) = ∑
S

i=1

⎡

⎣

(

N=Ni
n

)

N
n

⎤

⎦ (1)

where S is the total number of (nesting bird) species found in the study plot, and Ni is the number of
nesting pairs of a particular bird species i. We used the EstimateS 8.0.0. software (StatSoft s.r.o., Prague,
Czech Republic) to perform the calculations [40].

As control plots for our original results from study plots, we used localities in hardwood floodplain
forests in the Czech Republic, where the bird communities had recently been studied by the territory
mapping method and from which data were available. Data related to deer densities in these control plots
were collected from legal hunting statistics in the archives of Regional Offices in Olomouc, Hradec Kralove,
Ostrava, and Plzen.

3. Results

3.1. Ungulate Browsing and Woody Plants in Herb and Shrub Layers

The density of woody plants was relatively high in the 0–30 cm height class. Woody plants higher
than 120 cm were absent, except for very low densities in the height classes 150–180 cm (plot 2) and
180–210 cm (plot 4). Beyond height class 0–30 cm, the browsing percentage was greater than 50%
(Figure 2). The percentage of damaged woody plants was negatively correlated with the density of
woody plants (Table 1).

Young trees strongly outweighed shrubs in herb and shrub layers. The dominant species were
Fraxinus excelsior (55.5%), Acer campestre (21.3%), and Acer pseudoplatanus (15.1%). The remaining tree
species accounted for only 6.6% (Carpinus betulus, Quercus petraea, Acer platanoides, and Tillia cordata) and
shrub species for 1.4% (Swida sanguinea, Euonymus europaeus, and Crataegus laevigata) of the total records.
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Figure 2. Ungulate density and browsing in study plots 1–5.

Table 1. Correlation matrix for woody plants height, density, and intensity of browsing damage (% of
damaged woody plants).

Height Density Browsing %

Height - −0.5653 1 0.4271
Density - −0.5318 1

Browsing % -
1 Significant values are shown in bold; significant level: p < 0.05.

3.2. Bird Community

A total of 21 bird species have been found nesting in the study plots (Table 2). The species
composition of nesting birds in all study plots was very similar (Jaccard coefficient 78.9–95.0%).

Using the rarefaction method (Figure 3), we found out that for the minimum abundance of nesting
pairs, the highest species richness was reached in study plot 1. However, the differences in bird species
richness between individual study plots were not visually distinct.

The rarefaction revealed that the efforts in count surveys in all plots were sufficient. The number
of species recorded in all study plots was therefore sufficiently large and representative with respect to
the method used.

The highest density of nesting birds was recorded in study plot 2 (69.1 pairs/10 ha), and the
lowest in study plot 4 (56.7 pairs/10 ha). The densities calculated for all study plots (Table 2) were
thus atypically low for the floodplain forest ecosystem. The representation of dominant species in all
study plots reflected the general model of species dominance in bird communities of floodplain forests,
in which only a few species (Sturnus vulgaris, Parus major) dominate the community, and the remaining
species are considered attendant or accessory species. However, the count survey surprisingly revealed
low dominance values for a few species (Phylloscopus collybyta, Erithacus rubecula) that usually form the
dominant component of the community.

A close examination of the avian guild structure revealed that in all study plots, the bush
nesters guild was completely absent (Figure 4). None of the species of this guild typical for the
floodplain forests (e.g., Aegithalos caudatus, Coccothraustes, Hippolais icterina, Luscinia megarhynchos,
Prunella modularis, Sylvia atricapilla, Troglodytes troglodytes, Turdus merula) were found in any of the
study plots.

The bird density values in all our study plots within the LPPLA were significantly lower than the
values obtained by other authors using the same mapping method in hardwood floodplain forests in
the Czech Republic (Table 3). High negative correlation rates were found between Capreolus capreolus

density and bird density (correlation coefficient = −0.6515, p-value = 0.0008) and between both of the deer
species together (Capreolus capreolus and Dama dama) and bird density (correlation coefficient = −0.5641,
p-value = 0.0051). A moderately high negative correlation rate was detected between Dama dama density
and bird density (correlation coefficient = −0.5201, p-value = 0.0269). It is possible that the absence of the
bush nesters guild may be the reason for a lower diversity of birds by approximately 30% in our study
plots compared to other floodplain forest sites in the Czech Republic (Table 3).
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Table 2. Densities and dominance of bird nesting guilds in study plots.

Bird Species Nesting Guilds 1

Study Plot

1 2 3 4 5

DE 2 DO 3 DE DO DE DO DE DO DE DO

Anthus trivialis GN 0.5 0.8 0.4 0.6 0.7 1.2 0.3 0.5 0.5 0.8
Certhia brachydactyla HN 2.1 3.4 2.7 3.9 0.4 0.6 2.9 5.1 0.0 0.0
Columba palumbus CN 1.6 2.6 2.2 3.2 2.6 4.3 0.6 1.1 2.0 3.2
Cyanistes caeruleus HN 3.2 4.9 0.9 1.3 2.7 4.5 3.9 6.9 3.0 4.7
Dendrocopos major HN 2.8 4.3 3.9 5.6 1.5 2.5 2.8 4.9 3.1 4.9
Dendrocopos medius HN 0.0 0.0 0.7 1.0 0.0 0.0 0.5 0.9 0.6 0.9
Erithacus rubecula GN 2.4 3.8 2.7 3.9 2.1 3.5 1.3 2.3 2.9 4.6
Ficedula albicollis HN 7.0 10.8 4.3 6.2 7.6 12.7 7.9 13.9 3.8 6.0
Fringilla coelebs CN 4.3 6.6 3.2 4.6 3.9 6.5 1.9 3.4 2.7 4.2
Garrulus glandarius CN 0.6 0.9 0.9 1.3 0.5 0.8 1.2 2.0 0.7 1.1
Muscicapa striata HN 0.6 0.9 1.1 1.7 1.3 2.3 0.9 1.6 0.5 0.8
Oriolus oriolus CN 1.8 2.8 1.1 1.7 0.7 1.1 1.1 1.9 1.6 2.5
Parus major HN 10.3 16.1 7.1 10.2 8.2 13.7 8.9 15.7 9.6 15.1
Phylloscopus collybita GN 2.2 3.4 2.9 4.2 2.2 3.7 3.7 6.5 1.8 2.8
Picus viridis HN 0.3 0.4 0.9 1.3 0.0 0.0 1.0 1.8 0.0 0.0
Poecile palustris HN 0.9 1.4 0.2 0.3 0.7 1.2 0.8 1.4 0.6 0.9
Sitta europaea HN 5.3 8.2 6.7 9.7 5.1 8.5 6.9 12.2 5.0 7.9
Steptopelia turtur CN 0.8 1.2 1.5 2.2 0.6 1.0 0.6 1.1 0.9 1.4
Sturnus vulgaris HN 17.2 26.6 19.0 27.5 15.4 25.7 9.1 16.1 18.3 28.8
Turdus philomelos CN 0.6 0.9 0.5 0.7 0.6 0.6 0.4 0.7 0.7 1.1
Turdus pilaris CN 0.0 0.0 6.2 8.9 3.1 5.2 0.0 0.0 5.3 8.3

Total of DE and DO 64.5 100 69.1 100 59.9 100 56.7 100 63.6 100
Total of bird species 19 21 19 20 19

1 Nesting guilds: GN—ground nesters, CN—canopy nesters, HN—hole nesters, BN—bush nesters; 2 DE = density
[amount of nesting pairs/10 ha]; 3 DO = dominance [%].

Figure 3. Standardized rarefaction curves for species richness in study plots (S = number of bird species,
N = number of nesting pairs, 1–5 = rarefaction curves for study plots no. 1–5).
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Figure 4. Structure of bird nesting guilds in study plots. (GN—ground nesters, CN—canopy nesters,
HN—hole nesters, BN—bush nesters).

Table 3. Comparison of bird and deer density between LPPLA and other localities in hardwood
floodplain forests in the Czech Republic.

Source 1 Size of Study
Plot (ha)

Deer Density (Individuals/1000 ha) Species Richness
of Nesting Birds

in Study Plot

Density of Birds
(Nesting

Pairs/10 ha)Capreolus capreolus Dama dama

Results of this study in LPPLA (study plot 1) 1 63 11 19 64.5

Results of this study in LPPLA (study plot 2) 1 63 11 21 69.1

Results of this study in LPPLA (study plot 3) 1 98 63 19 59.9

Results of this study in LPPLA (study plot 4) 1 98 63 20 56.7

Results of this study in LPPLA (study plot 5) 1 98 63 19 63.6

[41] 15 21 5 39 161

[42] 5 21 5 48 79

[43] 9 39 - 44 39

[44] 10 18 15 37 177

[45] 12 44 - 28 93

[46] locality Bosin 32 32 3 44 103

[46] locality Dubno 51 29 3 40 101

[46] locality Choltice 52 37 3 42 109

[46] locality Zbytka 43 40 3 41 80.5

[47] locality Panensky les I 9 35 - 31 139

[47] locality Panensky les II 9 35 - 36 118

[48] locality Sargoun 12 21 5 33 135

[48] locality Vrapac 13 35 11 31 126

[49] 10 20 3 25 113

[50] 10 50 11 23 92

[51] 22 41 5 36 112

[52] 10 36 - 23 102

[53] 12 ? - 30 270

[54] 5 33 3 30 174

1 Sources in brackets: see References. If there is more than one study site in cited literature, this is indicated.

4. Discussion

4.1. Impact of Ungulate Browsing on the Forest Understorey of Floodplain Forests

Browsing greater than 40% repeatedly led to important changes in woody plant composition
in similar areas of the Czech Republic. More concretely, browsing led to a significant reduction of
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the abundance of the most affected species, especially if they had a low abundance [55]. Repeated
browsing can significantly affect the forest dynamics [56]. Some authors [57] have observed that
intensive ungulate browsing led to a significant prolongation of the regeneration period in mountain
forests—new silver fir and Norway spruce were held to the height limit of 1–1.5 m in the long term
(more than thirty years). Floodplain forests can generally better compensate for the lost woody-plant
biomass than mountain forests, so the browsing has a lower impact on the growth of woody plants in
the herb and shrub layers [58]. However, intensive browsing can promote an expansion of invasive
herbaceous species. A strong herb competition can then complicate forest restoration in floodplain
forests [59].

The shrub layer is usually well developed in the studied type of floodplain forest. In our study
plots, however, the shrub layer (woody plants higher than 1 m) was poorly developed (plots 1 to 3 with
a maximum of one woody plant individual per 20 m2) or completely absent (plots 4 and 5) (Figure 2).
Our opinion is that browsing is the main factor for the low abundance of shrubs. The situation of our
study area may be compared with the floodplain forest near the Dyje river (locality Lednice hardwood
floodplain forest) with the same type of hardwood forest, but with lower browsing pressure [60].
In Lednice, the percentage of browsing damaged woody plants (up to 150 cm of height) was 32%
(more than 50% in our plots) and the relative abundance of shrub species was 9% (1.4% in our plots).
The ungulates usually prefer some shrub woody plants (e.g., Swida sanguinea, especially during winter,
or Eonymus europaeus) over others. Crataegus laevigata is less attractive, but it is strongly browsed,
especially in locations where the woody-plant biomass of herb and shrub layers is limited. Most of the
tree species present are also attractive [61].

The negative effect of browsing on shrub species can be intensified by their occurrence in herb
layers, as browsers often prefer plant species occurring close to the forest floor [62,63]. The observed
extreme browsing pressure was most likely the main factor leading to the absence or reduction of the
shrub layer.

4.2. Bird Communities in Floodplain Forests

The avifauna of the LPPLA study area mainly consists of common bird species typical for the
European hardwood floodplaorests [64]. Surprisingly, a few species otherwise commonly nesting in
the understorey of this type of forest (Sylvia atricapilla, Turdus merula) [65] were found to be absent in
all of the five study plots.

The rarefaction curves for all study plots approached their asymptotes and further field surveys
would likely not reveal any new species [66]. The species composition of nesting birds was very similar
in all study plots (measured by the Jaccard coefficient). These results are in contrast with the findings
of Kolecek et al. [67], who have found relatively large differences in species composition between two
floodplain-forest sites along the Morava River—the ‘Království’ site had about 30% more species than
the ‘Žebračka’ site. As the authors themselves point out, these differences could have been caused by the
different sizes of the studied sites, as larger sites can host more area-sensitive species [68]. Alternatively,
the differences in species composition could have been caused by differences in environmental
heterogeneity between the sites [69]. As a result of an intensive forest management, the ‘Království’
site (unlike the ‘Žebračka’ site) represents a diverse mosaic of various types of floodplain forest
(clear-cut areas, young-growth and old-growth stands, forest margins). These consequences of forest
management could explain the higher diversity of birds, because the edge effect on the diversity of
nesting birds in the floodplain forests is very pronounced [70]. As all our study plots are located
within the LPPLA conservation zone, no forest management has been applied in these sites since
the establishment of the LPPLA in 1991. Implementation of multiple-use zoning [71] is generally
considered as an important support tool for the conservation of forest diversity.

It is commonly known that past forest management of the European floodplain forests is very
clearly reflected in the current structure of forest stands [72]. In our study plots, however, the historical
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development of forest stands was practically identical and therefore does not play an important
role [73].

The structure of Central European hardwood forests dominated by oak (Quercus sp.) strictly influences
the structure of breeding bird communities, especially in young forest stands [74]. Bird species typical
for these stands are bush nesters (Phylloscopus trochilus, Sylvia atricapilla, Sylvia curruca, Prunella modularis,
Aegithalos caudatus). In the LPPLA study plots, these bird species were absent. The comparison of guild
structures in the LPPLA and in the hardwood floodplain forests in the Czech Republic (Figure 5) reveals a
clear absence of common bird species from the bush nesters guild in the LPPLA study plots. Similarly,
many studies have shown that the shrub layer is one of the key characteristics determining the alpha
diversity and density of bird communities in the European oak-dominated hardwood forests [75–79].

Reductions in understorey foliage strongly indicate a browsing effect in forest areas of a high deer
density. Terrestrial laser scanning applied to oak-dominated woods in the UK by Eichhorn et al. [16]
revealed a reduction in understorey foliage of 68% at high deer density sites. In the context of the
above-mentioned studies, the results from our study plots suggest that intensive ungulate browsing
pressure can be considered a limiting factor to forest bird diversity. In our plots, the diversity of nesting
birds was approximately 30% lower than the diversity found in a comparable forest type without an
intense browsing pressure (Table 3).

Due to the absence of shrubs, our study plots had lower numbers of bird species otherwise
commonly inhabiting the European temperate hardwood forests [80]. Although these species are considered
neither rare/endangered in the Czech Republic [81] or habitat specialists, the results are significant [82].
As population trends for common forest bird species in the Czech Republic are otherwise remarkably stable
in the long term (in contrast to the common bird species of the agricultural landscapes) [83], the intense
ungulate browsing pressure in the LPPLA hardwood floodplain forests, reducing the diversity and density
of common bird species, represents an extraordinary situation in terms of nature conservation. Here,
we would like to point out that all five study plots are located within a protected area specifically aimed at
the conservation of hardwood floodplain forest biodiversity [84].

To pursue the conservation targets for protected areas in the ecological conditions of Central
European forests with extraordinary high deer densities, in which large predators are missing [85,86],
it is necessary to take a step towards an intense targeted reduction of large herbivores by hunting.
Understanding the types of relationships between deer abundance and habitat quality for birds, and other
biodiversity, is an important knowledge gap that needs to be addressed if sound, collaborative deer
management plans are to be developed.

Figure 5. Comparison of guild structures in bird communities in the hardwood floodplain forests in
the Czech Republic. (GN—ground nesters, CN—canopy nesters, HN—hole nesters, BN—bush nesters).
Localities: 1 = average data from LPPLA, 2 = [41], 3 = [42], 4 = [44], 5 = [45], 6 = [46] Bosin, 7 = [46]
Dubno, 8 = [46] Choltice, 9 = [46] Zbytka, 10 = [48] Sargoun, 11 = [48] Vrapac, 12 = [49], 13 = [49],
14 = [54]).
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The authors of this paper suggest concentrating all forest and wildlife management practice on
deer exclusion in regions with a high browsing pressure. This is especially important in protected
areas focused on conserving the biodiversity of European hardwood forests, in which the absence
of large carnivores limits the spontaneous succession of the forest ecosystem. A survey [87] on the
near-natural hardwood floodplain forest of Cahnov-Soutok in the Czech Republic, which has been left
to spontaneous development since the beginning of the 1930s, showed that (1) the most significant
trend is a decreased representation of Quercus robur in all monitored indicators and conversely an
expanding representation of Acer campestre, Carpinus betulus, and Tilia cordata; and (2) that the floodplain
forest ecosystem demonstrates a high-level stability in the total volume of tree biomass with an
essential change in the tree species composition, spatial structure, and average stem volume of
individual trees. However, if the spontaneous gap dynamics and natural regeneration in the forest
are limited by ungulate browsing, we cannot protect the biodiversity of hardwood floodplain forest,
as pointed out in this paper, which seems to be a general problem in forest biodiversity conservation
in the Czech Republic [88]. This problem is increased by the predictions of climate change impacts
to European hardwood forests [89], because of an increase in the effect of factors limiting natural
forest development and forest natural regeneration. The authors of this paper suggest that deer
exclusion in European hardwood forests—especially in protected areas focusing on forest biodiversity
conservation [90]—is necessary for putting the basic principles of sustainable forest management [91]
into practice.

5. Conclusions

The European hardwood floodplain forests are characterized by a high avian diversity and density.
In the unmanaged hardwood floodplain forest of the Litovelské Pomoraví PLA, however, an atypically
low bird density was identified in five study plots with a very high degree of red deer and fallow deer
browsing pressure on hardwood trees. The heavy browsing pressure has caused a strong reduction
of the shrub and young tree layer in the understorey (30–210 cm above ground surface). In all five
study plots, bird species from the bush nesters guild—usually dominant in hardwood floodplain forest
ecosystems with a rich shrub and young tree layer and low browsing pressure—were found to be
absent. As the decline in bird diversity is clearly a consequence of the browsing pressure, the intense
ungulate browsing can be considered an important limiting factor to bird diversity (especially to bush
nesters) in hardwood floodplain forests. Based on these results, we suggest that deer exclusion become
an important component of forest management practice, in order to conserve hardwood floodplain
forest biodiversity.
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[CrossRef]

34. Cermak, P.; Horsak, P.; Spirik, M.; Mrkva, R. Relationships between browsing damage and woody species
dominance. J. For. Sci. (Prague) 2009, 55, 23–31.

35. Cermak, P.; Beranova, P.; Oralkova, J.; Horsak, P.; Plsek, J. Relationships between browsing damage and the
species dominance by the highly food-attractive and less food-attractive trees. Acta Univ. Agric. Mendel. Brun.

2011, 59, 29–36. [CrossRef]
36. Cermak, P.; Mrkva, R. Browsing damage to broadleaves in some national nature reserves (Czech Republic)

in 2000–2001. Ekológia (Bratislava) 2003, 22, 132–141.
37. StatSoft, s.r.o. Statistica [software, CD-ROM]. Ver. 12. Praha, 2013.
38. Jaccard, P. Étude comparative de la distribution florale dans une portion des Alpes et des Jura. Bull. Soc.

Vaud. Sci. Nat. 1901, 37, 547–579.
39. James, F.C.; Rathbun, S. Rarefaction, relative abundance and diversity of avian communities. Auk 1981, 98,

785–800.
40. Author Colwell, R.K. EstimateS: Statistical Estimation of Species Richness and Shared Species from Samples.

Version 8.0.0. 2005. Available online: http://viceroy.eeb.uconn.edu/estimates (accessed on 12 January 2018).
41. Bures, S.; Maton, K. Ptaci slozka segmentu skupiny typu geobiocenu Ulmi-fraxineta populi v navrhovane

CHKO Pomoravi [Birds of hardwood floodplain forest in proclaimed PLA Pomoravi—In Czech]. Sylvia

1984, 23–24, 37–46.
42. Bures, S. Analyza ptaci slozky navrhovane SPR Sargoun [Birds of harwood floodplain forest in Sargoun

locality—In Czech]. Unpublished Work. 1996.
43. Horak, Z. Ptactvo okolí Starého Labe u Cihelny u Pardubic [Birds of Stare Labe u Cihelny locality—In Czech].

Panurus 1988, 9, 53–61.
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Abstract: This study took place in southern Québec (Canada) where young stands of white ash and
grey birch have been underplanted with white pine, red oak, bitternut hickory and black walnut.
The establishment success of white pine and red oak was measured with and without tree shelters
(to protect from deer). Ecological factors affecting the height growth of the four species were also
measured for protected trees. After 6 years, the survival and total height of unprotected oak was 29%
and 44.3 cm vs. 80.5% and 138.5 cm for protected oak. White pine was less affected by browsing
(survival of 79.5 and 93.5%; height of 138.5 and 217.9 cm for unprotected vs. protected pine). Height
of white pine was higher in the grey birch stands, while height of all hardwoods was higher in the
white ash stands, which had better soil drainage, higher fertility, and an understory dominated by
Rubus species. Total height of all hardwoods was significantly (p < 0.05) correlated with Rubus cover
and with soil fertility. Pine and walnut height were strongly correlated (p < 0.001) to shelterwood
structure (canopy openness or total basal area). Pine was less sensitive to variations in shelterwood
characteristics, while black walnut showed high sensitivity. This study provides evidence that
underplanting is suitable for black walnut assisted migration northward and for bitternut hickory
restoration, despite soil conditions that were less favorable than in bottomland habitats mainly
supporting these species in eastern Canada. Tree shelters offering protection from deer browsing and
species-specific site selection are recommended for underplanting in the southern Québec region.

Keywords: tree shelter; deer browsing; hardwood restoration; assisted migration; enrichment
planting; shelterwood; Pinus strobus L.; Quercus rubra L.; Carya cordiformis (Wangenh.) K. Koch;
Juglans nigra L.

1. Introduction

In eastern North America, nut producing hardwoods (Quercus, Juglans and Carya spp.) and
eastern white pine (Pinus strobus L.) are major components of temperate hardwood forest ecosystems
for biodiversity, but also for the production of high-value timber [1–3]. In the southern Québec region
(southeastern Canada), multiple ecological and human factors have contributed to the decline of these
important species. Historically, white pine was among the first species to be overexploited following
settlement, and therefore this species is now much less abundant than it used to be [4,5]. Early settlers
also clearcut several butternut (Juglans cinerea L.) stands because this species was associated with high
quality soils for agricultural use [4]. Besides, butternut is now threatened by the butternut canker
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(Sirococcus clavigignenti-juglandacearum Nair et al.), a virulent and deadly Asian fungal pathogen, which
affects the species in all of its habitats [6].

The human control of forest fires is another factor that could have contributed to a reduction
in the abundance of species that typically regenerate after fires including hickories, oaks and white
pine [7–9]. Furthermore, in many regions of northeastern North America, the natural regeneration
of several hardwood species and white pine is threatened by the overabundance of white-tailed deer
(Odocoileus virginianus Zimm.), and changes in forest composition over the long-term are documented
in areas supporting large deer populations [3,10–13]. Climate change is also expected to increase
summer temperatures and lower soil water content in the southern Québec region, which could be
detrimental to drought sensitive species, but potentially beneficial to drought tolerant species [14],
including pines, hickories and oaks [15]. However, the migration of forest species into more suitable
habitats is expected to occur at a slower rate than the rate of modification of regional climates [14],
and the migration of bottomland species, such as hickories (Carya cordiformis (Wangenh.) K. Koch and
Carya ovata (Mill.) K. Koch), may also be constrained by soil fertility factors in southern Québec [16].

Given the multiple past, present and future factors that will affect the regeneration and distribution
of nut producing hardwoods and white pine, there is an urgent need to test restoration and/or
migration strategies in the particular context of southern Québec. Field plantations have been often
proposed for the restoration of white pine and nut producing hardwoods [17–19]. However, field
plantations are often costly as they need site preparation (soil cultivation), intensive vegetation
management (herbicide or mulch treatments) and tree pruning to achieve wood production objectives.
In rural areas, the social acceptability of such plantations is often low because tree planting on cultivated
land and old-fields competes with agricultural land use [20]. Furthermore, many stressors prevailing
in open-field environments (high light, wind exposure, lack of mycorrhizal partners, herbaceous
competitors, vole predation, etc.) can be detrimental to the planted species [18,21–23]. Although white
pine has the ecophysiological capacity to become established in grasslands and old-fields [24], such
environments increase its susceptibility to the pine weevil (Pissodes strobi Peck) and to the blister rust
(Cronartium ribicola J.C. Fisch. ex Rabenh.) [25].

Underplanting (i.e., enrichment or gap planting) in forest stands and tree plantations is a promising
alternative to field plantations of oaks and white pine [3,25–32]. Such sylvicultural systems are often
characterized by reduced abundance of grass species (Gramineae), which are strong competitors for
nutrients and water [33]. Shelterwood environments can also contribute to hide seedlings from large
herbivores such as deer [27], while being characterized by reduced populations of meadow voles,
which are key consumers of tree seedlings in old-field habitats [22]. However, when deer populations
are high in an area, tree shelters are generally required for successful underplanting [3,34]. Shelterwood
environments can also increase the wood quality of more shade-tolerant species having high crown
plasticity, by increasing height growth of the stem at the expense of lateral branch growth [35].

Past studies have identified several factors responsible for the success or failure of underplanting.
For red oak (Quercus rubra L.) and white pine, two intermediate shade-tolerant species at the seedling
stage [36,37], sufficient light availability in the understory is a critical factor to achieve optimal seedling
development [25,30,31,34,38]. For oaks, the presence of shrubs (i.e., Rubus spp.) in the understory
is believed to have an indirect facilitation effect on seedling growth by protecting trees from large
herbivores and by eliminating other competing plants [34,39,40]. In terms of site selection, young
early-successional stands of Populus tremuloides Michx. located on mesic fertile soils were found to be
optimal for red oak [41]. Also, red oak tends to become established well in all topographic locations
(i.e., ridge, middle slope and valley) when underplanted [42]. Grey birch stands have equally been
used for red oak underplanting, but such shelterwoods often have imperfect drainage conditions
and poorly drained microsites [40,43], which are inadequate for red oak [44]. However, grey birch
is often an associated forest cover species of white pine, which grows well on imperfectly drained
sites [37]. In the understory, competition from shrubs and hardwoods is also an issue with white pine,
given its slow growth rate at the seedling stage [37]. Initial competition from aspen suckers and later
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competition from shrubs and red maple (Acer rubrum L.) led to very high pine mortality in young
thinned and unthinned aspen stands [45]. Conversely, mesic sites having a balsam fir mid-story prior
to the shelterwood treatment were found to be adequate for white pine because they have reduced
hardwood competition in the understory [46].

For species of the Juglandaceae very few studies have evaluated their potential in underplanting
systems [28,47]. Moreover, limited information exists about the regeneration ecology of hickory
species, especially at the northern limit of their range [9]. In southern Québec, only two hickory
species are found (shagbark hickory, C. ovata, and bitternut hickory, C. cordiformis), but mostly in the
bottomlands and on the moraine ridges of the St. Lawrence Valley where soil fertility is high [43,48,49].
Surprisingly, in both southern Québec and southern Ontario (Canada), poor growth and survival
have been observed with bitternut and shagbark hickory in old-field plantations [17,50]. Yet, theory
suggests that shelterwood cuts can be used to create advance hickory regeneration, but experimental
evidence is lacking [51]. Observations made before 1935 further suggest that bitternut hickory had
a wider distribution as it was frequently found in hilly landscapes of southern Québec where soil
fertility is lower than in the St-Lawrence Valley [52]. Bitternut hickory individuals have been observed
in different areas of the Precambrian Shield foothills (Outaouais and Laurentides regions in Quebec),
where seepage increases soil moisture and nutrient availability on lower slopes [53,54]. This suggests
that bitternut hickory could be suited for underplanting in upland habitats of southern Québec,
providing soil richness and soil moisture are adequate.

Butternut is the sole species from the Juglans genus native to Québec, and it has been designated
an endangered species following high mortality caused by the butternut canker [55]. Black walnut
(Juglans nigra L.), which is native to nearby southern Ontario (Canada), has been suggested as
a replacement species for butternut pending the development of resistant butternut hybrids or
the identification of resistant individuals [41]. Black walnut is known for its high sensitivity to
soil conditions, as it generally grows on deep, well-drained, nearly neutral pH, fertile and mesic
soils [17,56,57]. Besides, black walnut generally requires very intensive and long-term weed control
in old-field environments, otherwise growth stagnation may occur due to nitrogen limitation [58,59].
Compared to most hardwoods, black walnut flushes later in the spring and drops it leaves earlier in the
fall, which allow herbaceous competitors to thrive for many years in the plantation understory [58,59].
This is a potential indication that black walnut may be more suitable in gap plantations where
herbaceous competition is reduced. Yet, black walnut is relatively shade-intolerant [56], so competition
for light by overstory trees may be an important growth-limiting factor in underplanting systems.

This study took place in southern Québec on a privately owned property where young stands
of white ash and grey birch, originating from agricultural abandonment, have been underplanted
with white pine, red oak, bitternut hickory and black walnut. In 1991, red oak had been successfully
underplanted without protection from deer in such shelterwoods [27,41]. However, two decades ago,
deer was less abundant than it had become when the present study was initiated in 2012 [60]. The first
objective of this study was to evaluate if tree shelters are needed for the successful underplanting
of white pine and red oak, two regionally important species. The second objective was to evaluate
ecological factors, other than deer, affecting the height growth of underplanted white pine, red oak,
bitternut hickory and black walnut after 6 years. Since red oak and white pine seedlings are heavily
browsed in habitats supporting high deer populations [12,61], we hypothesized that both species will
be responsive to the tree shelter treatment in terms of height growth and survival. We also hypothesized
that black walnut will be the most responsive species to variations in shelterwood characteristics.

2. Materials and Methods

2.1. Study Site Description

The study site is located on the land of a Benedictine monastery at St-Benoît-du-Lac, in the
Estrie administrative region of southern Québec, Canada (45◦10′ N; 72◦16′ W), a few km north of
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the Vermont (United States) border in the Appalachian geographic region (Figure A1). This 216 ha
privately owned property has a 150 ha forested area composed of a complex mosaic of young and
older successional stands, and some old growth stands, with most young stands originating from
agricultural abandonment [41]. The study site is located on the western shore of Lake Memphremagog,
a large lake (95.3 km2) [62] within a wide north-south valley flanked by hills. Thick till generally
underlays glacio-lacustrine deposits on these lakeside hills [63]. In the study area, forest ecosystems are
dominated by hardwoods on mesic sites and by conifers on xeric and hydric sites [63]. The study area
belongs to the sugar maple-basswood ecoregion of Québec [63], and more generally to the northern
hardwoods forest ecosystem [64,65]. A continental subhumid moderate climate [63], with mean annual
precipitation of 1260 mm and mean annual temperature of 5.3 ◦C, characterizes the study site [66].

In 2010, a vegetation analysis of the forested area was undertaken to identify the forest
communities. Digital topographical and ecoforest maps, and aerial photos (orthophotos) were used.
Using these sources of information and ArcGIS (Esri, Redlands, CA, United States), a set of parallel
transects were used to determine the location of 71 permanent plots (20 m × 20 m), where vegetation,
soil and site characteristics where measured. A Detrended Correspondence Analysis of the 71 forest
vegetation plots was done and two community types presenting a high potential for white pine and
hardwood underplanting where identified: (1) the White ash community type, which was located on
mesic sites dominated by young forests regenerated on old-fields (average largest tree age = 47) and
(2) the very young Grey birch-balsam poplar-elm community type that also has regenerated on old
fields (average largest tree age = 40) (Figure 1). Mean total basal area (trees + saplings) was 30 m2/ha
for the White ash community type and 18 m2/ha for the Grey birch-balsam poplar-elm community
type. Additional details related to site description can be found in Truax et al. [41].

 

Figure 1. The two distinct forest community types used for underplanting: (a) the White ash community
type and (b) the Grey birch-balsam poplar-elm community type.

2.2. Experimental Design

A complete randomized block design with 25 blocks and two factors (Tree species and Deer
protection treatment) was established within the two selected forest community types. Among the
25 blocks, 8 were located in the White ash community type and 17 were located in the Grey birch-balsam
poplar-elm community type. Each block measured 9 × 12 m and contained two species (red oak and
white pine) and two deer protection treatments (a tree shelter treatment and a control treatment with
no protection) for a total of 100 experimental plots (2 Tree species × 2 Deer protection treatments
× 25 blocks). Each plot measured 4.5 × 6 m and contained 8 trees of a single species/treatment
combination. In the middle of each plot, one bitternut hickory or one black walnut seedling was also
planted, and these additional species were always protected with a tree shelter. Tree spacing was
1.5 × 2 m between all trees. Overall, the initial experimental design contained 400 red oak seedlings
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and 400 white pine seedlings, half of which were protected by tree shelters, but also 50 bitternut
hickory seedlings and 50 black walnut seedlings, all protected by shelters. Figure 2 gives an overview
of the experimental design.

Figure 2. Schematic representation of a block with 4 experimental plots, one for each tree species
(red oak or white pine)/deer protection treatments (tree shelter or control) combination. The position
of each species/treatment combination was randomly assigned within each block. In the middle of
each experimental plot, one bitternut hickory or one black walnut was planted and was protected with
a tree shelter. The position of the two bitternut hickories and the two black walnuts within a block was
always crisscrossed. The position of the first black walnut or bitternut hickory position was randomly
assigned in the top left plot.

During the year preceding tree planting, a shelterwood cut was done in all blocks to increase light
availability in the understory and remove overtopping trees located in the middle of the blocks. Large
woody debris were also removed to facilitate the establishment of the experimental design. In early
May 2012, all trees were planted manually and no vegetation treatment was done. Two-year-old bare
root seedlings were used for red oak (2-0) and two-year-old container seedlings were used for white
pine (2-0). One-year-old bare-root seedlings were used for bitternut hickory and black walnut (1-0).
Height and basal diameter of seedlings at planting were respectively: 21 cm and 5.5 mm for white
pine; 70 cm and 11.2 mm for red oak, 38 cm and 8.3 mm for bitternut hickory, and 48 cm and 9.8 mm
for black walnut. Seedlings were provided by the Berthier nursery (Sainte-Geneviève-de-Berthier, QC)
of the Ministère des Forêts, de la Faune et des Parcs (MFFP) of Québec.

During the week following tree planting, tree shelters were installed. Homemade tree shelters
were conceived based on the model developed by Peter Kilburn (Model-K shelter), a private landowner
who has successfully planted more than 5000 hardwoods on his property in southern Québec.
The Model-K shelter was built using Vexar® construction plastic fence (MasterNet Ltd., Mississauga,
ON, Canada), which has a mesh size of 5 × 5 cm. Fence sections approximately 1 m wide were cut,

54



Forests 2018, 9, 499

rolled and attached (using tie-wraps) to form a cylinder, which was then slid through a hardwood
stake (2 m long above ground). Dimensions of the shelter were 120 cm in height by approximately
25–30 cm in diameter. The model-K shelter is ideal for underplanting because the large mesh size
of the fencing material casts very little shade on the seedling compared to solid or small mesh-size
commercial tree shelters developed for afforestation. As shown by Bardon et al. [67] the reduction
in light availability caused by some commercial tree shelters can reduce the growth and survival of
underplanted red oaks. The Model-K shelter can also be slid up on the wooden stake as tree height
increases, which eliminates deer browsing of the main stem.

2.3. Measurements of Survival, Tree Growth and Deer Browsing

At the end of each growing season (except year 5), survival of each tree was recorded. In September
of year 1 and 6 deer browsing on the main stem was evaluated for each living tree. Deer browsing data
are expressed in percent data (number of browsed trees/number of trees alive × 100). In September of
year 6, total tree height and basal diameter were measured on each living tree and DBH (1.3 m from
ground-level) was measured when possible. For trees with no DBH, the simple cone volume formula
was used to calculate stem volume [68]:

V = π DB
2H/12 (1)

where V is the stem volume (cm3), DB is the basal diameter (cm) and H is the tree height (cm). For trees
with a DBH value, the stem volume was measured by summing the volume of two stem sections (1)
from basal diameter to DBH and (2) from DBH to tree tip. For stem Section 2, Equation (1) was used,
but DB was replaced by a DBH value and H was replaced by the height of the stem section from DBH
to the tree tip. For stem Section 1, the following formula was used [69]:

V = π/12(D1
2+D2

2+D1D2) L (2)

where, V is the volume (cm3) of a stem section, D1 is the base diameter (cm) of the stem section, D2

is the diameter (cm) at the top of the stem section, and L is the length (or height) of the stem section.
Thus, the volume of stem Section 1 was measured by replacing D1 by a basal diameter value, D2 by a
DBH value and L by 130 cm in Equation (2).

2.4. Measurements of Shelterwood Characteristics

Over the years it became obvious that the main factor affecting white pine and red oak growth
and survival in the control treatment (no shelter) was deer browsing. Consequently, some ecological
variables were only measured in the tree shelter treatment in order to evaluate which factors, other
than deer, affect height growth. Descriptive statistics of ecological variables measured across the
25 blocks are presented in Table A1.

2.4.1. Overstory Structure and Composition

During summer 2012 (first growing season), residual basal area of all trees and saplings located
within block boundaries was calculated using diameter at breast height (DBH, 1.3 m from ground-level)
measurements. Since saplings (i.e., tree stems with DBH ranging 1.0–9.9 cm) were a minor component
of the shelterwoods, their basal area was combined with the basal area of trees to form a single basal
area index (i.e., total basal area) at the block level. Basal area was also calculated for dominant tree
species (Betula populifolia Marsh., Ulmus americana L. and Fraxinus americana L.). In the center of each
plot, hemispherical photographs were taken at the end of spring 2012. The camera was placed 90 cm
above the ground level with its back always facing north. The same procedure was repeated once in the
middle of the block position. Canopy openness data were obtained from hemispherical photographs
using the software Gap Light Analyzer V 2.0 (Simon Fraser University, Vancouver, BC, Canada).
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2.4.2. Relative Cover of Understory Vegetation

During August of the 6th growing season (2017), the relative vegetation cover in the understory
was determined visually at the plot-level for the most abundant species, genera or functional
group (i.e., Rubus spp., Gramineae spp., Solidago spp., Carex spp., Fragaria virginiana Duch.,
Phalaris arundinacea L. and Onoclea sensibilis L.). This sampling procedure was done only in plots
of the tree shelter treatment.

2.4.3. Soil Characteristics

During summer 2012 (first growing season), a composite soil sample was collected in each plot
(0–20 cm of depth). Soil samples were air dried and sieved (2 mm). Soil pH, clay, silt and sand content,
percent organic matter, cation exchange capacity (CEC) and base saturation were determined by the
Agridirect Inc. soil analysis lab in Longueuil (Québec). Methods used are those recommended by the
Conseil des productions végétales du Québec [70]. The determination of soil pH was made using a 1:1
ratio of distilled water to soil. For particle size analyses, the Bouyoucos [71] method was used. Percent
organic matter was determined by weight loss after ignition at 550 ◦C for 4 h. Cation exchange capacity
and base saturation were calculated following the recommendations of the Centre de référence en
agriculture et agroalimentaire du Québec [72], after Ca, K and Mg extraction with the Mehlich III
method [73] and concentration determination using ICP emission spectroscopy [74]. Total soil C and
N concentrations were determined by the combustion method at high temperature (960 ◦C) followed
by thermal conductivity detection. These analyses were done by the CEF lab (Dr. R. Bradley and
Dr. W. Parsons) at the University of Sherbrooke.

Soil macronutrient supply rates were determined using Plant Root Simulator (PRSTM-Probes)
technology from Western Ag Innovations Inc. (Saskatoon, SK, Canada). The PRS-probes consist of an
ion exchange membrane encapsulated in a thin plastic probe, which is inserted into the ground with
little disturbance of soil structure. Nutrient supplies observed with this method are strongly correlated
with nutrients concentrations or stocks obtained with conventional soil extraction methods over a
wide range of soil types [75]. On 22 June 2017 (6th growing season), four pairs of probes (an anion and
a cation probe in each pair) were buried in the A horizon of each plot for a 41-day period. After probes
were removed from the soil (2 August 2017), they were washed with distilled water, and returned to
Western Ag Labs for analysis (NO3, NH4, P, K, Ca, Mg, S). Composite samples were made in each plot
by combining the four pairs of probes. This sampling procedure was only done in red oak and white
pine plots of the tree shelter treatment.

2.5. Statistical Analyses

2.5.1. Red Oak and White Pine Data

Main effects (Tree species and Deer protection treatment) and interaction effects (Tree species ×
Deer protection treatment) on measured variables were analyzed using two-way ANOVA in a fixed
factorial design [76]. For survival data, the ANOVA was done with data from the 100 experimental
plots (2 species × 2 treatment × 25 blocks = 100 experimental plots). However, for tree growth and
main stem browsing data collected after 6 years, the ANOVA was done with data from only 21 blocks
(84 experimental plots) given that no living red oak was found in the control treatment of 4 blocks.
Following ANOVA, the normality of residuals was verified using the Shapiro-Wilk W-test. Survival
data for year 4 were logit transformed to satisfy the ANOVA assumption of normality in residuals
distribution [77]. However, all survival data are reported in percent values. Main effects or interaction
effects were declared statistically significant for three levels of significance (p < 0.05, p < 0.01 and
p < 0.001).

In this study, 8 blocks were located in the White ash community type and 17 blocks were located
in the Grey birch-balsam poplar-elm community type (referred to as the Grey birch community in
Tables). Thus, we evaluated if survival and height growth of white pine and red oak, in both treatments
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(deer protection and control), significantly differed between community types using Student’s t-test.
An individual t-test was done for each tree species/deer protection treatment combinations. Using
the mean value at the block level for the different ecological variables (basal area, canopy openness,
understory plant cover, soil characteristics), a t-test was also used to determine if ecological variables
significantly varied between the two forest community types. All t-tests were run at an alpha level
of 0.05.

To evaluate which ecological factors (measured as continuous variables) were significantly
correlated with red oak or white pine total height after 6 years in the tree shelter treatment, a correlation
matrix, with Pearson correlation coefficients (r), was used (Table A2). Linear and non-linear regressions
between ecological factors and red oak or white pine height growth were then developed. Bivariate
regression models were selected based on the normality of residuals distribution, which was evaluated
using the Shapiro-Wilk W-test. Plot-level data were used for soil variables, understory plant cover
variables and canopy openness, while block-level data where used for total basal area or species-specific
basal area.

2.5.2. Bitternut Hickory and Black Walnut Data

The effect of tree species on growth and survival was analyzed using a one-way ANOVA in a fixed
factorial design [76]. In each block, the two trees of a single species (bitternut hickory or black walnut)
were considered as a plot in the ANOVA (see Figure 2). For survival data, the ANOVA was done
with data from the 50 experimental plots (2 species × 25 blocks = 50 experimental plots). However,
for tree growth data collected after 6 years, the ANOVA was done using data from only 23 blocks
(46 experimental plots) given that no living black walnut was found in 2 blocks. We also evaluated
if survival and height growth of bitternut hickory and black walnut significantly varied between
forest community types using the Student t-test procedure for means separation. Using mean value
at the block level for the different ecological variables, a correlation matrix, with Pearson correlation
coefficients (r), was used to identify significant factors affecting height growth (Table A2). Linear
and non-linear regressions between ecological factors and bitternut hickory or black walnut total
height after 6 years were then developed. Models were selected based on the normality of residuals
distribution, which was evaluated using the Shapiro-Wilk W-test. All statistical analyses were done
using JMP 11 from SAS Institute (Cary, NC, United States).

3. Results

3.1. Effect of Tree Species and Deer Protection Treatments on Survival and Growth

For survival data of red oak and white pine, the two-way ANOVA showed significant (p < 0.001)
Tree species × Deer protection treatment interaction effects for all years except year 1, where tree
survival ranged 99%–100% across all species/treatment combinations (Figure 3a). After 6 years, the
highest survival rate was observed for white pine in the shelter treatment (93.5%), while the lowest
survival rate was observed for red oak in the control treatment (29%). Similar survival rates were
observed for unprotected white pine (79.5%) and sheltered red oak (80.5%). Results from Figure 3a
also show that tree mortality occurred gradually over the years for unprotected white pine and red
oak. A significant Species effect on deer browsing of the main stem was observed for unprotected
trees after 1 year, with 75% of red oak trees being browsed vs. only 0.5% for white pine (Figure 3b).
However, during the 6th growing season, deer browsing was recorded on about half of living trees for
both species.

For growth data of red oak and white pine after 6 years, the two-way ANOVA showed significant
Tree species and Deer protection treatment effects on total height, basal diameter and stem volume,
but non-significant interaction effects (Figure 4). White pine growth was significantly higher than red
oak growth across treatments, while the growth of sheltered trees was significantly higher than the
growth of unprotected trees across species. After 6 years, the mean height of sheltered white pine and
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red oak was 217.9 cm and 138.5 cm, respectively, while the mean height of unprotected white pine
and red oak was 146.3 cm and 44.3 cm, respectively. Stem volume of white pine was 55% higher in
the shelter treatment compared to the control, while stem volume of red oak was 610% higher in the
shelter treatment compared to the control.

For growth and survival data related to bitternut hickory and black walnut growing in tree
shelters, the one-way ANOVA showed significant Tree species effects on survival rate, basal diameter
and stem volume after 6 growing seasons (Table 1). While survival of black walnut was inferior to
that of bitternut hickory (64% vs. 90%, respectively), stem volume of walnut was 5.5 times higher than
stem volume of hickory. However, height growth of both species was similar after 6 years.

 

Figure 3. (a) Tree species × Deer protection treatment interaction effect on survival rate of underplanted
red oak and white pine measured after 1, 2, 3, 4 and 6 years of growth in young forest stands. The
interaction effect is significant (p < 0.001) for all years, except for year 1 (p = 0.51) and the standard
error of the mean (SE) is 3.5% for year 6. (b) Tree species effect on deer browsing of the main stem of
underplanted trees in the control treatment. The species effect on stem browsing is only significant for
year 1 (p < 0.001).

Figure 4. (a) Total height (b), basal diameter, and (c) stem volume of underplanted red oak and white
pine in the tree shelter and control treatments (no deer protection) after 6 growing seasons in young
forest stands. The interaction effect is not significant for total height (p = 0.19), basal diameter (p = 0.81)
and stem volume (p = 0.19). The Species effect is significant at p < 0.001 for all variables. The Deer
protection treatment effect is significant at p < 0.001 for total height and at p < 0.01 for basal diameter
and stem volume. Pine = white pine and Oak = red oak.
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Table 1. Tree species effect on survival, height, basal diameter, stem volume of underplanted bitternut
hickory and black walnut after 6 growing seasons in young forest stands (all trees protected with
shelters). SE = standard error of the mean.

Species Survival (%) Total Height (cm) Basal Diameter (mm) Stem Volume (cm3/tree)

Bitternut hickory 90 162 16.4 158
Black walnut 64 171 27.6 862

SE 3.6 17 2.1 316
p-value <0.001 0.74 <0.001 <0.05

3.2. Effect of the Forest Community Type on Ecological Variables, and on Tree Survival and Growth

Results from Table 2 show that the mean value of several ecological variables was statistically
different between the White ash and Grey birch-balsam poplar-elm community types. Compared to
the Grey birch-balsam poplar-elm community type, the White ash community type was characterized
by a lower total basal area and canopy openness, but higher soil fertility in terms of soil NO3 supply
rate and CEC. The understory of the White ash community type was also characterized by a lower
cover of Gramineae and Solidago species, but a higher cover of Rubus and Carex species.

After 6 years, the total height of the four tree species protected with tree shelters was statistically
different between the two forest community types (Table 3). The three hardwood species were taller
in the White ash community type, while white pine was taller in the Grey birch-balsam poplar-elm
community type. In terms of magnitude, the total height of white pine was the least affected by the
forest community type, while the total height of black walnut was the most affected (Table 3). After
6 years, the survival of sheltered white pine was also higher in the Grey birch-balsam poplar-elm
community type (97.1% ± 2.4%) vs. the White ash community type (85.9% ± 3.4%), while the survival
rate of sheltered hardwood species was not statistically different between forest community types.

For unprotected white pine, total height, survival and main stem browsing were also statistically
different between the two forest community types after 6 years (Table 4). Unprotected white pines
were taller, less browsed and had higher survival rate in the Grey birch-balsam poplar-elm community
type, compared to the White ash community type. For unprotected red oak, total height, survival and
stem browsing were not statistically different between the forest community types.

Table 2. Mean value (± standard error) of selected environmental variables in the two forest community
types (N = 8 blocks in the White ash community type and N = 17 blocks in the Grey birch-balsam
poplar-elm community type). All means are statistically different between community types at the
α = 0.05 level following Student’s t-test. d = days.

Community
Type

Stand Structure Soil Understory Plants

Total Basal
Area

(m2/ha)

Canopy
Openness

(%)

CEC
(meq/100 g)

NO3 Supply
(µg/10

cm2/41d)

Gramineae
spp. (%)

Rubus
spp. (%)

Solidago
spp. (%)

Carex spp.
(%)

White ash 10.8 ± 1.7 25.9 ± 1.8 18.5 ± 0.5 89.8 ± 13.6 5 ± 6 39 ± 4 25 ± 7 11 ± 2
Grey birch 16.3 ± 1.1 35.9 ± 1.2 16.4 ± 0.3 14.9 ± 9.3 26 ± 4 3 ± 3 45 ± 5 2 ± 1
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Table 3. Mean total height growth (± standard error) after 6 years for underplanted tree species
protected with tree shelters in the two forest community types (N = 8 plots in the White ash community
type and N = 17 plots in the Grey birch-balsam poplar-elm community type for red oak, white pine
and bitternut hickory. For black walnut, N = 8 plots in the White ash community type and N = 15 plots
in the Grey birch-balsam poplar-elm community type. All means are statistically different between
community types at the α = 0.05 level following Student’s t-test.

Community Type
Total Height of Sheltered Trees (cm)

Red Oak White Pine Bitternut Hickory Black Walnut

White ash 200.5 ± 23.1 192.8 ± 8.7 214.0 ± 20.0 287.9 ± 34.8
Grey birch 131.1 ± 15.9 230.4 ± 6.0 126.3 ± 13.7 108.0 ± 25.4

Table 4. Mean total height growth, survival rate and main stem browsing (± standard error) after
6 years for unprotected white pine in the two forest community types (N = 8 plots in the white ash
community type and N = 17 plots in the Grey birch-balsam poplar-elm community type). All means
are statistically different between community types at the α = 0.05 level following Student’s t-test.

Community Type
Unprotected White Pine

Total Height (cm) Survival (%) Stem Browsing (%)

White ash 87.5 ± 14.1 59.4 ± 7.0 81.5 ± 6.7
Grey birch 163.5 ± 9.6 89.0 ± 4.8 34.5 ± 4.6

3.3. Relationships between Shelterwood Characteristics and Total Height after 6 Years for Red Oak, White Pine,
Bitternut Hickory and Black Walnut Protected with Tree Shelters

For white pine, significant positive relationships were observed between canopy openness or the
basal area of grey birch and total height, while soil CEC was found to be a significant negative predictor
of total height (Figure 5). For red oak, significant positive relationships were observed between the
cover of Rubus species or soil CEC and total height (Figure 6). For bitternut hickory, significant positive
relationships were observed between the cover of Rubus species or soil NO3 supply rate and total
height, while a significant negative relationship was observed between the basal area of grey birch
and total height (Figure 7). For black walnut, six ecological variables were found to be significantly
correlated with total height (Figure 8). Soil NO3 supply rate, soil CEC and the cover of Rubus species
in the understory were positive predictors of walnut total height, while total tree basal area, the basal
area of grey birch and the cover of Gramineae species in the understory were negative predictors of
walnut total height (Figure 8).

 

Figure 5. White pine (Pinus strobus) total height after 6 years in the tree shelter treatment as a function
of (a) canopy openness, (b) soil cation exchange capacity (CEC) and (c) basal area (BA) of grey birch
(Betula populifolia) in the overstory. N = 25 plots for each relationship.
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Figure 6. Red oak (Quercus rubra) total height after 6 years in the tree shelter treatment as a function of
(a) cover of Rubus species in the understory and (b) soil cation exchange capacity (CEC). N = 25 plots
for each relationship.

 

Figure 7. Bitternut hickory (Carya cordiformis) total height after 6 years as a function of (a) cover of
Rubus species in the understory, (b) soil NO3 supply rate and (c) the basal area (BA) of grey birch
(Betula populifolia) in the overstory. N = 25 plots for each relationship.

 

Figure 8. Black walnut (Juglans nigra) total height after 6 years as a function of (a) soil NO3 supply rate,
(b) soil cation exchange capacity (CEC), (c) total basal area (BA) of trees in the shelterwood, (d) basal
area (BA) of grey birch (Betula populifolia) in the overstory, (e) cover of Rubus species in the understory
and (f) total cover of grass (Gramineae) species in the understory. N = 23 plots for each relationship.
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4. Discussion

4.1. Deer Impact on Red Oak and White Pine Survival and Growth

In northeastern North America, the overabundance of deer is a growing problem for the
regeneration of several hardwood and coniferous species [3,10–12]. As hypothesized, the survival and
growth of red oak and white pine were significantly decreased when these species were underplanted
without tree shelters (Figures 3 and 4). Only 29% of unprotected red oaks survived after 6 growing
seasons, and the average total height of survivors was lower (44.3 cm) than average seedling height at
planting (70 cm). This contrasts with the high survival (80.5%) and total height (138.5 cm) achieved by
red oak in the tree shelter treatment (Figures 3 and 4). Two decades ago, it was possible to achieve
successful underplanting of red oak without tree shelters at the study site [27], however, this is no
longer possible because of increased deer density.

For white pine, the impact of deer was less striking than for red oak (Figures 3 and 4). By the
end of the first growing season, 75% of red oaks had their main stem browsed, while almost no deer
browsing was observed on white pine seedlings (Figure 3b). Such a browsing pattern reflects the
tendency of deer to browse heavily on deciduous species during the growing season, while conifers
are more heavily browsed during the dormant season when other food sources are scarce [10]. Also,
at planting, white pine seedlings were relatively small (21 cm of height) and less conspicuous in the
understory vegetation, compared to taller red oak seedlings (70 cm). Small white pine seedlings were
also protected by snow during the first winters (B. Truax, field observations). Thus, even though a
similar proportion of red oaks and white pines had their main stem browsed during the 6th growing
season (Figure 3b), the vulnerability of red oak to browsing was greater. However, browsing of white
pine lateral branches in the control treatment remained severe despite that many 6 year-old trees had
their terminal shoot above the browsing line (Figure 9a). Thus, even though pines had their lateral
branches constrained in the tree shelters, this silvicultural treatment was highly efficient at increasing
growth and survival (Figures 3, 4 and 9b). Furthermore, in the control treatment, no red oak was
observed above the browsing line in June 2018 (7th growing season), which suggests that mortality
induced by over-browsing will likely increase in the subsequent years.

 

Figure 9. (a) Heavy browsing on white pine lateral branches in the control treatment. (b) White
pines in the tree shelter treatment growing in the Grey birch-balsam poplar-elm community type (6th
growing season).
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4.2. The Effect of Shelterwood Characteristics on Underplanted Tree Growth

After 6 years, the forest community type had an important effect on the total height of all
hardwoods and white pine protected with tree shelters (Table 3). White pine was the only species
with a higher total height and survival in the Grey birch-balsam poplar-elm community type (Table 3,
Section 3.2, Figure 9b). White pine was also the species with the smallest total height difference
between the two community types (Table 3), an indication of its wider ecological amplitude compared
to the studied hardwoods.

Previous observations have shown that white pine grows well on imperfectly drained and lower
fertility soils when no hardwood competition is present, with grey birch being an associated forest
cover of this species [37,46]. White pine also has a very efficient nitrogen retention strategy, which
allows its establishment in environments dominated by herbaceous vegetation, despite the strong
competition for soil nitrogen [24,78]. Although white pine is intermediate in shade-tolerance [37],
controlled and field experiments have shown strong positive relationships between canopy openness,
gap size or light availability and seedling height or shoot biomass growth [79–81]. In this study the Grey
birch-balsam poplar-elm community type had regenerated on an imperfectly drained old-field and
was characterized by the lowest soil fertility, the highest canopy openness, an understory dominated
by forbs and grasses, and the absence of hardwood competition in the understory and mid-story
(Table 2). Thus, it is not surprising that white pine outcompeted the three hardwood species in the
Grey birch-balsam poplar-elm community type since these hardwood species are very sensitive to
competition from herbaceous species, and they generally require good drainage conditions and higher
soil fertility to reach optimal growth [44,50,51,56,57,59,78]. Consistent with the community type effect
observed on white pine growth, and previous knowledge about white pine ecology, the total height
of this species in the shelter treatment was positively related to canopy openness and the basal area
of grey birch, but negatively related to soil CEC (Figure 5). Also, because 17 of the 25 blocks of the
experimental design were located in the Grey birch-balsam poplar-elm community type, it is not
surprising that white pine had better overall growth and survival than red oak (Figures 3 and 4).

While canopy openness was strongly related to white pine total height in the shelter treatment
(R2 = 0.43, p < 0.001) (Figure 5a), no such significant relationship was observed between these two
variables in the control treatment (R2 = 0.15, p = 0.06). This suggests that deer browsing overrides the
canopy openness effect on unprotected white pine growth, which contrasts with observations made
in northern Wisconsin (United States) [81]. A possible explanation would be the potentially higher
deer population density at our study site. Unprotected white pine also had significantly higher total
height and survival in the Grey birch-balsam poplar-elm community type, with height and survival
differences between the two community types being much larger for unprotected vs. sheltered pine
(Tables 3 and 4). Because they had a slower height growth, white pines in the White ash community
type were likely to be subjected to more intense and repeated browsing of their terminal shoots
(Table 4).

In the northern hardwood forest ecosystem, red oak, bitternut hickory, black walnut and white ash
are associated species in several habitats, while grey birch is generally not an associated forest cover
of these species [44,49,51,53,54,56]. Accordingly, all hardwood species reached higher total height in
the White ash community type (Table 3, Figure 10), where soil fertility was higher and the understory
dominated by Rubus species, and not by grasses and forbs (Table 2). Consistent with this community
type effect, the height of the three hardwood species was positively and significantly correlated with
Rubus cover and with at least one soil fertility indicator (CEC or NO3 supply rate), while bitternut
hickory and black walnut total height was also negatively correlated with the basal area of grey birch
in the overstory (Figures 6–8).
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Figure 10. Underplanted hardwoods growing in the White ash community type at the beginning of
the 7th growing season (early June 2018); (a) red oak, (b) bitternut hickory, and (c) black walnut.

Many authors have suggested that a moderate Rubus cover has a facilitating effect on underplanted
oaks, because such a vegetation cover temporarily hides seedlings from large herbivores without
being too competitive for light and nutrients [29,34,40]. Conversely, a dense Rubus cover under canopy
gaps can interfere with red oak [81]. In this study, neither the height, the survival nor the main stem
browsing of unprotected red oaks was statistically different between the two community types, which
suggests little facilitating effect of Rubus in the White ash community type. At high deer densities,
Rubus species are also severely browsed [13], potentially reducing their sheltering effects on hardwood
seedlings. On the other hand, habitats supporting Rubus species regionally have fairly good soil
drainage [82], and relatively high soil fertility in terms of NO3 availability given that Rubus species are
nitrophilous [83]. Such soil conditions are beneficial to the studied hardwoods [51,57], despite that
red oak, black walnut and hickories have a slight preference for NH4 uptake [84–86]. Being highly
sensitive to grass competitors, the studied hardwoods [50,59,87,88] may also benefit from the reduction
in herbaceous plant cover following understory colonization by Rubus species [81].

Among the studied species, black walnut is probably the most sensitive to competition for soil
resources by herbaceous vegetation. A negative relationship (R2 = 0.46, p < 0.001) between Gramineae
cover in the understory and total height was observed for black walnut (Figure 8f), but not for the
other hardwoods. The strong and steep negative relationship (R2 = 0.68, p < 0.001) between total basal
area and total height of black walnut (Figure 8c) is consistent with its shade-intolerance [56]. On the
other hand, canopy openness or total basal area were not correlated with total height of red oak and
bitternut hickory, suggesting that competition for light by shelterwood trees was not a strong factor
affecting these moderately shade-tolerant species [9,36,51].

As hypothesized, black walnut was the most sensitive species to environmental conditions
prevailing in the studied shelterwoods, with six ecological factors being significantly related to its total
height after 6 years (Figure 8). Among trees growing in shelters, black walnut was also the species with
widest total height difference between the two community types (Table 3), and the lowest survival
rate (64%). Such results are consistent with the relatively narrow niche occupied by black walnut
at the northern limit of its range, where it mostly regenerates in open forest habitats on rich soils of
well-drained bottomlands [43].

A potential limitation of this study pertains to the physical constraint of the shelters on tree
architecture and development. The use of fence enclosures around plots would have allowed
unrestricted tree development, and a potentially more accurate quantification of ecological factors
affecting growth.
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4.3. Management Implications for Forest Restoration and Hardwood Species Migration

This study is the first to document the major impact of deer on underplanted red oak and white
pine in the southern Québec region. Moreover, to our knowledge, few studies have documented the
establishment success of underplanted black walnut and bitternut hickory in the northern hardwood
forest ecosystem. Despite the fact that conclusions from this study where only drawn from a single
site, several management implications should be considered in the context of forest restoration and
tree species migration into more northern forest ecosystems.

Considering that high deer densities are now common throughout the southern Québec
region [89], it is clear from this study that without protection from deer, red oak restoration in young
forest ecosystems will be challenging (Figures 3 and 4). The deer browsing situation in the study
area is of lesser concern for white pine, although the use of tree shelters resulted in a 14% increase in
survival and a 49% increase in total height after 6 years. While underplanted white pine grows much
slower than it does on clearcut sites [3], open sites produce pines with a large branch biomass, which
adversely affects wood quality [25]. Moreover, open sites increase vulnerability to damaging agents
such as the white pine weevil, which affects the terminal shoot and leads to excessive branching [25].
Large openings or 50% canopy cover are thus recommended to maintain good growing conditions
(Figure 5a), early branch self-pruning, and reduced damages by the blister rust and the pine weevil [25].
In southern Québec, many grey birch stands have regenerated on imperfectly drained pasture sites
and along riparian corridors located on farmland (B. Truax and J. Fortier, personal observations). These
grey birch stands could be targeted for white pine restoration.

For the studied hardwoods, we found that the mesic White ash forest community type was a
more suitable shelterwood than the grey birch stands. Thus, white ash stands could be targeted for
hardwood restoration, as white ash is an important forest associate of many northern hardwood
species [90]. Moreover, considering that the emerald ash borer (Agrilus planipennis Farmaire) will very
likely continue to spread in southern Québec, canopy gaps created following white ash mortality could
provide suitable light conditions for hardwood underplanting.

This study provides rare evidence that underplanting can be suited for bitternut hickory and
black walnut, two species often growing poorly in open environments where the soil has been strongly
disturbed (e.g., old-fields and mined land) [17,50,58,59,91]. In the province of Québec (Canada),
bitternut hickory stands are mostly found in the St-Lawrence Valley and on the Precambrian Shield
foothills [43,48,49,53,54]. However, bitternut hickory is not found in the mountain forests of northern
New England (United States), just south of the study site (Figure 1A) [51]. Yet, this study supports
the notion that this species has the potential to grow on mesic sites of the Québec Appalachians,
as depicted by the distribution map of Carya species made by Marie-Victorin in the early 1900s [52].

It was recently proposed that migration of bitternut and shagbark hickory will be constrained by
soil fertility in the province of Québec [16]. However, in the eastern United States, the recent landscape
and stand scale analysis of Lefland et al. [9] has shown that dry, acidic, and nutrient-poor sites favor
the establishment of hickories. Moreover, at the northern limit of its range, on the Precambrian Shield
foothills of the Outaouais region (Québec), bitternut hickory has been found in association with red
oak and white oak (Quercus alba L.) on steep slopes having thin, nutrient-poor and dry soil, with pH
ranging 3.9–4.7 [53]. Thus, there is no reason why bitternut hickory should not be underplanted in
the Appalachian region of southern Québec, especially in a context where soil water content of forest
ecosystems is expected to decline regionally with climate change [14]. Additional studies are also
needed to evaluate the growth potential of shagbark hickory (Carya ovata) in the study area given that
bitternut and shagbark hickories are associates on upland sites [9,51].

This study provides the first evidence of establishment success of black walnut in forest ecosystems
located northward of its natural range. Black walnut growth was correlated to numerous ecological
factors (Figure 8), an indication that proper site selection will lead to successful underplanting. Being
shade-intolerant, black walnut may require larger canopy gaps than red oak or bitternut hickory to
maintain good growth potential at the juvenile stage. In southern Illinois (United States), black walnut
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planted in 20 m2 clearcut gaps achieved more than 90% survival after 7 years, but annual herbaceous
vegetation control was necessary to achieve good growth (height > 5 m) [92].

In southern Québec, many post-agricultural forests have little hardwood regeneration because of
over-browsing and/or of a lack of seed sources in the surrounding landscape [89,93,94]. While such
a situation is worrisome for forest ecosystem integrity and resilience, it creates ideal conditions to
underplant oak and white pine, which are adversely affected by tall hardwood competition (>1.5 m)
in the understory [37,45,46,95]. Moreover, as shown by Lucas et al. [96], increased nutrient inputs
through deer fecal and urine deposits along with competition reduction caused by deer browsing, had
a positive effect on the growth rate of mature red oak. Thus, if trees are protected by shelters, they will
likely have good growing conditions in the post-agricultural forests of southern Québec.

The type of tree shelter (Model-K) used was well-suited for underplanting because very little light
is intercepted by the fencing material (Figures 9b and 10). Smaller mesh size or opaque commercial tree
shelters have been found to have little positive effect on white pine in open environments, and to even
have negative effects on underplanted red oak [67,97]. Yet, the large mesh size (5 cm) of the fencing
material allowed some leaves and branches to grow outside the shelter and therefore be browsed by
deer. Besides, during the 6th growing season, we had to replace many rotten stakes. If not replaced in
a timely manner, rotten stakes break with snow packing and wind, and the shelter falls on the ground
with the tree it contains. Such an occurrence was observed in the spring of the 7th growing season
in blocks exposed to the dominant wind (B. Truax and J. Fortier, field observations). Lifting up the
fencing material on the wooden stake is also recommended to maintain protection of the terminal
shoot. Freeze and thaw cycles, and probably deer collisions, also reduced the stability of the wooden
stakes, which had to be hammered down on a few occasions during the 6 years of the experiment.
Ideally, to reduce shelter maintenance, we recommend the use of metal stakes.

5. Conclusions

This study showed that the use of tree shelters against deer browsing was essential to successfully
establish underplanted red oak in southern Québec, where deer densities above 20 individuals/km2

are now common in many areas [89]. Unprotected white pine achieved satisfactory growth, but the
use of tree shelters was clearly beneficial.

Distinctive growth response for white pine and hardwoods (growing in tree shelters) was observed
between the two forest community types underplanted. White pine achieved higher total height in the
Grey birch-balsam poplar-elm community type, while hardwoods reached higher total height in the
White ash community type, which was characterized by a better soil drainage, higher soil fertility, and
low herbaceous competition. The height growth of all hardwoods was positively correlated with at
least one soil fertility indicator, and with the cover of Rubus species, while the height growth of white
pine was negatively correlated to soil fertility and positively correlated to canopy openness. Across
the two community types, white pine had the smallest growth variation, while black walnut had the
largest. Moreover, black walnut had the largest number of ecological factors significantly correlated
with its total height, with the strongest relationships being observed with shelterwood total basal area
and soil NO3. This suggests that site selection for underplanting should be species-specific.

Lastly, underplanting was found to be a suitable method for starting black walnut migration
northwards and for bitternut hickory restoration. Within the global change context, additional studies
are required to determine the optimal shelterwood environments for black walnut and hickories at,
or beyond, the northern limit of their actual range, given their high-value for biodiversity and timber
production. White ash mortality induced by the emerald ash borer may provide suitable shelterwood
conditions to restore or introduce nut producing hardwoods.
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Figure A1. Study site location in southern Québec, Canada.
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Table A1. Descriptive statistics for the ecological variables measured across all blocks. For each
variable, descriptive statistics where obtained from block averages (N = 25 blocks).

Component Variable 1 Min. Max. Median Mean Std. dev.

Soil pH 4.7 5.6 5.3 5.3 0.2
CEC (meq/100 g) 14.3 19.9 16.7 17.1 1.7

Base saturation (%) 31.0 58.7 45.4 45.3 8.1
NO3 (µg/10 cm2/41d) 4.9 239.6 16.7 38.8 51.8
NH4 (µg/10 cm2/41d) 3.0 39.0 4.4 5.9 7.0

P (µg/10 cm2/41d) 1.1 8.7 2.8 3.1 1.7
K (µg/10 cm2/41d) 7.4 92.4 26.4 34.1 22.3
Ca (µg/10 cm2/41d) 1561 2384 2095 2040 228
Mg (µg/10 cm2/41d) 286 567 432 430 64
S (µg/10 cm2/41d) 17 128 55 58 27
Organic matter (%) 6.9 13.4 10.6 10.3 1.6

C/N 9.4 12.0 10.8 10.8 0.7
Clay (%) 0 62 26 30 13
Silt (%) 18 83 44 44 11

Sand (%) 0 58 29 26 11
Stand Canopy openness (%) 20.8 46.2 34.0 32.7 6.9

structure and Total BA (m2/ha) 3.5 21.8 16.3 14.5 5.3
composition Betula pop. BA (m2/ha) 0 20.1 13.5 11.0 6.7

Ulmus am. BA (m2/ha) 0 11.8 0.0 1.2 3.1
Fraxinus am. BA (m2/ha) 0 10.8 0.0 1.0 2.6

Understory Rubus spp. (% cover) 0 73 3 14 20
plant cover Gramineae spp. (% cover) 0 75 15 19 18

Solidago spp. (% cover) 8 80 38 38 21
Fragaria virginiana (% cover) 1 45 18 20 13

Carex spp. (% cover) 0 28 2 5 7
Phalaris arundinacea (% cover) 0 33 5 9 10

Onoclea sensibilis (% cover) 0 16 0 3 4

1. Abbreviations used in Table A1: CEC (cation exchange capacity), BA (basal area), pop. (populifolia), am. (americana),
min. (minimum value), max. (maximum value), std. dev. (standard deviation), d (days).

Table A2. Correlation matrix between total height after 6 years for the four studied tree species and
selected ecological variables.

Red oak
Total

height
Rubus
cover

Soil CEC

Total height 1.00 0.61 0.50
Rubus cover 0.61 1.00 0.49

Soil CEC 0.50 0.49 1.00

White pine
Total

height
Canopy

openness
Soil CEC

Grey birch
BA

Total height 1.00 0.60 −0.52 0.41
Canopy openness 0.60 1.00 −0.29 0.49

Soil CEC −0.52 −0.29 1.00 −0.40
Grey birch BA 0.41 0.49 −0.40 1.00

Bitternut hickory
Total

height
Rubus
cover

Soil NO3
Grey birch

BA

Total height 1.00 0.65 0.48 −0.50
Rubus cover 0.65 1.00 0.76 −0.62

Soil NO3 0.48 0.76 1.00 −0.70
Grey birch BA −0.50 −0.62 −0.70 1.00

Black walnut
Total

height
Soil NO3 Soil CEC Total BA

Grey birch
BA

Rubus
cover

Gramineae
cover

Total height 1.00 0.91 0.49 −0.72 −0.71 0.78 −0.57
Soil NO3 0.91 1.00 0.45 −0.67 −0.69 0.75 −0.43
Soil CEC 0.49 0.45 1.00 −0.42 −0.59 0.46 −0.34
Total BA −0.72 −0.67 −0.42 1.00 0.76 −0.48 0.40

Grey birch BA −0.71 −0.69 −0.59 0.76 1.00 −0.60 0.61
Rubus cover 0.78 0.75 0.46 −0.48 −0.60 1.00 −0.57

Gramineae cover −0.57 −0.43 −0.34 0.40 0.61 −0.57 1.00

Correlation coefficients (r) in bold are significant at p < 0.05.
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Abstract: Establishing adequate advanced oak reproduction prior to final overstory removal is
crucial for regenerating oak forests in the eastern U.S. Many management approaches exist to this
end, but benefits associated with any individual technique can depend on the suite of techniques
employed and the geographic location. At four mixed-hardwood upland forest sites in central and
southern Indiana, we tested factorial combinations of deer fencing, controlled-release fertilization, and
various silvicultural techniques (midstory removal, crown thinning, and a shelterwood establishment
cut) for promoting the growth and survival of underplanted red oak seedlings. Crown thinning
resulted in slow growth and low survival. Midstory removal and the shelterwood establishment
cut were nearly equally effective for promoting seedling growth. Seedling survival was strongly
influenced by fencing, and differences in survival between silvicultural treatments were minimal
when fencing was employed. Fertilization had minimal effects overall, only increasing the probability
that unfenced seedlings were in competitive positions relative to surrounding vegetation. We suggest
that underplanting oak seedlings can augment natural reproduction, but the practice should be
accompanied by a combination of midstory removal and fencing, at a minimum, for adequate growth
and survival.

Keywords: Quercus rubra; oak regeneration; Central Hardwood Forest region; shelterwood;
deer herbivory

1. Introduction

Oaks (Quercus spp.) have been a foundational species in forests of eastern North America, but
have been failing to regenerate in recent decades [1,2]. Forests dominated by oaks are ecologically
and economically valuable as a source of timber, as a food source and habitat for wildlife, and for
relatively open stand characteristics that promote diverse understory flora [3]. These forests were
historically maintained by a frequent fire regime, and current oak dominance often reflects legacies of
heavy logging, burning, and grazing by early European settlers [2]. However, fire suppression, land
use changes, and the expansion of deer populations have dramatically altered disturbance regimes,
shifting forests towards less open stand conditions and resulting in a lack of large advance oak
reproduction in the understory to take advantage of periodic canopy openings [4,5]. Oak declined in
importance across 81% of forested area in the Central Hardwood Forest Region between 1980–2008 [6],
and oak regeneration becomes increasingly challenging as forest compositions shift towards more
shade-tolerant species, reducing light penetration to the forest floor, and further suppressing fire [7].

An array of silvicultural practices has been developed to counter the numerous obstacles to oak
regeneration. Oak are only moderately shade tolerant, and seedlings beneath dense midstory canopies
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grow slowly and have high mortality rates [8]. Moreover, single-tree selection and other partial
cutting practices favor the growth of shade-tolerant advance regeneration [9–11]. Conversely, oaks
are slow-growing and can be outcompeted in high light environments on productive sites following
more intensive harvests, such as commercial or silvicultural clearcuts [12,13]. Shelterwood techniques
have been used successfully, providing adequate light for oak growth and survival, while reducing the
advantage of shade-intolerant competitors [14–17].

Despite the relative effectiveness of shelterwood techniques, examples of regeneration failure in
shelterwoods still exist [13,18], and can be influenced by deer herbivory, site quality, and competitive
pressure [19]. The relative importance of these factors can vary geographically, causing uncertainty
in the outcomes of prescriptions designed to promote oak regeneration [20]. For example, stronger
understory competition on productive sites may make regeneration failure more likely in Indiana than
in Missouri [21]. Deer herbivory pressure can vary according to landscape-level factors, including the
amount of surrounding forest acreage [22].

Management context can be as important as geographic context for determining the effectiveness
of any single management action for promoting oak regeneration. Deer herbivory pressure on
hardwood seedlings can depend on the size of canopy gaps following different silvicultural
treatments [23], the amount of early successional habitat created by harvest openings [24,25], or the
application of understory competition control [18]. Fertilization improved height growth of planted
red oak seedlings in one study where those seedlings were protected from herbivory, particularly
in conjunction with understory competition control, but fertilization was confounded with lime
application [26]. However, red oak plantings do not always respond to nitrogen fertilization [27,28], and
fertilization can increase herbivory damage when seedlings are not protected, eliminating any potential
benefits to growth [29]. Interactive effects of different treatments coupled with geographic variability in
treatment effects make studies that examine multiple treatments in combination particularly important,
and such studies should be implemented in a variety of locations and conditions [20].

Temporal variability in acorn production creates an additional source of uncertainty when
developing prescriptions for oak regeneration [30], and asynchrony between management actions and
acorn mast crop can result in limited oak reproduction present to take advantage of release [31].
Underplanting oak seedlings (i.e., artificial regeneration, enrichment planting) may be a viable
approach to supplement poor natural reproduction and allow managers to precisely plan the timing
of silvicultural practices [19], but the approach increases the costs of securing oak regeneration. This
greater investment increases the economic consequences for managers and family forest landowners
in the event of regeneration failure.

The economic efficiency of planting oak seedlings depends upon not only the cost of planting
and other silvicultural treatments, but also the survival and competitive ability of those seedlings
during early stages of stand development [32]. In this study, we aimed to improve oak regeneration
prescriptions by directly testing the utility of commonly prescribed management actions for promoting
competitive advance oak reproduction, in combination with one another and at an operational scale in
central and southern Indiana. We expected that (1) a shelterwood establishment cut coupled with deer
exclusion fencing would be the most effective approach for promoting growth and survival of natural
and underplanted oak seedlings; (2) fertilization would increase growth and survival of underplanted
seedlings; and (3) the strength of any individual treatment effect would depend upon the combination
of treatments applied.

2. Materials and Methods

2.1. Site Descriptions

We conducted this study at four mature, mixed-oak forest sites in central and southern Indiana, US.
Study sites had no evidence of recent (at least 40–50 years) major disturbance, based on observations
of stand condition and ground evidence (i.e., lack of recent stumps, slash, etc.; RAR, pers. obs.).
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All sites had a well-developed midstory canopy of tree species dominated by sugar maple (Acer

saccharum Marshall), red maple (A. rubrum L.), and American beech (Fagus grandifolia Ehrh.). Three
sites were selected from properties managed by The Nature Conservancy (TNC) in southern Indiana:
(1) Wulfman Tract, a dry-mesic forest located in southeastern Harrison County; (2) Knapp Tract,
a dry-mesic forest located in north central Washington County; and (3) McKinney Tract, a dry to
dry-mesic forest located in eastern Brown County. The first two sites are located in the Mitchell Karst
Plain Section of the Highland Rim Natural Region of Indiana. The McKinney Tract is located in the
Brown County Hills Section of the same natural region [33]. These three sites are all located within
the unglaciated region of the state. A fourth site was located on the Purdue University Nelson-Stokes
property in northern Putnam County on the Tipton Till Plain Section of the Central Till Plain Natural
Region. Soils at Nelson-Stokes are formed in deep glacial till supporting densely stocked mesic to
dry-mesic forest.

Study sites represented a range of basal areas (BA), stocking levels, and overstory oak abundance.
Pre-treatment BA ranged from 23.9 m2/ha on the McKinney tract to 34.7 m2/ha on the Nelson-Stokes
tract (Table 1). Stocking levels at these sites ranged from 89% full stocking on the McKinney tract to
121% full stocking on the Nelson-Stokes tract. Oak abundance ranged from 21% of the total BA on
the Wulfman tract to 49% on the Knapp tract. Beech and maple accounted for 27% of the BA across
all tracts.

Table 1. Mean ± SE basal area (BA) estimates for silvicultural treatments in each sampling year. Initial
BA change was calculated as the percent change between Y0 and Y2 sampling periods for each plot.
Therefore, values displayed in the Initial BA Change column reflect means of the percent change in BA,
rather than the percent change in the means.

Treatment
Basal Area Initial BA Change

2007 (Y0) (m2 ha−1) 2009 (Y2) 2011 (Y4) † 2018 (Y10) Percent

Control 26.7 ± 3.2 28.5 ± 3.0 28.4 ± 2.7 23.9 ± 2.0 +7.0 ± 5.3 a

Midstory Removal 27.4 ± 3.1 21.3 ± 2.8 21.2 ± 2.6 20.8 ± 1.9 −24.1 ± 5.0 b

Thinning 30.1 ± 3.4 20.4 ± 3.2 20.7 ± 2.9 19.3 ± 2.1 −29.2 ± 5.7 b

Shelterwood 30.0 ± 3.1 20.2 ± 2.8 19.9 ± 2.6 17.9 ± 1.8 −36.1 ± 5.0 b

Letters indicate significant differences at α = 0.05; only pretreatment BA and percent change tested; † Nelson-Stokes
site re-measured 2010 (Y3).

2.2. Experimental Design

At each site, three to four plots, each ranging in size from 0.6 to 1.1 ha (1.5 to 2.7 acres) in size,
were randomly assigned one of three silvicultural treatments or as a control. The first treatment, a light
crown thinning with a residual stocking target of 70%–80% full stocking, was accomplished through a
marked commercial timber harvest followed by timber stand improvement to remove non-commercial
trees. Crown thinning removed lower-value timber and late successional species, and retained oak
species. The second treatment, a midstory removal treatment, removed all trees from 5.1 cm dbh
(diameter at breast height) (2.0 inches) to 20.3 to 30.5 cm (8.0 to 12.0 inches) dbh using chainsaw
felling, girdling, and herbicide application. Oaks and other desirable species were coppiced. The third
treatment was a shelterwood establishment cut that included light crown thinning to 70%–80% full
stocking, followed by the removal of all non-merchantable-sized trees down to 5.1 cm (2.0 inches)
dbh. Controls received no silvicultural treatment. All sites, other than the Knapp Tract, included each
treatment; the Knapp Tract did not include the light crown thinning treatment because a midstory
removal treatment had been previously implemented across the entire site, and addition of the light
crown treatment would have been akin to a second replication of the shelterwood establishment cut at
the site. In addition, control plots for the Knapp Tract were included on adjacent private land to avoid
the previous midstory removal treatment, prohibiting the inclusion of a fenced control plot.
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Half of each silvicultural treatment plot, including the control, was fenced to exclude deer using
an eight-feet-high polypropylene woven fence, resulting in a split-plot design (Figure 1). Within each
split plot, 100 1-0 northern red oak (Quercus rubra L.) seedlings were hand planted using KBC bars on a
grid with approximately 9.1 m × 9.1 m (30 ft × 30 ft) spacing. Immediately after planting, every other
seedling was fertilized with 60 g (2.1 oz) of Osmocote® Exact Lo-Start 15N-9P-10K plus minors, 16-
to 18-month release fertilizer (ICL Specialty Fertilizers—North America: Dublin, OH, US), resulting
in 50 fertilized and 50 unfertilized seedlings per split-plot. Fertilizer was applied directly adjacent to
seedling roots using a Pottiputki seedling planter (BAP Equipment, Ltd.: Baileyville, ME, US). Fences
were routinely maintained throughout the first 10 years of the study on the three TNC properties. The
fence on the Nelson-Stokes property was maintained through the fifth year.

Figure 1. Schematic layout of a single study site, showing the split-plot design created by fencing half
of the seedlings underplanted beneath each silvicultural treatment. We applied fertilizer to every other
seedling at planting.

2.3. Data Collection

Overstory composition and BA were sampled using four 405-m2 (0.1-acre) circular plots placed
systematically within each silvicultural treatment plot, with two in each fenced or unfenced split-plot.
Within 405-m2 plots, we measured diameter and recorded the species of all trees ≥5.1 cm (2.0 inches)
dbh. At the same plot center points, a 40.5-m2 (0.01-acre) circular plot was used to tally all tree saplings
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≥1 m (3.3 ft) tall and <5.1 cm (2.0 inches) dbh. Four 1-m2 (10.8-ft2) quadrats were permanently marked
3.6 m (11.8 ft) in cardinal directions from plot center to sample all tree seedlings <1 m (3.3 ft) tall.
Sampling occurred prior to treatment and again at years 2, 4, and 10.

Data on planted red oak seedlings were collected at year 10. We measured height to the nearest
1 cm (0.4 inch) using a height pole and measured ground line diameter (GLD) to the nearest 1 mm
(0.04 inch) using calipers for all surviving seedlings. We also assessed the competitive status of
surviving seedlings by recording the crown class of each seedling, relative to the same cohort of
woody regeneration, as well as its free-to-grow status. Free-to-grow status was assessed by projecting
a 90-degree cone from the apical bud of each seedling 1.2 m (4.0 ft) upwards and counting the number
of cone quadrants occupied by a woody competitor [34].

2.4. Statistical Analysis

We used generalized linear mixed-effects models (GLMMs) to analyze differences in height, GLD,
survival, and competitiveness of planted seedlings, as well as density of naturally regenerated oak
seedlings and saplings. Height and GLD were analyzed with a linear link (Gaussian distribution);
competitiveness and survival were analyzed with a logistic link (binomial distribution); and counts
of naturally regenerated seedlings and saplings were analyzed with a log link (Poisson distribution).
Competitiveness was treated as binary, and planted seedlings were considered competitive if their
crown class position was dominant or co-dominant, or if their crown class position was intermediate,
but they were free-to-grow (i.e., zero competitors in cone) because of sparse local competition.
GLMMs were initially fit with all possible two-way interactions, which were tested individually
for inclusion in each model using likelihood ratio tests (α = 0.05). GLMMs for the effects of treatments
on planted seedlings included random site intercepts as well as random treatment effects for each site.
To account for pretreatment differences between treatment plots, seedling densities were analyzed
with a repeated-measures approach. Limited numbers of sapling-size oak in earlier sampling years
restricted our analysis of naturally regenerated sapling densities to year 10. To test for significant
differences between treatment effects, we used planned contrasts with adjusted p-values for multiple
comparisons (α = 0.05). All analyses were conducted with R programming software, version 3.4.4 [35],
using the packages lme4 to build and run GLMMs [36] and multcomp to test planned contrasts [37].
R code and input data used in analyses can be found in Supplementary Materials.

3. Results

3.1. Overstory Conditions

Initial stand BA was slightly higher in plots randomly selected for crown thinning and
shelterwood treatments, but these differences were not statistically significant (F3,51.8 = 0.53, p = 0.66;
Table 1). Mean percent BA reductions between pretreatment values and the first post-treatment
sampling year were greatest for the shelterwood treatment, intermediate for the thinning treatment,
and lowest for the midstory removal treatment (Table 1). After initial treatments, stand BA declined
further during the interval between 2011 and 2017 samples, primarily due to storm damage (RAR,
personal observation). The greatest reductions in overstory BA during this interval occurred in control
plots (Table 1). Despite the similarities in total BA between thinning and midstory removal treatments
at all sampling periods following initial treatments, overstory size class distributions between these
treatments were markedly different both before and after perceived storm damage (Figure 2).
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Figure 2. Size class distributions for all trees 5.1 cm dbh (diameter at breast height) and greater, three
to four years and ten years after implementation of silvicultural treatments.

3.2. Artificial Regeneration

Of the 2900 seedlings planted at the commencement of this study in 2007, 866 survived to
March 2018 across all study sites and treatments. All silvicultural treatments increased seedling
survival relative to the control. With no additional treatments, midstory removal and the shelterwood
increased the odds of survival 3.9 and 4.7 times more than the thinning treatment, respectively
(Table 2). Compared to the crown thinning treatment alone, deer fencing had the strongest effect of
any additional treatment on seedling survival, including the effect of the shelterwood cut (Figure 3a).
However, a significant interaction between fencing and silvicultural treatment indicated that the
strength of this fencing effect varied depending on the treatment combination (χ2

3 = 27.03, p < 0.001).
Fencing was less consequential in the shelterwood than in the thinning treatment and had intermediate
effects when paired with midstory removal (Table 2). Fertilizing planted seedlings did not affect
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their odds of surviving to 10 years (χ 2
1 = 0.03, p = 0.86). Overall, 10-year survival approached or

exceeded 50 percent in all treatment combinations that included deer fencing and some silvicultural
treatment (Table 3).

Table 2. Results of mixed-effects logistic regression analyzing the effects of silvicultural treatments,
fencing, and fertilization on 10-year survival and competitiveness of underplanted northern red oak
(Quercus rubra L.) seedlings. Coefficients are presented on the log-odds scale.

Response Fixed Effects Estimate SE z Value Significance
95% Conf. Int.

Lower Upper

Survival

Silvicultural Treatment
Midstory Removal 3.817 a 0.630 6.055 *** 2.233 5.401

Thinning 2.781 b 0.659 4.218 *** 1.125 4.438
Shelterwood 4.317 a 0.629 6.865 *** 2.737 5.897

Fencing 2.838 0.686 4.136 *** 1.114 4.562
Fertilization 0.015 0.092 0.160 −0.217 0.246

Silvi. × Fence
MR × Fn −1.328 a 0.641 −2.071 −2.939 0.283
TH × Fn −0.712 a 0.663 −1.075 −2.377 0.952
SW × Fn −1.968 b 0.639 −3.082 * −3.572 −0.364

Competitiveness

Silvicultural Treatment
Midstory Removal † - -

Thinning −2.000 a 0.820 −2.439 · −4.181 0.181
Shelterwood 0.341 b 0.437 0.780 −0.821 1.503

Fencing 1.790 0.401 4.464 *** 0.724 2.856
Fertilization 0.974 0.313 3.106 * 0.140 1.807

Silvi × Fence
TH × Fn 1.831 a 0.778 2.353 −0.238 3.899
SW × Fn −0.318 b 0.358 −0.890 −1.269 0.633

Fert × Fence −0.795 0.357 −2.227 −1.744 0.154
† Reference level; Superscripts indicate significant differences at α = 0.05 between levels of a factor. Significance
levels are displayed as p < 0.10, * p < 0.05, ** p < 0.01, *** p < 0.001.

Table 3. Predicted probabilities of seedling survival and competitiveness generated from the most
parsimonious mixed-effects logistic regression models for each response after ten years. Probability
of competitiveness is relative to the number of seedlings initially planted. Treatments are listed in
descending order by predicted probability of competitiveness. MR midstory removal; TH thinning;
SW shelterwood.

Silvicultural Treatment Fence Fertilized
Predicted Probability

of Survival
Predicted Probability
of Competitiveness

SW Y Y 0.531 0.161
MR Y Y 0.565 0.158
SW Y N 0.527 0.138
TH Y Y 0.461 0.137
MR Y N 0.562 0.135
TH Y N 0.457 0.117
SW N Y 0.321 0.089
MR N Y 0.223 0.065
SW N N 0.318 0.035
MR N N 0.220 0.025
TH N Y 0.092 0.009
TH N N 0.091 0.004

Control Y Y 0.097 –
Control Y N 0.096 –
Control N Y 0.006 –
Control N N 0.006 –
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Figure 3. Mean (±SE) survival (a), competitiveness (b), height (c), and ground-line diameter (d) of
underplanted northern red oak (Quercus rubra L.) seedlings ten growing seasons after planting with
different silvicultural, fencing, and fertilization treatments. MR midstory removal; TH light crown
thinning; SW shelterwood establishment cut.

In addition to increasing survivorship, deer fencing resulted in significantly greater height and
diameter growth of surviving seedlings, and the absence of significant interactions between fencing and
other treatments indicated that these effects were consistent across treatment combinations (Table 4).
Mean increases in 10-year height and diameter growth attributable to fencing ranged from 24–43 cm
(9.4–16.9 inches) and 1.5–3.6 mm (0.06–0.14 inches), respectively, in different treatment combinations.
The effect of fencing on seedling height varied between study sites, but was consistently positive.
Mean heights of all surviving seedlings planted in fenced areas relative to unfenced areas ranged
from 13.5 cm (6.6%) greater at the Nelson-Stokes tract to 50.1 cm (81.8%) greater at the McKinney tract
and 55.8 cm (31.3%) greater at the Knapp tract. The shelterwood resulted in the greatest height and
diameter growth of any silvicultural treatment and had stronger effects on growth than fencing alone,
relative to thinning (Figure 3c,d). Fertilized seedlings were larger than unfertilized seedlings in the
control, but this may have been an artifact of low survival, as this effect was not evident in any of the
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treatment plots (Table 4). The combination of fencing and either midstory removal or the shelterwood
treatment—which also included a midstory removal component—resulted in 10-year seedling heights
of approximately 2 m (6.6 ft) or more (Figure 3c).

Table 4. Results of mixed-effects linear regression analyzing the effects of silvicultural treatments,
fencing, and fertilization on 10-year height and ground line diameter (GLD) growth of underplanted
northern red oak (Quercus rubra L.) seedlings. Responses were transformed with natural log prior
to analysis.

Response Fixed Effects Estimate SE t Value Signif.
95% Conf. Int.

Lower Upper

Height (cm)

Silvicultural Treatment
Midstory Removal 1.135 0.218 5.205 *** 0.560 1.710

Thinning 0.877 0.226 3.881 *** 0.282 1.472
Shelterwood 1.288 0.217 5.929 *** 0.715 1.860

Fencing 0.299 0.068 4.379 *** 0.119 0.479
Fertilization 0.537 0.228 2.357 −0.063 1.138

Silvi. × Fert.
MR × Fert. −0.502 0.227 −2.215 −1.100 0.095
TH × Fert. −0.539 0.235 −2.289 −1.160 0.081
SW × Fert. −0.310 0.226 −1.370 −0.907 0.286

GLD (mm)

Silvicultural Treatment
Midstory Removal 0.516 ab 0.117 4.416 *** 0.214 0.818

Thinning 0.282 a 0.121 2.336 −0.030 0.595
Shelterwood 0.664 b 0.117 5.692 *** 0.363 0.965

Fencing 0.184 0.045 4.054 *** 0.067 0.301
Fertilization 0.049 0.050 0.979 −0.081 0.179

Superscripts indicate significant differences at α = 0.05 between levels of a factor. Significance levels are displayed
as p < 0.10, * p < 0.05, ** p < 0.01, *** p < 0.001.

Of the 866 seedlings surviving after 10 years, 226 maintained potentially competitive positions,
only one of which occurred in control plots and two of which occurred in unfenced plots beneath
crown thinning (Figure 3b). Without fencing, the odds of a planted seedling being in a competitive
position after 10 years were 8.0- and 10.4-fold higher in midstory removal and shelterwood treatments
than in the thinning treatment (p = 0.04 and p = 0.01, respectively). Reflecting the interactive effects
between fencing and silvicultural treatments on seedling survival, the odds of competitiveness did not
differ between silvicultural treatments within deer fencing (Figure 3b). Among surviving seedlings
only, the odds of being in a competitive position were no different between silvicultural treatments, but
were increased 94 ± 24 percent (mean ± standard error) by fencing and 65 ± 18 percent by fertilization
at planting (Table 3).

3.3. Natural Regeneration

Oak seedling densities were affected little by silvicultural treatments or fencing in this study
(Figure 4). Overall, treatments explained less than 10% of the variation in oak seedling densities
(marginal R2 = 0.062), whereas location (site and plot) effects were much more important and explained
well over half the variation (conditional R2 = 0.653). As individual factors, neither fencing (z = −0.08,
p > 0.99) nor the implementation of silvicultural treatments (z = 1.62, p = 0.20) had any detectable effect
on the change in oak seedling density.
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Figure 4. Mean (+SE) density of oak (Quercus spp.) seedlings per hectare in response to silvicultural
treatments and deer fencing. Year 0 represents pretreatment data.

The density of naturally regenerated oak saplings greater than 1 m tall after 10 growing seasons
was generally low across all treatments and was highly variable, with no clear effect of fencing
(χ2

1 = 1.71, p = 0.19; Figure 5). The shelterwood treatment had the most oak saplings, with an average
of 41 ± 12 per ha across fenced and unfenced plots. There were more naturally regenerated oak saplings
in the shelterwood and midstory removal treatments than the control (p < 0.01, p = 0.03). Considered
in terms of stocking (i.e., whether a 40.5 m2 plot contained at least one naturally regenerated sapling),
both midstory removal and shelterwood treatments increased the odds of a stocked plot 2.5-fold over
the control (both z = 2.91, p < 0.05), whereas thinning alone increased those same odds only 1.4-fold,
which was not statistically different from the control (z = 1.62, p = 0.4).

Figure 5. Mean (±SE) density of oak (Quercus) saplings (>1 m) per ha, ten growing seasons after
midstory removal (MR), crown thinning (TH), and shelterwood (SW) treatments, with deer fencing (F)
and without fencing (NF). Only year ten is displayed due to very few oak individuals tall enough to be
counted in the sapling plots in previous sampling years.

4. Discussion

Our study sought to determine the best combination of common management approaches
for promoting the growth, survival, and competitive status of advance oak reproduction. As we
hypothesized, the combination of a shelterwood establishment cut and deer fencing maximized these
measures of seedling success, though the effects of midstory removal were generally similar to those
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of the shelterwood. The benefits of additional treatments are not always additive, and interactive
effects between many of the management prescriptions included in this study underscore the need to
study them in combination. The numerous management actions commonly recommended to forest
landowners for regenerating oak forests can be a deterrent to implementing these practices [38],
particularly due to uncertainty surrounding the relative efficiency of different combinations of
management actions.

Natural regeneration of oaks was sparse in this study. Sander et al. [39] recommended a minimum
of 546 advance oak saplings 1.37 m (4.5 ft) or taller per ha (221 per acre) to obtain 30% oak stocking in the
Missouri Ozarks. We only found 67 oak saplings greater than 1 m (3.3 ft) per ha (27 per acre) in our most
effective treatment, the shelterwood. Low oak sapling densities may be explained by numerous factors
limiting the recruitment of oak seedlings into the sapling layer, including ground-layer competition
and browse pressure. Although we did not include understory competition control as a treatment in
this study, fencing did not increase oak seedling densities and we found no increases in oak seedling
densities even shortly after applying treatments. Acorn production varies dramatically between years
and individuals [40], and timing silvicultural treatments to align with years of high acorn production
can be critical [31]. Underplanting can help to ensure the presence of oak seedlings and circumvent the
need to rigorously structure the timing of silvicultural treatments to coincide with mast years [19].

Underplanting oak seedlings, paired with midstory removal, has been recommended as an initial
step in a shelterwood system [41]. Studies consistently show increased height and diameter growth of
underplanted oak following midstory removal, and most show increases in survival and competitive
ability [34,41], with exceptions likely related to insufficiently large planting stock [42]. Our results
are consistent with these findings; mean 10-year heights in all treatment combinations that included
midstory removal or shelterwood exceeded the 1.37 m (4.5 ft) minimum recommended by Sander
et al. [39] for oaks to be competitive upon release. Notably, overstory BA reductions due to storm
damage that affected control plots more than silvicultural treatment plots may have resulted in more
conservative comparisons between treatments and the control than would have occurred otherwise.
Nonetheless, we expect that comparisons between different silvicultural treatments were affected
little due to the relatively small reductions in overstory BA observed between the 2011 and 2018
sampling years.

In addition to midstory removal, further reducing stand density by removing overstory trees is
generally recommended as a necessary component of a shelterwood prescription to provide adequate
light resources for growth of advance oak reproduction [19]. However, we found no significant
differences between midstory removal alone and the shelterwood treatment for any of the metrics
examined, suggesting that midstory removal alone may be adequate for underplanted oaks on
productive sites. Miller et al. [43] found a shelterwood to be superior to midstory removal alone
for survival, growth, and competitiveness of naturally reproduced northern red oak in northcentral
Pennsylvania. Despite similar prescriptions for the midstory removal treatments in our study and that
of Miller et al. [43], ours resulted in twice the relative BA reduction, 24% compared with 12%. This
comparison suggests that complete removal of the midstory may create sufficient growing space for
advance red oak reproduction where a dense subcanopy exists, but removal of some larger overstory
trees may be necessary where midstory trees make up a smaller proportion of stand BA.

While midstory removal was the most important single treatment for promoting seedling growth,
deer fencing was more important for seedling survival, but the strength of this effect varied between
silvicultural treatments. Deer are the primary source of browse damage for planted seedlings in the
central U.S. [44], and numerous studies have shown the deleterious effects of modern deer abundances
on woody reproduction in Indiana [28,45,46]. Northern red oak is highly preferred as browse for
deer, relative to co-occurring woody plants in Indiana [47], and seedlings likely lacked the resources
necessary to recover from browse damage where the dense midstory layer was left intact. Another
perspective on this interaction between treatments is that higher light availability may have reduced
browse pressure on individual oak seedlings in the midstory removal and shelterwood treatments by
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increasing the abundance of alternative browse, thereby making deer fencing less beneficial [3,24,48,49].
Precise estimates of white-tailed deer populations across Indiana are not currently available, but our
results show that while deer may impact seedling growth more strongly in some areas than others,
browse pressure on unprotected seedlings was evident throughout the region encompassed by this
study. We observed the weakest effect of deer fencing on seedling height growth at the Nelson-Stokes
tract. Nelson-Stokes is located further north than other sites, but also had apparent damage to fencing
that was not repaired between years five and ten of the study, preventing us from drawing conclusions
about the effects of geography on browse pressure.

The presence of deer also mediated the effects of fertilization, which increased the odds that a
seedling would be in a competitive position after 10 years, but only for seedlings not protected by
fencing. In some cases, fertilizing seedlings at planting can protect against herbivory by allowing
seedlings to grow above the browse line more rapidly, providing nutrients for the production of
secondary defense compounds, and aiding in recovery from browse damage, but can make them
more palatable to ungulates by increasing foliar nutrient content [50]. However, seedling responses
to fertilization can also vary according to site-specific soil chemistry conditions [29], and red oak
often shows no evidence of elevated tissue N or positive growth response to fertilization [27,28,51].
Consistent with these studies, we found no effect of fertilization on seedling growth. Therefore, higher
nutrient supply did not help seedlings to more rapidly attain escape heights in this study, nor does
existing evidence indicate that fertilization affects foliar tannin concentrations or browsing incidence
for red oak [28]. Fertilization may have helped seedlings recover from minor or sporadic browse
damage, but is unlikely to be a worthwhile investment if browsing is chronic or severe. Fencing is a
better, and likely only option on high browse-pressure sites.

Though the shelterwood approach to oak regeneration is designed to reduce understory
competition, relative to clearcutting, direct control of understory competition may have further
improved outcomes for planted seedlings in some treatment combinations [43,52]. Competition
control may be a more palatable approach for private landowners wary of the costs associated with
deer fencing, but may have the unintended consequence of increasing browse pressure on planted
seedlings [53], and may only be warranted where combined with fencing or reduced deer populations.
The results of our study underscore the potential for variable effects of different treatments when
applied in combination, and the interactions between deer browse and competition control warrant
further investigation.

Increasing adoption of oak regeneration practices may be an even greater barrier than the
silvicultural challenges to oak regeneration, in large part due to the economic costs and resulting
risk associated with approaches such as fencing [38]. Continuing to develop geographically-specific
prescriptions by testing a multitude of treatment combinations can reduce the risk associated with
managing for oak regeneration. However, a rigorous economic analysis weighing the risks associated
with each approach against their potential benefits is currently lacking in the Midwest and is the next
necessary step in advancing the implementation of oak regeneration practices.

5. Conclusions

Regenerating oak forests in the eastern U.S. is a challenge with broad ecological implications
and economic consequences. The many impediments to oak regeneration will accordingly require
multifaceted solutions. Underplanted oak seedlings require careful management to ensure their success
on many sites, but our results emphasize their usefulness for augmenting existing oak reproduction
and potentially reducing instances of oak regeneration failure, even without re-entries to reduce
understory competition via prescribed fire or herbicides. While natural regeneration will remain the
primary means of regenerating oak forests in much of the eastern U.S. [19], artificial regeneration may
be particularly suited to privately owned forest tracts, which tend to be relatively small and are more
likely to be under-managed [54]. Interactive effects between treatments in our study show that the
utility of various management actions to promote oak regeneration can depend particularly on the
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installation of deer fencing, or potentially on deer population densities. Fencing was far more effective
than fertilization, and fertilization had little effect on seedlings protected by fencing. Following a
selective crown thinning typical of private timber sales in the eastern U.S. [55], subsequent midstory
removal to emulate a shelterwood establishment cut, coupled with deer fencing, can maximize growth
and survival of underplanted oak seedlings.

Supplementary Materials: R code used in statistical analyses and the associated input data is available online at
http://www.mdpi.com/1999-4907/9/9/571/s1..
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Abstract: Many northern hardwood stands include several low-vigor trees as a result of past
management. To restore these degraded stands, partial cuts are applied with partly validated
tree classification systems that are based upon apparent stem defects. We sampled 214 sugar maple
(Acer saccharum Marsh.) and 84 yellow birch (Betula alleghaniensis Britt.) trees from six sites covering
the northern hardwood forest zone of the Province of Quebec, Canada. We evaluated their vigor with
a four-class system, and quantified the growth efficiency index and several indices that were based
solely upon radial growth. The growth efficiency index increased non-significantly with increasing
tree vigor class. The five-year basal area increment (BAI-1-5) was significantly different between
the lowest and highest tree vigor classes. Yet, temporal changes in BAI-1-5 helped classify correctly
only 16% of high-vigor trees that became poorly vigorous 8–10 years later. Overall, these results
suggest that the tree classification system is weakly related to actual tree vigor and its application
likely generates few significant gains in future stand vigor. Modifying and simplifying the tree vigor
system must be considered to facilitate the tree marking process that is required to improve the vigor
of degraded stands.

Keywords: sugar maple; yellow birch; tree vigor; growth efficiency index; tree selection

1. Introduction

Northern hardwood forests cover large areas of southeastern Canada and the northeastern
USA, from the Great Lakes region to the Atlantic Ocean. These forest ecosystems have considerable
socio-economic importance because they are located near densely populated areas and are composed of
valuable tree species that are used by the appearance wood-products industry [1,2]. The traditionally
high demand for these high-value products (veneers, flooring and furniture, among others) has
long led to the application of diameter-limit cuts, which are aimed at mainly harvesting trees with
high-quality saw logs [3]. Several decades of selection that is biased towards the most valuable trees
within a stand, an unsustainable practice that is also known as ‘high-grading’, has resulted in large
areas being covered by degraded, low-vigor forest stands [4–6].

In 2005, a new tree-vigor classification system was introduced in the Province of Quebec,
Canada [1,2,7]. The system was implemented with the clear objective of restoring the overall vigor of
degraded hardwood stands by prioritizing the harvesting of low-vigor trees in partial cut operations [1].
To achieve this objective, the classification system defined tree vigor as the risk of mortality during
the upcoming cutting cycle (i.e., a 25-year period), based upon the presence or absence of precursors
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for wood decay and other tree defects [1,2]. Although this four-class tree-vigor system is based
upon an extensive knowledge of forest pathology [7], its further application requires empirical
validation. Among the studies that have attempted to realize such validations, Fortin et al. [8] and
Guillemette et al. [9] observed that mortality risk of the lowest tree-vigor class was effectively higher
than that of the other classes, while these other classes were only slightly different from one another.
Furthermore, Hartmann et al. [10] observed that differences in radial growth occurred between the
lowest and highest classes of vigor, without observing any differences between these extremes and the
two intermediate classes. Overall, these results would suggest that this tree classification system might
not achieve the intended purpose because its inherent complexity would not warrant its widespread
application, given its lack of desired accuracy.

To obtain a better overview of the application potential of classification systems that are based
upon apparent stem defects, validation using a proven quantitative tree vigor index would be
appropriate. The growth efficiency index [11] appears to be suitable for this purpose since it
corresponds to the ratio of annual stemwood production, which is one of the last priorities of tree
resource allocation [12], to tree leaf area, which represents tree carbon acquisition. Therefore, a low
value of this index indicates that most of the acquired carbon is used to sustain high priority allocations
such as shoot and root growth, and little is left for stemwood production and defensive compounds [12].
Thus, trees associated with a low growth efficiency index should be poorly vigorous and more prone to
mortality. Accordingly, the growth efficiency index is recognized as a reliable tree vigor index [13] and
has been successfully used to study tree mortality [12] and stand growth dynamics [14]. In addition,
this index has efficiently predicted the vigor of lodgepole pine (Pinus contorta Douglas) [15–17] and
sugar maple (Acer saccharum Marshall) [18] trees, together with the probability of mortality of balsam
fir (Abies balsamea (L.) Miller) in relation to insect defoliation [19], and the response of conifer stands to
commercial thinning [20].

Because calculation of the growth efficiency index requires the estimation of tree leaf area, its
use for retrospective tree vigor evaluations is difficult. Such retrospective evaluations are more easily
achieved using indices that are based upon growth-ring analysis [10]. Accordingly, such growth-based
indices are widely used and recognized as good indicators of tree vigor (e.g., [10,21–24]). Therefore, it
would be relevant to establish the degree of agreement between the growth efficiency index, indices
that are based solely on tree growth, and tree vigor classes that have been deduced from apparent
stem defects.

The general objective of this study was to validate a tree classification system that was based
upon apparent stem defects by using two types of tree vigor indices. In agreement with this objective,
we stated three hypotheses: (1) growth efficiency index values increase with increasing tree vigor
class; (2) temporal decreases in tree vigor class are paralleled by similar decreases in growth-base
indices; and (3) tree and stand state variables are adequate predictors of the growth efficiency index.
To test these hypotheses, we used a large sample of sugar maple and yellow birch (Betula alleghaniensis

Britton) trees, within which vigor classes were evaluated twice on several individuals at intervals of 8
to 10 years. The results of this study could help improve tree selection for partial cutting with a goal of
increasing the overall vigor of degraded northern hardwood stands.

2. Materials and Methods

2.1. Study Sites

Trees were sampled in six sites that were distributed across the northern hardwood zone of the
Province of Quebec, Canada. Three sites were located on public lands (Mont-Laurier: 46◦39′ N, 75◦38′

W; Duchesnay: 46◦39′ N, 75◦38′ W; and Biencourt: 48◦01′ N, 68◦30′ W), while the three others were
located on private woodlots (45◦28′–46◦28′ N, 70◦20′–71◦45′ W) that are owned by Domtar Corporation
(Montreal, QC, Canada) (Figure 1).
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Figure 1. Locations of the six study sites in northern hardwood forests of Quebec.

The Mont-Laurier site lies within the sugar maple–yellow birch bioclimatic domain, whereas
the Duchesnay and Biencourt sites are part of the balsam fir–yellow birch bioclimatic domain [25].
Two sites that were located on the private woodlots of Domtar (sites Domtar 2 and 3, Figure 1) are
also part of the sugar maple–yellow birch bioclimatic domain, while the third privately owned site
(site Domtar 1, Figure 1) is part of the sugar maple–American basswood (Tilia americana L.) bioclimatic
domain. The latter is characterized by mean annual temperatures between 4 and 5 ◦C, and mean
annual precipitation ranging between 1000 and 1150 mm; the length of the growing season ranges from
160 to 190 days. The sugar maple–yellow birch domain is characterized by mean annual temperatures
between 2.5 and 5 ◦C, and mean annual precipitation between 950 and 1100 mm, with a growing season
of 160–180 days. The balsam fir–yellow birch domain is characterized by mean annual temperatures
between 1.5 and 2.5 ◦C, and mean annual precipitation between 900 and 1100 mm, with a growing
season of 160–170 days [25]. The topography of all sites is characterized by hills and an average slope
of 15◦, with main surface deposits composed of shallow or deep tills [26]. The study sites were covered
by naturally established, uneven-aged stands that were mainly composed of sugar maple, yellow birch
and red maple (Acer rubrum L.), with minor components of American beech (Fagus grandifolia Ehrhart),
balsam fir, and red spruce (Picea rubens Sargent).

2.2. Tree Sampling

The Mont-Laurier and Biencourt sites were sampled respectively in 2010 and 2011, while trees
from the Duchesnay site were first sampled in 2007 and 2008, and a second time in 2016. In these three
sites, trees were individually selected to cover a broad range of diameter and vigor classes. Trees from
the three Domtar sites were located in permanent sample plots (400 m2) that were first measured in
2006 and a second time in 2016. In total, we sampled 154 trees (91 sugar maple (sM) and 63 yellow
birch (yB) trees) from Duchesnay, 31 (31 sM) from Mont-Laurier, 30 (30 sM) from Biencourt, 19 (11 sM,
8 yB) from Domtar 1, 33 (20 sM, 13 yB) from Domtar 2, and 31 (31 sM) from Domtar 3. The number
of sampled trees decreased with increasing diameter class, consistent with the negative exponential
distribution that is typical of uneven-aged stands (Table 1).
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Table 1. Number of trees that were sampled at the six sites by diameter class at breast height
(DBH, 1.3 m) and tree vigor class

DBH (cm) M S C R Total

20–29.9 29 13 39 29 110
30–39.9 16 20 28 28 92
40–49.9 15 16 21 20 72
50–59.9 6 9 7 2 24

Total 66 58 95 79 298

In each sampling year, we recorded the diameter at breast height (DBH; ±0.1 cm), the vigor class,
the total height and the height at the base of the live crown (±0.1 m) of each tree. We also measured
crown radii (±0.01 m) along the four cardinal directions (N, E, S, and W) from the centre of the bole
to the edge of the crown using vertical sighting [27]. Increment cores that were sampled at 1.3 m
above ground level were then air-dried and progressively sanded down to allow a clear identification
of growth rings. Ring widths were measured using a Velmex micrometer (±0.002 mm) and were
corrected to take into account radial shrinkage during drying.

2.3. Tree Vigor Classification

We evaluated tree vigor with a four-class system, which is assumed to be related to the probability
of tree mortality over the next 25-year period [28]. As described by Delisle-Boulianne et al. [1],
the distinction among classes is based upon the presence and severity of certain types of defects. These
are grouped into eight categories: (1) conks and stromata; (2) cambial necrosis; (3) stem deformations
and injuries; (4) stem base and root defects; (5) stem and bark cracks; (6) woodworms and sap wells;
(7) crown decline; and (8) forks and pruning defects. Dichotomous keys that are based upon these
various defects can be used to assign any tree to one of the four following classes: Class M corresponds
to trees with major defects that will likely die during the next 25-year period; Class S refers to trees
with major defects that are thought to not compromise their likelihood of survival in the medium term;
Class C includes trees with some minor defects and that are still growing; and Class R is composed of
trees that are almost defect-free that should be preserved for the future.

2.4. Vigor Indices

To examine relationships between the vigor classes that were based on apparent stem defects and
quantitatively measured indices, we used four growth indices of which one was based on tree growth
per unit leaf area, while the remaining three were solely based on tree diameter measurements.

2.4.1. Growth Efficiency Index

The growth efficiency index is defined as the annual production of stemwood per unit leaf
area (Waring 1980) [11]. The average stemwood mass that was produced annually by each tree was
calculated with the following equation, which has been adapted from Lambert et al. [29]

∆Ws =
β1(D

β2
t − D

β2
t−5)

5
(1)

where ∆Ws is the dry mass of stemwood produced annually (kg), Dt is tree DBH in the year of tree
vigor class determination (cm), Dt−5 is tree DBH five years prior to tree vigor class determination (cm),
which was determined from increment cores, the parameter β1 takes the empirical value of 0.1315 for
sugar maple and 0.1932 for yellow birch, while the value of β2 is 2.3129 for sugar maple and 2.1569 for
yellow birch [29]. The leaf area of each tree was estimated with an equation that was developed by
Moreau et al. [30]

LA = β1CSAβ2 (2)
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where LA is tree leaf area (m2), CSA is crown surface area (m2), which corresponds to the area of the
geometric shape of sugar maple and yellow birch crowns (calculated with crown height and mean
quadratic radius—Moreau et al. [30]), β1 is 1.121 for sugar maple and 1.021 for yellow birch, and β2 is
0.981 for sugar maple and 1.035 for yellow birch. The average stemwood mass produced annually
(∆Ws) and tree leaf area (LA) were then used to calculate the growth efficiency index (GE) of each
tree as

GE = ∆Ws/LA (3)

2.4.2. Indices Solely Based upon Tree Diameter Measurements

All indices that were solely based upon tree diameter measurements were calculated to correspond
to the two years of tree vigor class determination, and for periods ∆t of 3, 5, 7, and 10 years prior to the
year of tree vigor class determination. We tested three index types and each of them was calculated for
the four ∆t periods, for a total of 12 calculated indices. The first index type corresponds to the basal
area increment (BAI) of trees that was calculated for each ∆t. The second index type is a relative BAI,
i.e., the ratio between the BAI of a tree for a given ∆t and the basal area at the beginning of the period
under consideration. The third index type is a ratio between the BAI of a tree for a given ∆t and the
BAI for an equivalent ∆t that preceded the first ∆t under consideration. This last index type indicates
whether BAI is increasing (>1) or decreasing (<1). For example, if tree vigor class was determined in
2016 and ∆t was three years, the first index type would correspond to the BAI that was calculated from
2013 to 2015, the second index type to the ratio between the BAI calculated from 2013 to 2015 and the
tree basal area in 2012, and the third index type to the ratio between the BAI calculated from 2013 to
2015 and the BAI from 2010 to 2012.

2.5. Statistical Analysis

All analyses were performed in the R statistical environment (version 3.3.2, R Development Core
Team 2016, Vienna, Austria). Model assumptions (homogeneity of variance and normality of residuals)
were validated using Levene and Shapiro–Wilk tests, together with graphical analysis of the residuals.

To test the first hypothesis, which relates the growth efficiency index to tree vigor classes, we
fitted a linear mixed model using the function lme in the nlme package [31]. This model included tree
species as a fixed effect and site as a random effect. The growth efficiency index was ln-transformed to
achieve normality of the residuals. The analysis was performed using all trees that were sampled from
the six sites.

For the second hypothesis, which predicts that decreases in tree vigor classes are associated with
similar decreases in growth-based indices, we used four sites for which two determinations of tree
vigor class were performed, i.e., Duchesnay and the three Domtar sites. In a first step, we identified
which growth-based index was most closely related to the growth efficiency index to use it as the best
growth-based predictor to represent tree vigor as a continuous variable. This was performed using
linear mixed models with the function lme of the nlme package. We compared the models with the
Akaike information criterion (AIC), which is a measure of the loss of information that results from
using a model to explain a particular variable [32]. As suggested by Mazerolle [33], we compared
the models using differences in AIC between each model and the model with the lowest AIC value
(∆i). We also computed the AIC weight (Wti

), which is the probability that a model is the best among
those models being compared [32], and the coefficient of determination (R2). In a second step, we
used a linear mixed ANOVA model to determine which growth-based index was best related to tree
vigor classes (i.e., a categorical variable). The growth-based index that was best related to both growth
efficiency index and tree vigor classes was then used to quantify its temporal changes between two
qualitative determinations of tree vigor class.

In a third step, we submitted the previously calculated temporal changes in the growth-based
index as an explanatory variable in a logistic regression model that was fitted with the function glm

of the stats package. The dependent binary variable of this model (dummy variable) was formed
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using only vigorous trees that were determined at the first vigor evaluation, which either remained
vigorous at the second evaluation (coded value = 1) or became non-vigorous at the second evaluation
(coded value = 0). Consistent with the results of Delisle-Boulianne et al. [1], we separated individuals
into two classes of tree vigor (i.e., vigorous and non-vigorous trees) by grouping tree vigor classes M
and S to represent non-vigorous trees, and tree vigor classes C and R to represent vigorous trees. We
used a cut-point approach to convert the continuous probabilities that were produced by the logistic
regression into dichotomous results, i.e., non-vigorous vs. vigorous trees. We considered a tree as
non-vigorous at the second vigor evaluation if the model predicted a probability that was lower than a
predetermined threshold. This threshold was determined at a value where precision and recall were
equal [34]. At this cut-point, positive and negative predictions are made in the same proportions as the
prevalence of vigorous and non-vigorous trees in the calibration dataset [6].

To test the third hypothesis, which specifies that tree and stand state variables are adequate
predictors of growth efficiency index, we fitted linear mixed models using the function lme of the nlme

package [31]. These models were fitted to the entire tree sample from the six sites. The considered state
variables included tree DBH, height, relative height, crown diameter, and crown surface area as well as
stand basal area and density. The models were compared based upon values of AIC, ∆i, Wti

, and R2.

3. Results

3.1. Relationship between the Growth Efficiency Index and Tree Vigor Classes

We found no statistical differences in growth efficiency index between sugar maple and yellow
birch (p = 0.8829), which were grouped together for subsequent analyses. Even though the growth
efficiency index values tended to increase with increasing tree vigor class (Figure 2), this relationship
was not statistically significant (p = 0.4800).

Figure 2. Box-and-whisker plots of the growth efficiency index as a function of tree vigor classes for
the combined responses of sugar maple and yellow birch. The bold horizontal line within the boxes
corresponds to the median (50th percentile), while the lower and upper limits of the boxes (interquartile
range, IQR) represent the 25th and 75th percentiles, respectively. The whiskers are upper and lower
values of 1.5 × IQR, and the individual points are outliers.
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3.2. Growth-Based Indices and Changes in Tree Vigor Class

The basal area increment that was calculated over a five-year period (BAI-1-5) was the
growth-based index that was most closely related to the growth efficiency index (Table 2), and
was among the best indices that were related to tree vigor classes (Table 3). This index value was
significantly different between the lowest and highest tree vigor classes (i.e., M and R classes) at both
vigor evaluations (p = 0.0192 and p = 0.0009, respectively), and between the M and the C classes at the
second vigor evaluation (p = 0.0007). Therefore, we included the temporal changes of BAI-1-5 between
the two vigor evaluations as an explanatory variable in the logistic regression model to predict the
binary tree vigor classes. Validation of this model indicates that 66% of the trees (i.e., 107 of 161) were
correctly classified as vigorous or non-vigorous trees (Table 4). Yet, the validation procedure also
indicates that only 16% of trees (i.e., 5 of 32) that became non-vigorous at the second vigor evaluation
were correctly classified. The weak capacity of the model to classify correctly vigorous trees that
later became non-vigorous is illustrated by the substantial overlapping of BAI-1-5 between observed
vigorous and non-vigorous trees (Figure 3). This considerable overlap may explain the small range
of predicted values of probability that trees remain vigorous, which are all close to the probability
threshold (0.78) separating vigorous and non-vigorous trees (Figure 3).

Table 2. Statistics for the best linear mixed models that related the growth efficiency index to different
growth-based indices. All models also include an intercept, tree species (the fixed effect), and a random
site effect.

Growth-Based Index AIC ∆i Wti R2

BAI-1-5 2232.1 0 9.0 × 10−1 0.35
BAI-1-7 2236.5 4.5 9.6 × 10−2 0.34
BAI-1-3 2249.3 17.3 1.6 × 10−4 0.31
BAI-1-10 2251.0 19.9 4.2 × 10−5 0.31

BAI-1-3/BA-4 2268.2 36.2 1.3 × 10−8 0.27
BAI-1-5/BA-6 2275.6 43.5 3.6 × 10−10 0.26

Note: BAI is the basal area increment, BA is the basal area, AIC is the Akaike information criterion, ∆i is the
difference in AIC between each model and the model with the lowest AIC, Wti

is the probability that a model is the
best among those being compared, and R2 is the coefficient of determination. The subscripts that are associated with
growth-based indices correspond to the years during which the variables were computed, with year 0 corresponding
to the time of tree vigor evaluation.

Table 3. Results of the analyses of variance (one-way ANOVAs) relating the most relevant growth-based
indices to tree vigor classes. All models also included an intercept, the tree species (fixed effect), and a
random site effect.

First Vigor Evaluation (n = 225) Second Vigor Evaluation (n = 298)

Growth-Based Index F p-Value F p-Value

BAI-1-7 10.68 <0.0001 5.83 0.0007
BAI-1-5 9.56 <0.0001 5.83 0.0007
BAI-1-10 11.63 <0.0001 5.73 0.0008
BAI-1-3 7.86 <0.0001 4.65 0.0034

BAI-1-7/BA-8 3.18 0.0249 5.90 0.0006
BAI-1-5/BA-6 2.76 0.0430 5.70 0.0008

Note: The two tree vigor evaluations were conducted at intervals of 8 to 10 years on the same trees.
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Table 4. Validation of the model predicting non-vigorous (0) and vigorous (1) trees based upon
differences in BAI-1-5 between the two tree vigor evaluations.

Predicted = 0 Predicted = 1

Observed = 0 5 27
Observed = 1 27 102

Note: All trees were vigorous at the first period of evaluation. A tree was considered to be non-vigorous at the
second period of evaluation if the model predicted a probability p < 0.78. A total of 161 trees were used for the
validation operation.

 

Figure 3. Probability that a vigorous tree at the first evaluation period either becomes non-vigorous (0)
or remains vigorous (1) at the second evaluation period as a function of the growth-based index BAI-1-5.
The horizontal line represents the probability threshold (0.78) below which a tree was considered
as non-vigorous.

3.3. Predicting the Growth Efficiency Index

Based upon AIC values that were calculated from models including various state variables at tree
and stand levels, the most parsimonious model predicting the growth efficiency index included only
tree relative height, i.e., the height of the tree of interest divided by the height of the tallest tree in a
stand (Table 5). However, the predictive ability of this model was rather poor, with a R2 of only 0.05.
When the same state variables were related to the three most relevant growth-based indices, the most
parsimonious models included tree crown surface area and relative height. Although, the predictive
abilities of these models were higher than that of the preceding one, with R2 varying from 0.37 to 0.39,
both parameters were never significantly (α = 0.05) different from zero (results not shown), suggesting
weak relationships.
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Table 5. Statistics of linear mixed models relating the growth efficiency index (GE) and three
growth-based indices to state variables at tree and stand levels. All models also included an intercept,
tree species (fixed effect), and a random site effect.

Dependent Variables Independent Variables AIC ∆i Wti R2

GE
RH 2327.5 0.0 9.5 × 10−1 0.05

CSA + RH 2333.2 5.7 5.4 × 10−2 0.11

BAI-1-5
CSA + RH 2943.9 0.0 1.0 × 10−1 0.39

CSA 2958.4 14.5 6.9 × 10−4 0.38

BAI-1-7
CSA + RH 3139.9 0.0 1.0 × 10−1 0.39

CSA 3157.8 17.9 1.3 × 10−4 0.37

BAI-1-10
CSA + RH 3320.1 0.0 1.0 × 10−1 0.37

CSA 3339.8 19.7 5.5 × 10−5 0.36

Note: RH is tree relative height, CSA is the crown surface area, DBH is the diameter at breast height (1.3 m), and BA
is stand basal area.

4. Discussion

4.1. Relationships between Quantitative and Qualitative Tree Vigor Indices

The principal objective of this study was to establish relationships between a system of tree vigor
classification based upon apparent stem defects and some quantitative tree vigor indices to evaluate
the ability of the former to identify low-vigor trees. A first relationship involved the growth efficiency
index that expresses the amount of wood produced annually per unit leaf area. Because the allocation
priority to stemwood is low in normally growing trees [12], a high value of this index suggests that tree
carbon resources far exceed priority allocations, implying strong overall tree vigor [11]. Accordingly,
this index successfully predicted the vigor and mortality probabilities of trees affected by defoliating
and boring insects [15–17,19]. In our case, the growth efficiency index was not significantly related to
the vigor classes that were based upon apparent stem defects, which is a first indication of the lack of
reliability of the classification system for tree vigor evaluation.

To lend support to the preceding result, we used BAI-1-5, which is a growth-based index that is
closely related to tree vigor classes (Table 3), to determine whether its temporal changes were related
to changes in tree vigor classes. In focusing only upon tree vigor changes that were observed over time
for the same trees, this analysis allowed us to remove a portion of the between-tree variation from the
vigor class determinations, which can notably be influenced by tree hierarchical position [35,36] and
age [37]. Even when this inter-tree variation was removed, only 16% of vigorous trees that became
non-vigorous 8–10 years later could be correctly classified. Nevertheless, significant differences in
BAI-1-5 were detected between the two extreme classes (i.e., M and R classes), while the intermediate
classes were not distinguished from the extreme classes. These results agree with those of Hartmann
et al. [10] and Guillemette et al. [9], who significantly differentiated only classes M and R using a
growth-based index to predict the mortality probability of sugar maple trees.

Overall, these results indicate that the apparent stem defects that were used in the tree
classification system under study are weakly related, at best, to the actual vigor of sugar maple
and yellow birch trees. Interestingly, Power and Havreljuk [38] observed a strong relationship between
these vigor classes and stem quality classes that are commonly used in northeastern Canada [39]. This
observation is likely related to the fact that the same stem defects are used in both classifications. Thus,
it seems that despite being weak indicators of tree vigor, some of these apparent stem defects are useful
for estimating the potential monetary value of hardwoods [2].

The tree vigor system under study is currently applied in northern hardwood stands to identify
trees that would be harvested during partial cut operations and, consequently, to improve the vigor of
future stands. Nevertheless, some observations suggest that the selection rules that are used by this
classification system may not achieve the expected benefit. For example, Nolet et al. [40] observed that

97



Forests 2018, 9, 588

the proportion of moribund trees (M class) that was determined by the classification system increased
with increasing site quality, while tree mortality that was measured 10 years after tree vigor class
determination indicated the opposite trend. These conflicting results underscore the need that such a
classification system for evaluating tree vigor should include variables other than those that represent
only apparent stem defects. Additional potential variables could reflect past stand management
practices, site quality, tree social status, stand density, and tree bark characteristics, among others [41].
Further, our results and those of Hartmann et al. [10] and Guillemette et al. [9] indicate that the use of
intermediate vigor classes seems ambiguous in determining the vigor or the mortality probability of
trees. Therefore, it is possible that simplifying the tree vigor system by eliminating intermediate classes
could improve the tree marking process without affecting its quality. To this end, Cecil-Cockwell and
Caspersen [42] proposed a parsimonious, three-class system that takes into account tree vigor and
stem quality while eliminating superfluous classes that do not influence the value of sugar maple trees.
Indeed, tree mortality of hardwood species was significantly related to a binary classification of tree
vigor, whereas a two-class stem product system also contributed to tree mortality predictions [43],
further suggesting that criteria for stem quality and tree vigor are frequently confounded.

4.2. Possible Drawbacks of the Growth Efficiency Index

The classification system under study reflects the probability of tree mortality during the
upcoming cutting cycle, i.e., a 25-year period [28]. This includes mortality risks that are related
to stem structural defects, such as leaning trees, stem base injuries, fork cracks and stem cracks [7].
These defects, especially when they are associated with decay, increase the risks of stem breakage that
is caused by wind. Yet these defects do not necessarily affect the diameter growth and the vigor of
trees [10], implying that growth efficiency and growth-based indices could be rather insensitive to
these defects. Therefore, the lack of correspondence between these sources of mortality risk and tree
diameter measurements could explain, in part, the weak relationship between vigor classes and the
quantitative vigor indices.

The growth efficiency index has been used by several authors to evaluate the vigor of hardwood
species (e.g., [44–46]), but some limitations regarding the use of this index should be considered
for deciduous species. For instance, annual wood production of sugar maple seems less closely
related to leaf area than what has been observed for most conifers [18]. This can be explained by the
fact that unlike most conifers, hardwood species must produce new foliage each spring to activate
the photosynthetic process. Because the production of this new foliage is related to the quantity
of carbohydrates that is stored during previous years, wood production of hardwood species is
more strongly dependent upon the growing conditions that prevailed during these years than are
conifers [47]. Therefore, environmental factors such as drought, low temperature, or insect defoliation
can influence tree growth for several years [18], especially in less vigorous trees [10]. These effects may
thus contribute to explaining the weak relationship that was observed between the quantitative vigor
indices and the vigor classes based upon apparent stem defects. To reduce these effects, it should be
noted that tree diameter growth was averaged over a five-year period to avoid introducing effects of
episodic events into the vigor indices.

4.3. Estimating the Growth Efficiency Index from State Variables

Because tree diameter growth is rarely available from usual forest inventory data, low-vigor trees
are difficult to identify using the growth efficiency index or growth-based indices, which would benefit
from being estimated from tree and stand state variables. Candidate variables that can be related to
the growth efficiency index include stand density [15,16], tree social status [11,36], tree crown size [48],
and tree diameter [49]. Yet, none of these variables allowed us to estimate adequately either the growth
efficiency index or growth-based indices of sugar maple and yellow birch trees in the uneven-aged
hardwood stands under study. The low predictive ability of our relationships may be partly explained
by the exclusion from our sample of all trees with a DBH less than 20 cm and those that were neither
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dominant nor codominant. Nevertheless, better predictions of the growth efficiency index could be
obtained by considering other state variables such as tree bark characteristics. Indeed, old trees often
have rough bark [50], which could explain the significant relationship between bark appearance and
diameter growth of sugar maple and yellow birch trees [41]. Between two trees of similar diameter, the
one with the smoothest bark would be younger and faster growing than the one with the roughest bark.
The possible relationship between bark appearance and the growth efficiency index is worth testing to
help identify low-vigor trees more easily during tree marking operations in northern hardwood stands.

5. Conclusions

This study demonstrates that tree vigor classes that were deduced from apparent stem defects
were weakly related to the growth efficiency index and other indices solely based upon tree diameter
measurements. Since the development of a new vigor classification system is a long process, systems
that are based upon apparent stem defects should continue to be used over the medium-term in
order to improve the vigor of degraded northern hardwood stands. However, these systems would
benefit from being simplified because their current complexity does not provide a gain in precision.
In addition, a promising quantitative estimator of tree vigor, the growth efficiency index, was poorly
related to usual characteristics of sugar maple and yellow birch trees. Further studies should be
conducted in an attempt to relate the growth efficiency index to other tree characteristics, such as bark
appearance, to increase our ability to distinguish vigorous from non-vigorous trees, and to identify the
defects that actually reflect tree vigor and growth.
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Abstract: Invasive shrubs in forest understories threaten biodiversity and forest regeneration in the
eastern United States. Controlling these extensive monotypic shrub thickets is a protracted process
that slows the restoration of degraded forest land. Invasive shrub removal can be accelerated by
using forestry mulching heads, but evidence from the western United States indicates that mulching
heads can promote exotic species establishment and mulch deposition can reduce native plant species
abundance. We compared the effectiveness of the mulching head and the “cut-stump” method
for controlling the invasive shrub Amur honeysuckle (Lonicera maackii), as well as their impacts on
native plant community recovery, in mixed-hardwood forests of Indiana. After two growing seasons,
mulching head treatment resulted in greater L. maackii regrowth and regeneration. The recovery
of native plant abundance and diversity following shrub removal did not differ between the two
methods. However, mulch deposition was associated with increased abundance of garlic mustard
(Alliaria petiolata), an invasive forb. Increasing mulching head treatment depth reduced L. maackii

regrowth, but additional study is needed to determine how it affects plant community responses.
The mulching head is a promising technique for invasive shrub control and investigating tradeoffs
between reducing landscape-scale propagule pressure and increased local establishment will further
inform its utility.

Keywords: invasive plants; forest restoration; soil disturbance; herbicide effects; forest regeneration;
floristic quality index; species composition

1. Introduction

Throughout the eastern United States, invasive woody shrubs are nearly ubiquitous in hardwood
forest understories and pose a serious threat to successful forest management and restoration [1].
Examples of these invasive shrubs—mostly introduced in the late 18th to late 19th centuries—include
numerous species of bush honeysuckle (Lonicera spp.) as well as Japanese barberry (Berberis thunbergii

DC.), burning bush (Euonymus alatus [Thunb.] Siebold), and others. Proliferations of these invasive
shrubs can change forest structure by forming dense monotypic thickets in the understory [2].
These thickets pose a threat to forest health by inhibiting native tree regeneration [3,4] and reducing
the cover and diversity of herbaceous plants [5]. Structural change in the understory vegetation
also affects wildlife, such as promoting seed predation, with implications for forest regeneration
and biodiversity [6–8]. Controlling dense, well-established populations of invasive shrubs is both
expensive and time consuming. For example, between 1994 and 2005, workers in Great Smoky
Mountains National Park spent over 17,000 h controlling woody invasive plants [1]. Minimizing time
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and resources allocated to such efforts will depend on developing techniques to expedite the control of
mature populations of invasive shrubs that have reached the saturation phase of invasion.

Controlling invasive shrubs is challenging because it not only requires the mechanical cutting of
stems but also retreating the vigorous stump sprouting that occurs after cutting [9]. Clearing saws
are frequently used to cut invasive shrubs due to their affordability, ease of use, and limited
collateral damage. However, the follow-up treatment of resprouts with herbicides can be both
time consuming and cost prohibitive [10]. Mulching treatments conducted with rotary mulching
heads (i.e., forestry heads, mastication heads, or wood shredders; hereafter “mulching heads”) are an
alternative method that may accelerate shrub removal in dense thickets. Mulching heads are capable
of shattering root collars (MRS pers. obs.), which can reduce resprouting [11] and may in turn reduce
the need for herbicide treatments. According to Ward et al. [12], mulching head treatments were
slightly more effective than clearing saws with no stump treatment for controlling the thicket-forming
invasive shrub Japanese barberry, though comparisons with clearing saw removal should include
the widely-recommended herbicide application to cut stumps (henceforth “cut-stump” method; [1]).
For controlling Chinese privet (Ligustrum sinense Lour.), an invasive evergreen shrub found primarily
in riparian areas of the southeastern United States, both techniques resulted in rapid regrowth the
following year [13].

In addition to effectiveness and cost-efficiency, impacts on the native understory community
must be considered when evaluating removal techniques [14]. Effective restoration requires control
techniques that efficiently remove shrubs without degrading native plant populations or promoting
further invasive species establishment [15–17]. Because the effectiveness of mulching heads in reducing
shrub survival depends on shattering the root collar, using this equipment may result in substantial
soil disturbance and damage to the roots and rhizomes of native perennials. While Luken et al. [18]
found that experimental soil disturbance within small gaps (5 m diameter) created in honeysuckle
thickets did not affect understory plant communities, large-scale control efforts may increase light
availability to a greater extent, compounding the effects of substrate disturbance.

Mulching head treatments also deposit a layer of woody debris on the forest floor. This mulch
layer may inhibit native plant cover and diversity through physical effects on understory species [19]
but may also reduce future reinvasion of invasive shrubs. Thick layers of litter have been shown
to limit the establishment of Amur honeysuckle (Lonicera maackii [Rupr.] Herder (Caprifoliaceae);
hereafter “honeysuckle”) as well as garlic mustard (Alliaria petiolata [M. Bieb.] Cavara & Grande),
an invasive biennial forb frequently promoted by honeysuckle removal [17,20–22]. However,
previous research has not determined whether inputs of mulch act similarly to thick litter layers
in inhibiting the establishment of invasive shrubs in eastern hardwood forests.

Few studies have examined the effects of mulching head treatments on understory plant
communities or compared its effects to those of cut-stump treatments, and none have distinguished
the individual and interactive effects of substrate disturbance and mulch deposition from this
technique on plant community recovery. Existing studies found greater non-native herbaceous cover
following cut-stump removal of Japanese barberry [12] and greater re-establishment of Chinese
privet after mulching head treatment [16] but otherwise similar plant community recovery between
the two treatments. While these studies provide valuable information about plant community
response to different treatments, additional evidence from systems with different dominant invasives,
climate regimes, and native plant communities is necessary to tailor control techniques for specific
restoration prescriptions.

Amur honeysuckle is a strong candidate for examining the efficacy of mulching head treatments
and their effects on understory flora due to its tendency to form dense thickets [23]. This species is
highly invasive in eastern hardwood forests, where it is widely dispersed by birds and deer [24,25],
readily establishes along forest edges and in young stands [26], and can enter the expansion phase of
population growth within 10 to 15 years [27], posing a challenge for control efforts. Honeysuckle is a
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strong competitor, in part due to its efficient resource use and long leaf phenology relative to native
counterparts [28,29].

The primary objective of this study was to examine how understory plant communities respond
to honeysuckle removal using mulching head treatments as compared to the currently recommended
cut-stump method. Within this primary objective, we aimed to: (1) compare the effectiveness of the two
methods at reducing honeysuckle cover and densities; (2) compare the effects of each method on native
herbaceous plants, native woody seedlings, recruitment of new honeysuckle seedlings, and other
exotic plant species; and (3) isolate the effects of mulch deposition from those of soil disturbance on
the community structure of understory flora. We expected that both honeysuckle removal methods
would increase understory diversity and cover but that herbaceous cover would be reduced by mulch
deposition and that increases in herbaceous diversity would be primarily driven by exotic and ruderal
species. We also expected that soil disturbance from the mulching head treatment would increase
honeysuckle seedling densities and garlic mustard cover but that these effects would be mitigated by
mulch deposition.

2. Methods

2.1. Study Area

Study sites were situated in mature secondary mixed-hardwood forests within the Central
Till Plain region of Indiana at two locations near West Lafayette, Indiana—(1) Purdue University,
Richard G. Lugar Forestry Farm (hereafter LF) and (2) Purdue University, Wildlife Area (hereafter
PWA). Both locations consist of natural forest tracts intermixed with tree plantations and/or tallgrass
prairie and are surrounded by an agricultural matrix. Mature L. maackii invasions formed dense
thickets in the understories at all four sites. Prior to this study, none of the study sites had been
treated for invasive plants. Estimated L. maackii establishment at each site was 30, 37, 33, and 25 years
prior to the commencement of the study at the three sites at LF (LF1, LF2, LF3), and the site at PWA,
respectively, based on annual growth rings from stem cross-sections collected at ground height from
the five largest individuals at each site. Pretreatment density L. maackii stems >1.37 m tall ranged from
2104 stems ha−1 at PWA to 6729 stems ha−1 at LF2. Mean (±standard error) L. maackii cover in the
1–5 m stratum at each site ranged from 57.7% ± 6.8% at LF3 to 67.7% ± 5.3% at PWA. We selected
sites that each had a component of Quercus L. spp. (oaks) and Carya Nutt. spp. (hickories) in the
overstory, and each site also included Acer L. spp. (maples) and Prunus serotina Ehrh. (black cherry) in
the overstory (Table 1). All sites were flat to gently sloping. Soils at LF sites are primarily Miami silt
loams with some Kalamazoo and Ockley silt loams; PWA soils are Miami and Rainsville silt loams [30].

Table 1. Mean basal area (m2 ha−1) of overstory tree species at each site. Three sites were at the Richard
G. Lugar Forestry Farm (LF1–3) and a fourth was at the Purdue Wildlife Area (PWA) in West Lafayette,
IN. Data were collected using a variable radius plot (basal area factor = 2.296 m2 ha−1) during summer
2016 in treatment areas and winter 2016–2017 in reference areas.

Species Common Name
Basal Area

LF1 LF2 LF3 PWA

Acer saccharinum L. silver maple – – – 1.53
Acer saccharum Marshall sugar maple 2.30 1.15 3.83 –

Carya spp. Nutt. hickory species 0.77 5.36 5.74 8.04
Celtis occidentalis L. common hackberry 0.77 – 2.30 0.38

Cornus florida L. flowering dogwood 0.38 – – –
Crataegus spp. L. hawthorn species 0.38 0.77 – –

Fraxinus americana L. white ash 1.91 2.30 3.44 –
Juglans nigra L. black walnut 2.30 3.06 1.53 –

Liriodendron tulipifera L. tulip tree 0.77 – – –
Morus alba L. white mulberry – – – 0.77

Picea rubens Sarg. red spruce – – 2.30 –
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Table 1. Cont.

Species Common Name
Basal Area

LF1 LF2 LF3 PWA

Platanus occidentalis L. American sycamore – 0.38 – –
Prunus serotina Ehrh. black cherry 3.44 0.77 1.91 6.12

Quercus alba L. white oak – 3.06 – 2.30
Quercus imbricaria Michx. shingle oak – 1.91 0.38 1.15

Quercus rubra L. northern red oak 4.21 – 0.38 1.53
Quercus velutina Lam. black oak 0.38 1.53 – 1.91
Robinia pseudoacacia L. black locust – 0.77 0.38 –

Sassafras albidum (Nutt.) Nees sassafras 3.06 – – 2.68
Tilia americana L. American basswood 0.38 – 0.38 –

Ulmus americana L. American elm 0.77 0.38 0.77 –
Ulmus rubra Muhl. slippery elm 0.77 – 0.77 –

Total Site Basal Area 22.58 21.43 24.11 26.40

2.2. Experimental Design

Each study site contained a total of 24 vegetation monitoring plots arranged on a grid, consisting of
16 treatment plots and eight untreated reference plots. Plots were grouped into clusters of four,
which would all receive the same honeysuckle removal treatment, in order to provide a buffer between
different removal methods. Within groups of four plots, plot center points were placed 8 m apart.
The nearest adjacent plot center points between separate four-plot groups were 11 m apart (Figure 1).
Initial plot placement was randomly selected, with the constraint that the entire grid would be at least
10 m from any forest edge or previously-treated honeysuckle removal areas. Reference plots at each
site were grouped together to avoid unintentional disturbance during honeysuckle removal but were
randomly assigned to one side or the other of the experimental plots.

Figure 1. Schematic of an example site layout. Circles represent plot center points, with fill colors
indicating different removal methods (cut-stump or mulching head). Removal methods were randomly
assigned to each four-plot grouping (e.g., black square top-left) to avoid incidental impacts of the
mulching head on non-target plots. Mulch cover (presence/absence) is represented by different fill
patterns and was randomly assigned to two plots within each four-plot group. Circles with solid gray
fill indicate reference plots (to the right of the dashed line). Spacing between plots in the same group
was 8 m and spacing between plots of different groups was 11 m.

We randomly assigned one of two honeysuckle removal treatments—either “cut-stump” or
“mulching head” removal—to each four-plot group such that each site had eight plots of each removal
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treatment. The cut-stump treatment consisted of cutting shrubs at the base with a gas-powered clearing
saw and treating the resulting stumps with a volume-based herbicide mix of 15% triclopyr (Garlon
4 Ultra®; DowAgroSciences, Indianapolis, IN, USA), 3% imazypyr (Stalker®; BASF, Florham Park,
NJ, USA), and 82% bark oil (Ax-It®; Townsend Corporation, Muncie, IN, USA) using a hand sprayer.
We removed honeysuckle slash to avoid altering the light environment or physically obstructing
browsing. Mulching head removal treatments were accomplished using a skidsteer-mounted forestry
mulching head (Bull Hog®; Fecon Inc., Lebanon, OH, USA), attempting to clear honeysuckle shrubs
as thoroughly as possible while avoiding incidental damage to native saplings and overstory trees.
We removed any residual honeysuckle stems missed by the mulching head due to their proximity with
native trees using a clearing saw but did not treat these with herbicide. Honeysuckle removal took
place between 13 November and 4 December 2015.

To isolate the effects of mulch deposition from those of substrate disturbance by the mulching
head, we added or removed mulch at two randomly selected plots within each four-plot treatment
group. We took four measurements of mulch thickness at each mulching head treatment plot prior to
mulch manipulations and attempted to replicate the highest site average depth of 2.5 cm across all
mulched plots. Mulch additions were made primarily with woodchips from honeysuckle removed
from cut-stump plots but included a small proportion of black cherry to imitate residual mulch from
mulching head treatments.

2.3. Vegetation Sampling

We monitored understory plant communities at each plot prior to honeysuckle removal in 2015
and following removal in both 2016 and 2017 to directly estimate changes in community composition.
We sampled spring perennials in late April to early May, which were defined as native perennial forbs
that flower primarily from April to June [31]. We then conducted a thorough sampling of all plant taxa
present from late July to early August (summer sampling). At each plot, we sampled all vegetation
cover below 1 m (“herb-layer”) within four 1-m2 quadrats placed 1 m (for summer sampling) or 2 m
(for spring sampling) from plot center in each cardinal direction. Within each quadrat, we estimated
percent cover to the nearest integer for each plant taxon and counted woody stems by taxon, classifying
the latter into two height classes: less than 0.5 m or 0.5 to 1.37 m.

We also estimated honeysuckle midstory cover (1.01 to 5 m) using cover class midpoints [32] in
4-m2 quadrats oriented randomly, but consistently between years, at each plot. Shrubs and saplings
greater than 1.37 m in height and less than 10 cm diameter at breast height (DBH; 1.37 m) were counted
within 40 m2 circular plots at two plots per treatment block and were classified into one of two size
classes: (1) less than 5 cm DBH or (2) 5 to 9.9 cm DBH. We estimated percent canopy cover using a
spherical crown densiometer (Forestry Suppliers Inc., Jackson, MS, USA), averaging four readings at
each plot center point. We determined overstory composition using a variable radius plot (basal area
factor 2.296 m2 ha−1) originating at the center of each block.

2.4. Soil Temperature

We collected data on soil temperature for 60 consecutive days from 12 March through 10 May
2017 by burying an iButton® data logger (Maxim Integrated, San Jose, CA, USA) approximately 1–2 cm
below the surface of the mineral soil at the center of each plot. iButtons were coated in a thin layer of
a spray-on rubber coating (PlastiDip®; Plasti Dip International, Blaine, MN, USA) before burying to
protect against water damage and were programed to record temperature to the nearest 0.5 ◦C every
hour. These data were summarized by calculating the mean, maximum, and minimum for each day at
each plot.

2.5. Mulching Head Treatment Intensity

To determine how mulching head treatment intensity (i.e., depth) affects resprouting,
we conducted an additional experiment at three other sites (two at LF and one at PWA), where eight
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plots were established on a grid with 8 × 8 m spacing. We determined depth of mulching head
disturbance using wooden stakes pounded into the ground in 4-m intervals on a grid at each site, with
the top 10 cm aboveground. While many stakes broke below ground during the treatment, a minimum
of three of the nine stakes within 6 m of each plot were measurable (median 4.5) and we used these to
calculate average treatment intensity at each plot.

On a single day the following spring, we counted the number of resprouting stumps in 40-m2

circular plots around the centers of the eight plots at each site and measured the height, crown size
(length and width), and number of stems of each resprout. Volume of each resprout was estimated by
modelling the shrub as an ellipsoid with

volume =
4
3

π

(

length × width × height

2

)

(1)

and the sum of these values was calculated to estimate total resprout volume per plot.

2.6. Data Preparation

To determine plot-level estimates of percent cover for each taxon in the herb-layer, we calculated
the mean across four 1-m2 quadrats from each plot. Woody seedling counts were summed across
quadrats and multiplied by 25 to provide plot-level density estimates in seedlings 100 m−2. Shrub and
sapling counts within each 40-m2 plot were multiplied by 250 to provide estimates in stems ha−1.
We also calculated total herbaceous cover and the total density of native seedling species at each plot.

For spring perennials, summer herbaceous plants, and woody seedlings, we calculated three
measures of species diversity: taxonomic richness (S), the number of taxa present; Shannon’s Diversity
Index (H′), calculated as:

H′ = −
S

∑
i=1

pi ln pi (2)

where pi is the proportion of the ith taxon in the dataset using cover for herbaceous plants and count
for woody stems; and Pielou’s Evenness Index (J′), calculated as:

J′ =
H′

H′
max

(3)

For the summer herb-layer plant community, we also calculated a floristic quality index (FQI)
for each plot by assigning a coefficient of conservation (C) to each taxon according to values for
Indiana [33] and then using the following equation [34]:

FQI = Cave ×
√

S (4)

This metric has been used previously to monitor the quality of understory community recovery
after Lonicera morrowii removal [35]. C values for taxa identified to a pair of possible species (e.g.,
Viola pubescens or V. striata) were averaged but never differed by more than two points. Exotic species
were automatically assigned a C value of 0. Grasses and sedges, which were only identified to family
and genus, respectively, and unidentified taxa were excluded from FQI calculations.

2.7. Data Analysis

We analyzed whether changes in the response variables throughout the course of the study
differed between treatments using linear mixed-effects models in the R package lme4 [36].
These models included fixed effects for “treatment”—a composite factor for removal method and
mulch presence/absence—sampling year, and the interaction between sampling year and treatment.
Random effects in these models included a random intercept for each site and a random year effect
for each plot within a site. This longitudinal mixed-effects model for the response of garlic mustard
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(Alliaria petiolata) failed to converge, so garlic mustard responses were analyzed with two separate
models for the changes from 2015 to 2016 and from 2015 to 2017. The linear mixed-effects model for
soil temperature included a fixed effect for treatment, random day effect for each plot, and random
intercepts for each site and day.

To analyze differences between treatments in honeysuckle resprouting responses, we selected
the most parsimonious subset of variables from a saturated model that included treatment,
the pretreatment densities of each honeysuckle size class, and the interactions between treatment
and these size classes. Models from this analysis were selected using Akaike’s Information Criterion
corrected for small sample sizes (AICc; [37]) in the R package MuMIn [38] and were constrained to
include the fixed effect for treatment and a random intercept for each site.

We used square root or natural log transformations, when necessary, to improve normality and
homogeneity of variance of residuals. If the model term of interest (treatment or sampling year ×
treatment interaction) was significant (α = 0.05) or approaching significance (α = 0.10), we tested
planned comparisons for this term between: reference treatment and zero (i.e., did the response
change in reference areas over the course of the study?); reference treatment and each operational
treatment (i.e., cut-stump without mulch added—“Cut[−]”—and mulching head treatment without
mulch removed—“MH[+]”); shrub removal with mulch and without; cut-stump removal and mulching
head removal; and between the two operational treatments. Degrees of freedom were obtained using
Satterthwaite’s approximation in R package lmerTest [39] and are presented to the nearest integer for
ease of interpretation. We tested planned comparisons using R package multcomp [40], and present
single-step, adjusted p-values based on the joint normal or t-distribution of the linear function. Original
data and R code for all analyses and figures are available in Supplementary Materials.

3. Results

3.1. Honeysuckle Responses

Both removal methods were initially successful at removing sapling-layer honeysuckle (>1.37 m
tall), but stump sprouts quickly reentered the sapling layer. Sapling-layer honeysuckle were initially
reduced from 4005 ± 307 shrubs ha−1 (mean ± standard error) across all pretreatment plots in 2015 to
94 ± 45 shrubs ha−1 in cut-stump removal plots and 110 ± 51 shrubs ha−1 in mulching head treatment
plots in 2016. As resprouting stumps continued to grow from 2016 to 2017, the density of sapling-layer
shrubs increased to 391 ± 143 stems ha−1 in cut-stump plots and to 781 ± 196 stems ha−1 in mulching
head plots, though changes throughout the study period were not statistically different for the two
removal treatments (p > 0.99). Sapling-layer honeysuckle densities changed little in reference areas,
from 3734 ± 457 stems ha−1 in 2015 to 4016 ± 552 stems ha−1 in 2017 (p > 0.99).

Resprouting responses differed between the treatments, and these responses were influenced
by pretreatment honeysuckle density (Table 2). Planned comparisons revealed that the presence of
mulch negatively affected the height of resprouts (p = 0.03) but that height did not vary between
removal methods. The mulching head treatment was associated with more stems per stump than
cut-stump removal (p < 0.01), but mulch itself did not affect stems per stump. Significant interactions
between treatment method and pretreatment honeysuckle densities for each resprout metric indicated
that the degree to which pretreatment honeysuckle densities influenced resprouting depended on the
treatment method (Table 2). The effect of small (<5 cm DBH) sapling-layer honeysuckle on densities of
resprouts was greater in plots treated with the mulching head than with cut-stump removal (p < 0.01)
and there was a weaker effect of large (>5 cm DBH) sapling layer honeysuckle on stems per stump
following mulching head removal than cut-stump removal (p < 0.01). Midstory honeysuckle cover
decreased more in each operational treatment than in reference areas (both p < 0.01; Table 3), but these
changes were not different between operational treatments (p > 0.99).
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We tested the role of mulching head treatment depth in determining honeysuckle resprouting at
a separate set of sites. Plot-averaged mulching head treatment intensity ranged from 2.2 cm above
soil surface to 1.5 cm below soil surface. Higher mulching head treatment intensity showed weak
but statistically significant negative associations with the density of resprouting stumps (p = 0.03,
R2 = 0.069) and the size of resprouting shrubs (p = 0.04, R2 = 0.112). However, the relationship between
treatment intensity (i.e., depth) and the total estimated volume of resprouting shrubs on a plot was
considerably stronger (p < 0.01, R2 = 0.311; Figure 2). Total shrub volume combines both shrub size and
stem density into a single value and is likely the most informative response metric for management
that frequently includes foliar herbicide applications to resprouting stems.

Figure 2. Relationship between mulching head treatment depth and the volume of resprouting shrubs.
R2 = 0.311, p < 0.01. Different symbols correspond to each site and shading indicates the 95% confidence
interval. Shrub removal treatments and measurements of resprouting shrubs were conducted in winter
and spring 2017, respectively, at three separate sites, near West Lafayette, IN, USA. Sites were located
in the same areas (LF and PWA) but were distinct from sites used in comparing mulching head and
cut-stump treatments. Negative x-axis values indicate distance above soil surface.

Overall, cut-stump removal reduced herb-layer honeysuckle cover (below 1 m) more than the
mulching head treatment (p < 0.01), though the comparison between the operational treatments,
Cut[−] and MH[+], was less pronounced (Table 4). The cut-stump control method resulted in lower
herb-layer honeysuckle cover the first summer following removal, following reductions in percent
cover of 17.2 ± 3.2 and 20.3 ± 3.9 in Cut[−] and Cut[+] plots and 4.2 ± 4.3 and 10.5 ± 4.5 in MH[−]

and MH[+] plots, respectively, despite being higher initially (Figure 3 and Table 3). The following year,
herb-layer honeysuckle cover increased similarly in both removal treatments (Figure 3).

Honeysuckle seedlings responded strongly to shrub removal initially but declined in all treatments
the following year. Seedlings of the smaller size class (<0.5 m) increased in density by 1988 ± 429
seedlings 100 m−2 in Cut[−] plots and by 5542 ± 1853 seedlings 100 m−2 in MH[+] plots, as compared
to a mean increase of 1266 ± 232 seedlings 100 m−2 in reference areas (Figure 3b). Despite initial
differences, densities of small seedlings were more similar between treatments the following year
(Figure 3b), resulting in no overall sampling year effect between treatments (p > 0.10, Table 4).
Densities of large honeysuckle seedlings (0.5–1.37 m) decreased in the first year following shrub
removal and increased the next year in all shrub removal treatments (Figure 3c); there was no difference
in sampling year effects for this size class (p > 0.10, Table 4).
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Figure 3. Honeysuckle responses to removal treatments conducted in November and December
2015, including percent cover below 1 m (a), density of honeysuckle seedlings <0.5 m tall (b),
and density of honeysuckle seedlings 0.5–1.37 m tall (c). Honeysuckle removal was accomplished
using cut-stump or forestry mulching head (“MH”) treatments, with mulch removed/absent or
added/present. Honeysuckle were not removed in reference areas for comparison. Dashed lines
indicate management techniques with mulch manipulated (added/removed) and solid lines represent
operational (no mulch manipulation) management techniques. Values are means ± standard error.
Data were collected from mid-July to late August at four mature secondary hardwood forest sites near
West Lafayette, IN, USA.

3.2. Native Seedling Responses

Decreases in native woody seedling densities between 2015 and 2016 were lower in Cut[−] plots
(−3 ± 79 seedlings 100 m−2) than in MH[+] plots (−220 ± 72 seedlings 100 m−2), although plots
randomly assigned to the mulching head treatment had higher native seedling densities prior to
removal, and in 2016 the densities of native seedlings were similar in Cut[−] (406 ± 70 seedlings
100 m−2) and MH[+] (416 ± 92 seedlings 100 m−2) plots (Figure 4a). Native seedling densities decreased
in reference areas throughout the study but increased in all removal treatments between 2016 and 2017
(Figure 4a), and there was no difference between the two operational treatments, Cut[−] and MH[+],
in sampling year effects on native seedling densities (Table 4).

The most abundant native woody seedlings prior to shrub removal were white ash
(Fraxinus americana L.) and sugar maple (Acer saccharum Marshall), which accounted for 45.7% ± 3.8%
and 25.4% ± 3.3% of pretreatment native seedlings, respectively. Taken together, the pretreatment
percentage of these shade tolerant species did not differ between treatment assignments (p = 0.35).
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A longitudinal linear mixed-effects model indicated a negative sampling year effect on the percentage
of these two species (p = 0.04), but this effect did not differ between treatments (p = 0.16).

Native seedling S and H′ increased similarly following both removal treatments (Figure 4b,c),
and these changes were no different between removal treatments (Table 4). Native seedling J′ decreased
in reference areas over the course of the study and increased following shrub removal treatments
(Figure 4d). However, while there was an interaction between treatment and sampling year (p = 0.02),
we were unable to detect any differences in the change in native seedling J′ between individual
operational treatments and the reference (Table 4).

Figure 4. Densities (a) and diversity indices (b–d) of native woody species prior to invasive
shrub removal (2015) and following shrub removal (2016–2017) accomplished using cut-stump
or forestry mulching head (“MH”) treatments, with mulch removed/absent or added/present.
Invasive shrubs were not removed in reference areas for comparison. Dashed lines indicate management
techniques with mulch manipulated (added/removed) and solid lines represent operational (no mulch
manipulation) management techniques. Values are means ± standard error. Data were collected from
mid-July to late August at four mature secondary hardwood forest sites near West Lafayette, IN, USA.
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3.3. Herbaceous Plant Responses

Cover of spring perennials changed little over the course of the study and was generally low
across treatments (Figure 5a). Slight changes in spring perennial cover were not different between
treatments (Table 4). Spring perennial S and H′ increased across all treatments, including reference
areas, over the course of the study, though H′ decreased slightly in both treatments with mulch
in the first spring following shrub removal (Figure 5b,c). Spring perennial J′ pretreatment values
varied between treatments (Table 4) but increased more following the mulching head treatment than
cut-stump (Figure 5d).

Figure 5. Percent cover (a) and diversity indices (b–d) of spring perennial herbaceous plants
prior to invasive shrub removal (2015) and following shrub removal (2016–2017) accomplished
using cut-stump or forestry mulching head (“MH”) treatments, with mulch removed/absent or
added/present. Invasive shrubs were not removed in reference areas for comparison. Dashed lines
indicate management techniques with mulch manipulated (added/removed) and solid lines represent
operational (no mulch manipulation) management techniques. Values are means ± standard error.
Data were collected from mid-July to late August at four mature secondary hardwood forest sites near
West Lafayette, Indiana, USA.
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Total summer cover of herbaceous plants increased following all shrub removal treatments,
and cover increases continued in the second post-treatment growing season (Figure 6a). Pretreatment
mean percent cover of herbaceous plants ranged from 0.5 ± 0.2 at PWA to 6.1 ± 1.6 at site LF2 (grand
mean 3.9 ± 0.6). Increases in percent herbaceous cover were greater in each operational treatment
than in reference sites (both p < 0.01) and were similar across removal treatments (p > 0.10, Table 4).
Herbaceous percent cover increased 9.2 ± 1.2 across cut-stump and mulching head treatments over
the course of the study, as compared to a 0.8 ± 0.5 decrease in reference areas (Figure 6a).

Figure 6. Percent cover (a) and diversity indices (b–d) of understory herbaceous plant species
prior to invasive shrub removal (2015) and following shrub removal (2016–2017) accomplished
using cut-stump or forestry mulching head (“MH”) treatments, with mulch removed/absent or
added/present. Invasive shrubs were not removed in reference areas for comparison. Dashed lines
indicate management techniques with mulch manipulated (added/removed) and solid lines represent
operational (no mulch manipulation) management techniques. Values are means ± standard error.
Data were collected from mid-July to late August at four mature secondary hardwood forest sites near
West Lafayette, IN, USA.

Summer herbaceous S and H′ both increased following shrub removal, but these increases were
sharper initially than between the first and second post-treatment growing seasons and did not differ
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between operational removal treatments (both p > 0.10, Figure 6b,c). Mean herbaceous S increased by
8.1 ± 0.6 in shrub removal areas, as compared to an increase of 0.7 ± 0.4 in reference areas (Table 4).
Mean herbaceous H′ increased 0.9 ± 0.2 in Cut[−] and 1.1 ± 0.2 in MH[+] plots, as compared to
0.1 ± 0.1 in reference areas (both p < 0.01, Table 4). Herbaceous J′ was highly variable and there were
no differences in the change in herbaceous J′ between treatments (Figure 6d and Table 4).

Cover of native perennials increased more following MH[+] treatment than in reference areas
(p = 0.03), and cover of native vines increased more in both operational treatments than in reference
areas (both p = 0.01), but removal treatments did not differ in the responses of any herbaceous groups,
including exotics (Table 4). Percent cover of garlic mustard responded similarly to both operational
treatments in the first year, increasing from 0.1 ± 0.0 prior to removal treatments up to 1.1 ± 0.5 after
Cut[−] treatment and 1.1 ± 0.4 after MH[+]. While garlic mustard cover was generally lower during
the 2017 sampling period, decreasing to 0.3 ± 0.2 in Cut[−] plots and to 0.2 ± 0.1 in MH[+], two-year
change in garlic mustard cover was higher following Cut[−] treatment than MH[+] treatment (p = 0.06).
However, the number of fruiting garlic mustard individuals in 2017 was greater in MH[+] than Cut[−]

treatment plots. Differences between operational treatments were driven by mulch (p < 0.01) rather
than removal method (p = 0.26).

3.4. Floristic Quality

FQI calculated at the plot scale (4-m2) for herb-layer species changed little in treatment plots
following shrub removal but responded positively the following year, whereas FQI in reference plots
declined slightly (Figure 7). Overall, FQI increased 0.95 ± 0.36 per year more in Cut[−] plots and
0.77 ± 0.36 per year more in MH[+] plots compared to reference areas (p = 0.04; p = 0.14), in which FQI
did not change over the course of the study (p = 0.92). Mean Cave across all plots prior to shrub removal
was 2.5 ± 0.1, decreasing the following year to 1.9 ± 0.1 and 1.8 ± 0.1 in Cut[−] and MH[+] treatments,
then rebounding somewhat to 2.2 ± 0.2 and 2.1 ± 0.1 in those same treatments, respectively.

Figure 7. Floristic quality index (FQI) for understory communities, including exotic species,
before (2015) and after (2016 and 2017) invasive shrub removal was accomplished using cut-stump
or forestry mulching head (“MH”) treatments, with mulch removed/absent or added/present.
Invasive shrubs were not removed in reference areas for comparison. Dashed lines indicate management
techniques with mulch manipulated (added/removed) and solid lines represent operational (no mulch
manipulation) management techniques. Values are mean FQI ± standard error. Data were collected
from four mature secondary hardwood forest sites near West Lafayette, IN, from mid-July to early
August each year.
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3.5. Soil Temperature

Honeysuckle removal treatments elevated soil temperatures, and mulch reduced daily
temperature variability within removal areas. Daily mean soil temperature at 1 cm depth was
0.56◦ ± 0.08◦ higher in removal plots without mulch than in removal areas and was 0.57◦ ± 0.08◦

higher in removal plots with mulch than in removal areas (both p < 0.01). Across both removal
methods, mulch did not affect mean temperature (p > 0.99). Removal plots with mulch had higher
daily minimum soil temperatures and lower daily maximum temperatures than those without mulch
(min.: p < 0.01, max.: p = 0.05). This buffering effect of mulch on temperature extremes resulted in no
difference in daily soil temperature ranges between mulched removal plots and untreated reference
plots (p = 0.31), whereas temperatures in removal plots without mulch ranged 0.32◦ ± 0.07◦ more than
in reference areas on a daily basis (p < 0.01).

4. Discussion

4.1. Treatment Effectiveness

In this comparison of two methods for invasive shrub removal, the mulching head was generally
less effective than cut-stump removal at controlling invasive bush honeysuckle, as indicated by
more rapid regrowth of herb-layer honeysuckle cover. This difference in honeysuckle cover was
likely driven by differences in the responses of resprouting stumps we observed between removal
methods. Without treating cut stumps, previous work on other invasive shrub taxa found no differences
in regrowth between clearing saw and mulching head methods [12], suggesting that differences
in resprouting between the two techniques may be driven by stump treatments. We saw faster
regrowth of honeysuckle cover following both treatments compared to barberry responses observed by
Ward et al. [12]. Conducting shrub removal in late fall, as opposed to early spring, may be responsible
for more prolific resprouting, as non-structural carbohydrate stores in roots are highest in the fall just
before leaf abscission [35].

Honeysuckle removal in nearby sites the following year indicated that increasing the depth of
the mulching head treatment can mitigate resprouting (Figure 2), suggesting that a relatively shallow
treatment depth in this study may be partially responsible for the relatively vigorous honeysuckle
resprouting we observed in mulching head treatment areas. However, native plant community impacts
of the mulching head along a gradient of treatment intensity have not yet been investigated, and one
of the reasons for similar native community responses between control methods in this study may be
that we limited soil disturbance associated with the mulching head treatment. This balance between
reducing resprouting and protecting belowground plant structures requires additional study as best
management practices are developed for this relatively new control technique.

Although we did not examine the phenology of treated stumps, one explanation for shorter
resprouting shrubs in mulched plots is that mulch buffered soil against cold winter temperatures,
and shrubs in these plots may have taken longer to meet the chilling requirement required to break
endodormancy, though the chilling requirement for Amur honeysuckle is minimal [41]. Interactions
between treatment method and pretreatment stem density effects on resprouting suggest that the
mulching head treatment was less effective at controlling the resprouting of small sapling-layer shrubs
but more effective than the cut-stump method for controlling large sapling layer shrubs, though we
were unable to track individual stems due to the nature of the mulching head treatment.

4.2. Responses of Exotic Flora

Greater honeysuckle percent cover in mulching head-treated plots in 2016 compared to
cut-stump plots is also attributable to the strong response of honeysuckle seedlings in the first year,
which is consistent with rapid honeysuckle seedling responses in other removal experiments [17].
Canopy openness was no different between removal methods (Table 3), so the much greater density of
honeysuckle seedlings following mulching head treatment is more likely the result of soil disturbance,
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which has been implicated in the germination of other invasive shrubs [42]. Re-establishment of
Chinese privet was also higher in areas treated with a mulching head in riparian forests in Georgia,
USA [16]. The mulching head likely disrupts the litter layer on the forest floor more than the cut-stump
method, which can increase the germination and establishment of both honeysuckle and garlic mustard
seedlings [20]. We expected that mulch would limit the density of emergent honeysuckle seedlings,
but any such effect was dwarfed by the difference between removal methods (Figure 3b).

We also expected that garlic mustard, an exotic invasive herb that regularly colonizes sites
after honeysuckle removal [15,17,21], would be promoted more by the mulching head treatment,
but suppressed by residual mulch, and this hypothesis was partially supported. Increases in garlic
mustard cover were similar between treatments, despite greater honeysuckle cover in mulching head
plots. Recent work suggests that direct interactions with other components of the understory plant
community may not be as strong a determinant of garlic mustard abundance as ungulate herbivory
pressure [43]. Despite these similar initial increases in garlic mustard cover between treatments,
there were more fruiting garlic mustard individuals in mulched plots the second year. Due to the
biennial life history strategy of garlic mustard, with basal rosettes that overwinter, severe winter
conditions can limit garlic mustard survival [44]. Insulated soil temperatures beneath mulch may
have contributed to higher winter survival rates, resulting in more fruiting individuals the following
growing season.

The senescence of a large proportion of honeysuckle seedlings after the first year post-treatment
is also consistent with previous work on honeysuckle control [15]. Self-thinning of woody seedlings
can be a density-dependent response to soil pathogens, even in temperate forests [45], suggesting that
without the strong resprouting response observed in this study, more of these honeysuckle germinants
may have persisted. While honeysuckle invasion reduces conspecific seed viability [46], honeysuckle
seedlings may grow better in soils previously conditioned by invasive shrubs [47]. Moreover,
invasive shrubs may be less susceptible to fungal pathogens due to enemy release [48], but some
evidence suggests that Amur honeysuckle may be susceptible to a leaf blight fungus that affects native
Lonicera species [15]. Testing understory responses to the mulching head in combination with strategies
to further mitigate regrowth, including greater treatment intensities, treating in the spring, and
applying follow-up control methods, will help to elucidate how the pulse of honeysuckle regeneration
after mulching head treatments responds to lower densities of resprouting mature individuals.

4.3. Native Plant Community Recovery

Generally, native plant community recovery was similar between both treatment methods,
despite greater honeysuckle regrowth following the mulching head treatment. In this region,
woodlands flat enough to permit mulching head utilization have likely been subject to numerous severe
disturbances during the last 200 years, including row cropping, grazing pressure, and high grading.
This history of anthropogenic disturbance, coupled with approximately 30 years of honeysuckle
invasion, may have had a filtering effect on the existing plant communities such that species more
sensitive to substrate disturbance had been excluded long before the initiation of this study [49].
Several recovery metrics exhibited greater differences between treatments the first year after shrub
removal than the trajectory over the course of the entire study would suggest. Had the study only
followed shrub removal effects for one post-treatment growing season, mulching head impacts on
native seedling densities, stronger responses of honeysuckle seedling densities in mulching head plots,
and negative effects of mulch on spring perennial diversity would have indicated that the mulching
head was less suitable for achieving restoration goals than the cut-stump method. However, the lack
of these differences over a two-year study period emphasizes the necessity for multi-year monitoring
of restoration objectives.

While total cover of summer herbaceous plants responded positively to all removal treatments,
the cover of spring perennials did not recover during the course of this study, in contrast to other studies
reporting rapid responses of spring herbs to invasive shrub removal [17,50]. However, the pretreatment
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cover of spring perennial herbs observed by Shields et al. [17] was far higher than in this study,
and highly variable spring perennial cover between plots in this study may have been driven by
the distribution of mayapple (Podophyllum peltatum L.) across study sites. Mayapple is relatively
broadleaved compared to the other spring perennials in this study and accounted for 35.6% of all
spring perennial cover recorded during the study but occurred at only 28 of 96 plots in 2017. Where it
did occur, mayapple accounted for 54.3 ± 5.9% of spring perennial cover, indicating that this particular
species may have driven the high variability in spring perennial cover and masked responses in the
rest of the spring flora.

We observed a delay in the recovery of the FQI during the first year post-treatment, despite
immediate increases in species richness, corresponding with concurrent declines in Cave. FQI values
two years after removal in this study were slightly lower than those calculated after Lonicera morrowii

removal in Pennsylvania [35], likely due to the smaller plot size used in this study (4 m2 vs. 5 m2).
However, Cave values in removal areas in 2017 were lower than comparable reference sites in the
Central Till Plain (e.g., mature upland forest: Cave = 3.3 [34]), indicating that initial honeysuckle
removal treatments at these sites did not completely restore the quality of the understory community
to that of a similar uninvaded habitat.

In addition to focusing on Amur honeysuckle, two features of this study set it apart from previous
comparisons of the effectiveness of forestry mulching heads and cut-stump treatments for invasive
shrub removal and impacts on understory community [12,16]. Namely, we did not apply any sort of
follow-up treatment to control regrowth from stumps during the 21-month period following initial
removal covered by this study and we specifically separated the effects of mulch deposition from
physical effects of the two removal methods. We decided against follow-up foliar herbicide applications
in order to inform how initial shrub control treatments would influence the vigor of regrowth and
assess the necessity for follow-up treatments. Waiting until the second post-treatment growing season
to apply follow-up treatments, typically foliar herbicide applications, is likely to require greater
herbicide volumes and time investment due to an increase in the number of resprouting stumps
that attain heights 0.5–1.37 m (Figure 3c) or even reach the sapling layer (>1.37 m). This increase
in larger honeysuckle individuals corresponded with greater honeysuckle cover in the second year
post-treatment, despite steep declines in the number of smaller honeysuckle seedlings. We observed
increases in native plant cover and diversity despite invasive shrub cover rebounding quickly, which is
consistent with other findings that follow-up treatments do not impact native community recovery in
the short term [12].

Mulch deposition had small effects on honeysuckle resprout height and soil temperature
variability. While mulch deposition had no statistically significant effects on native plant community
recovery in this study, there were consistent trends of mulch having effects counter to those of the
mulching head removal method in isolation, which may be responsible for the similar responses
observed between operational Cut[−] and MH[+] treatments (Table 4).

5. Conclusions

This study indicates that forestry mulching heads are a promising tool for expediting the removal
of heavy shrub invasions from eastern hardwood forests and thereby restoring the native forest
understory community. Native plant community responses were similar between the mulching head
and cut-stump treatments and increases in Amur honeysuckle seedlings following mulching head
treatment were largely temporary. Although the mulching head treatment was slightly less effective
than the cut-stump method at preventing honeysuckle regrowth in this study, our results indicate that
greater treatment depth with the mulching head can reduce post-treatment shrub volume. Furthermore,
its ability to remove mature invasive shrubs rapidly over large areas may help to reduce recolonization
from adjacent seed sources when used in a management context. This potential for reduced propagule
pressure at the landscape scale, and possible implications for invasion dynamics, should be the subject
of future research. Floristic quality indices showed a relatively weak response to any shrub removal
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technique in this study, suggesting that these communities are dominated by disturbance-tolerant
species that may have relatively low conservation value. Therefore, removal of invasive woody plants
is only one of a suite of approaches that managers may need to employ to restore many degraded
hardwood forests.
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Abstract: Species distribution models have become some of the most important tools for the
assessment of the impact of climatic change, and human activity, and for the detection of failure in
silvicultural or conservation management plans. In this study, we modeled the potential distribution
of 13 tree species of temperate forests distributed in the Mexican state Durango in the Sierra Madre
Occidental, for three periods of time. Models were constructed for each period of time using 19 climate
variables from the MaxEnt (Maximum Entropy algorithm) modelling algorithm. Those constructed
for the future used a severe climate change scenario. When comparing the potential areas of the
periods, some species such as Pinus durangensis (Martínez), Pinus teocote (Schiede ex Schltdl. &
Cham.) and Quercus crassifolia (Bonpl.) showed no drastic changes. Rather, the models projected a
slight reduction, displacement or fragmentation in the potential area of Pinus arizonica (Engelm.),
P. cembroides (Zucc), P. engelmanni (Carr), P. leiophylla (Schl), Quercus arizonica (Sarg), Q. magnolifolia

(Née) and Q. sideroxila (Humb. & Bonpl.) in the future period. Thus, establishing conservation and
reforestation strategies in the medium and long term could guarantee a wide distribution of these
species in the future.

Keywords: Bioclimatic niche; Durango; Mexican tree species; MaxEnt; non-parametric correlation

1. Introduction

In conservation biology, estimating areas of potential distribution of species through the modeling
of an ecological niche, has had a variety of applications for learning the current and future state of
species [1]. Yet, human activities have produced significant changes in the distribution of species in
the different ecosystems of the world [2], with the temperate forests of Mexico being one of the most
affected, due to the excessive extraction of some species of commercial interest, mainly of the Pinus

genus like Pinus durangensis Martínez, P. arizonica Engelm., P. cooperi C. E. Blanco and P. engelmannii

Carr in the Mexican northwest [3,4]. On the other hand, the changes in land-use and activities related
to the extraction of timber species, are among the main causes of the disturbance of habitat and the
loss of diversity in the temperate forests of Mexico [5–8]. Also, climate change is another phenomenon
to be considered when studying the distribution of plants since many habitats have undergone severe
changes. Even so, the survival of some plant species is at risk because of this [9]. Projecting the
potential distribution of species using climatic variables becomes very important to evaluate and
foresee any alteration of either natural or anthropogenic origin [1,10,11].

One way of estimating the potential distribution of a species for a future period is by modeling
their ecological niche considering that the geographical distribution of a given species is not random,
but obeys environmental factors such as altitude, topographic position, temperature, humidity and
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precipitation, among others. Likewise, the distribution of plants is associated with physiographic
(aspect and slope) and edaphic factors [12–14].

One of the most used tools to model the distribution of species in geographic space and their
environmental tolerances, is the Maximum Entropy algorithm (MaxEnt), whose predictions start with
the principle of maximum probability of occurrence of the species from the presence data and the
bioclimatic variables associated with each sampling site [15].

The MaxEnt method has been used successfully in studies related to the analysis of biodiversity,
the conservation of the species niche, the identification of priority conservation areas and the
implementation of actions focused on preventing the establishment of invasive species in a
locality [16–18]. The maps of potential distribution projected by MaxEnt and the spatial analysis
by means of a GIS have proved their effectiveness by providing a reasonable approximation of the
niche of the species, even with a small sample size [19–22].

An effective way to measure the effect of environmental variations on the geographic distribution
of high-interest plants is to evaluate any change manifested when going from one period of time,
with specific climatic characteristics, to another, such as the period of the most recent glaciation and
the contemporary period. In this way, it is possible to predict a possible displacement, fragmentation
or reduction of the potential area in the face of future climate change scenarios.

This study had two objectives: (i) to identify if there is a significant change in the potential
distribution of 13 tree species (highly valued both economically and ecologically) native to the
temperate forests of Durango, northwestern Mexico, as a function of 19 climatic variables, considering
three periods of time; and (ii) to identify species with risks of decreasing their potential distribution
area in the future (2080 to 2100), under a scenario of severe climate change. In this study the spatial
resolution of the data was 1 km2. The hypothesis was that the potential distribution of each species
does not change significantly between one period of time and another.

2. Materials and Methods

2.1. Study Region

The modeled region corresponds to a portion of the mountain system of the Sierra Madre
Occidental (SMO) in the State of Durango (northwest of Mexico), between geographical coordinates
(WGS 84) 26◦50′ and 22◦17′ N and 107◦09′ and 102◦30′ W, covering an area of about 6.33 million
ha (Figure 1). In this region, forests of oak-pine, pine-oak, oak or pine, together with other species
typical of the temperate climate, are mainly distributed. Portions of temperate mesophytic as well as
tropical deciduous and semi-deciduous forests are also found on the western slope of the region [23].
The annual rainfall fluctuates from 250 to 1444 mm and the mean annual temperature from 8.3 to
26.2 ◦C [24].

2.2. Obtaining Data

A total of 13 of the most representative species of the study area were analyzed, with eight of
the genus Pinus (P. arizonica Engelm. var. stormiae Martínez, P. strobiformis Engelm., P. cembroides

Zucc, P. cooperi C. E. Blanco, P. durangensis Martínez, P. engelmannii Carr, P. leiophylla Schiede ex Schltdl.
et Cham., and P. teocote Schiede ex Schltdl. et Cham) and five of the genus Quercus (Q. arizonica

Sarg, Q. crassifolia Humb. & Bonpl., Q. grisea Liebm, Q. magnoliifolia Née and Q. sideroxyla Humb. &
Bonpl.) selected.

The presence records of the 13 species were collected using two data sources. The first data-set
was obtained from on-line herbarium specimens provided by The National Herbarium (MEXU http:
//www.ib.unam.mx/botanica/herbario/). The second data-set was obtained directly in the field,
from 1804 sampling plots, distributed systematically every five kilometers in the study area. These plots
were established by the National Forestry Commission (CONAFOR) for the National Forest and Soil
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Inventory 2004–2009 [25]. These presence records were converted to geographical coordinates and
finally a single database was generated by combining both subsets of data.

Figure 1. Study area, located in northwest of Mexico. The axes are geographic coordinates.

It should be mentioned that the temperate forests of the SMO are under forest management and it
is possible that anthropogenic activities have altered the natural distribution of the species studied.
For example, some conifer species such as Pinus durangensis Martínez, P.cooperi C. E. Blanco, P. arizonica

Engelm. var. stormiae, P. teocote Schiede ex Schltdl. et Cham and P. engelmannii Carr, are extracted more
than Pinus strobiformis Engelm. or Pinus leiophylla Schiede ex Schltdl. et Cham. due to having desirable
phenotypic characteristics for the forest industry [26]. But since there is no precise quantification of the
impact of anthropogenic activities, this factor was not incorporated into the models.
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2.3. Distribution Modeling

The potential distribution of each species was modeled as a function of 19 environmental
variables (Table 2) which were obtained from the WorldClim database (http://www.worldclim.org/
version 2) [27,28], with a spatial resolution of 1 km. To accomplish this, we used the Maximum
Entropy algorithm (MaxEnt) [15], following the methodology used by several authors [17,29,30].
Potential distribution models for three periods of times were generated: (i) period of the most
recent glaciation (21,000 years ago), (ii) present period and (iii) the future, corresponding to the
period from 2080 to 2100. For this last period, the general circulation model used was the NIES 99
(http://www.ipcc.ch/ipccreports/sres/emission/index.php?idp=35) under an A2A scenario, a very
severe scenario [31]. The MaxEnt method has proven its effectiveness in making predictions based on
information from presence data [32–35] and whose results express the value of habitat suitability for
each species as a function of probability according to environmental variables. A high value of the
distribution function in a given cell suggests very favorable conditions for the presence of an analyzed
species [15].

The results obtained from the MaxEnt method, were changed to Boolean layers (presence-absence
data) using ArcMap software package 10.1 (http://desktop.arcgis.com/en/arcmap/), considering
a cutoff threshold equal to 10% omission errors [30,36]. In each model, the variables that explained
70% or more of the data variability in the principal component analysis (PCA) were included [30,37].
The PCA analyses were carried out with R software [38].

For each species, presence records were divided into 75% (randomly selected) for model training
and 25% for model validation, using 100 replicates in 500 iterations with different random partitions
(cross-validation method).

In order to measure the degree of association or similarity between the relative abundance of
one species (presence-absence data per cell of 1 km2) between one period of time and another, the Phi
coefficient was used [39]. Finally, to identify if there are significant differences between the potential
areas of one period of time and another, the average area of the 13 species was compared, using the
Kruskal-Wallis test, testing the hypothesis that the average area of a period of time is similar to the
other periods. The level of significance used in all the analyses was 0.05.

2.4. Model Evaluation

Models were evaluated using the area under the curve (AUC) described by Phillips et al. [15],
whose values are calculated from the Receiver Operating Characteristic (ROC). When AUC showed
values equal to or greater than 0.9, we considered the models to be robust; values of AUC 0.7–0.9 were
considered moderately robust; and values close to 0.5 were considered not robust [33]. In all cases,
the logistic output format was used [34].

3. Results

Observing the AUC values, the models for the scenarios of the three periods were consistent and
robust showing values higher than 0.90 for all species, except for Quercus arizonica and Quercus sideroxyla

(Table 1). The climatic variables used to model the potential niche of the species are listed in Table 2,
which mainly includes average, maximum and minimum temperatures and rainfall in specific periods.
The areas projected for the three periods of time, are shown in Figures 2 and 3.

The Phi coefficients revealed a high and positive correlation between presence/absence records of
the contemporary and future period with an average of 0.81 for 92% of the species studied. The highest
Phi coefficients were observed between the contemporary period and the future for P. durangensis and
P. cooperi with a value of 0.87 for each species, followed by P. strobiformis with a coefficient of 0.85.
In contrast, the smallest absolute coefficients (three of them negative) were observed between the
period of the most recent glaciation and the contemporary period, and between the period of the most
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recent glaciation and the future period for Pinus cembroides and strobiformis, whose Phi coefficients
were less than 0.05 (Table 3).

Table 1. List of species studied and their records used in the potential distribution models.

Species
AUC Values

Past Present Future

Pinus arizonica Engelm. var. stormiae Martínez 0.960 0.961 0.962
Pinus strobiformis Engelm 0.927 0.945 0.945

Pinus cembroides Zucc 0.948 0.944 0.950
Pinus cooperi C.E.Blanco 0.961 0.965 0.966

Pinus durangensis Martínez 0.915 0.909 0.908
Pinus engelmanni Carr 0.926 0.929 0.908

Pinus leiophylla Schiede ex Schltdl. et Cham. 0.954 0.937 0.943
Pinus teocote Schiede ex Schltdl. et Cham. 0.951 0.942 0.947

Quercus arizonica Sarg 0.791 0.784 0.794
Quercus crassifolia Humb. & Bonpl. 0.966 0.964 0.967

Quercus grisea Liebm 0.942 0.939 0.939
Quercus magnolifolia Née 0.964 0.967 0.967

Quercus sideroxyla Humb. & Bonpl. 0.879 0.897 0.898

Table 2. List of climatic variables used in the models and their respective acronyms. The variables that
showed the highest and significant correlation coefficients (highlighted in bold) were used to model
the potential areas.

Acronyms Description PC1 PC2

bio_01 Mean Annual Temperature (◦C) 0.34 0.06
bio_02 Mean Diurnal Range (Mean of monthly max. temp. min. temp.) (◦C) 0.93 0.07
bio_03 Isothermality (Bio_02/Bio_07) (×100) 0.31 −0.41
bio_04 Temperature Seasonality (standard deviation × 100) (Coefficient of Variation) 0.98 0.19
bio_05 Max Temperature of Warmest Month (◦C) −0.31 0.13
bio_06 Min Temperature of Coldest Month (◦C) 0.72 −0.03
bio_07 Temperature Annual Range (Bio_05–Bio_06) (◦C) 0.96 0.13
bio_08 Mean Temperature of Wettest Quarter (◦C) 0.19 0.13
bio_09 Mean Temperature of Driest Quarter (◦C) 0.44 0.16
bio_10 Mean Temperature of Warmest Quarter (◦C) 0.12 0.11
bio_11 Mean Temperature of Coldest Quarter (◦C) 0.50 0.027
bio_12 Annual Precipitation (mm) 0.88 0.45
bio_13 Precipitation of Wettest Month (mm) 0.88 0.42
bio_14 Precipitation of Driest Month (mm) 0.22 0.49
bio_15 Precipitation Seasonality (Coefficient of Variation) −0.33 −0.24
bio_16 Precipitation of Wettest Quarter (mm) 0.88 0.44
bio_17 Precipitation of Driest Quarter (mm) 0.52 0.45
bio_18 Precipitation of Warmest Quarter (mm) 0.79 0.42
bio_19 Precipitation of Coldest Quarter (mm) 0.72 0.43

Table 3. Phi correlation coefficients for the presence/absence values, comparing the degree of
association among the three periods of time.

Species Studied Periods of Time Past Present

P. arizonica
Present 0.75 -
Future 0.67 0.79

P. strobiformis
Present 0.73 -
Future 0.75 0.84

P. cembroides
Present 0.52 -
Future 0.65 0.46

P. cooperi
Present 0.80 -
Future 0.78 0.82

P. duranguensis
Present 0.72 -
Future 0.73 0.82

P. engelmanni
Present 0.73 -
Future 0.74 0.84

P. leiophylla
Present 0.67 -
Future 0.71 0.78
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Table 3. Cont.

Species Studied Periods of Time Past Present

P. teocote
Present 0.72 -
Future 0.67 0.81

Q. arizonica
Present −0.04 -
Future 0.02 0.71

Q. crassifolia
Present −0.04 -
Future −0.05 0.85

Q. grisea
Present 0.79 -
Future 0.74 0.87

Q. magnolifolia
Present 0.79 -
Future 0.74 0.87

Q. sideroxyla
Present 0.75 -
Future 0.69 0.69

Figure 2. Potential distribution areas of Pinus species for the period of the most recent glaciation
(21,000 years ago), present period and into the future (2080 to 2100).
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When comparing the average values of the projected surfaces of the 13 species studied,
no significant differences were found among the three periods of time, according to the Kruskal-Wallis
test, with a significance level of 0.05. However, observing the areas of each species separately, several
of them showed changes, as was the case of Pinus arizonica, P. leiophylla, P. cooperi and Quercus grisea,
whose projected areas decreased as they passed from one period to another. This was more evident
for the first two species between the period of the most recent glaciation and the contemporary
period (Figure 4). The potential area of some species showed a change from one period to another.
For example, P. cembroides projected an increase of 19,701 km2 from the present to the future period
and P. strobiformis projected an increase of 9633 km2 (Figures 2 and 3).

In general, the projected potential areas were variable for each species, and although in most cases
there were minor changes in the projected surface, slight displacements, a possible fragmentation of
the habitats or discontinuity in the distribution of species were observed from one period of time to
another (Figure 4). Habitat fragmentation was clearer for P. arizonica, P. leiophylla, Q. arizonica, Q. grisea

and Q. magnolifolia (Figures 2 and 3).

Figure 3. Potential distribution areas of Quercus species for the period of the most recent glaciation
(21,000 years ago), present period and into the future (2080 to 2100).
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Figure 4. (A) Potential areas projected for each species for different periods of time. (B) Comparison
of means by the Kruskal-Wallis test, using the potential areas of the 13 species of each period; means
sharing a letter are not significantly different (p < 0.05). sp1: P. arizonica, sp2: P. ayacahuite, sp3:
P. cembroides, sp4: P. cooperi, sp5: P. duranguensis, sp6: P. engelmanni, sp7: P. leiophylla, sp8: P. teocote, sp9:
Q. arizonica, sp10: Q. crassifolia, sp11: Q. grisea, sp12: Q. magnolifolia, sp13: Q. sideroxyla.

4. Discussion

MaxEnt is a modeling instrument that has gained relevance in recent years for analyzing ecological
characteristics of species using presence records, which are usually collected from specimen records in
plant collection centers (e.g., MEXU) or field survey records. In this study, the areas projected (km2) by
models, apparently did not change from one period to another for most of the species (Figures 2 and 3).
Yet, the fragmentation or displacement of areas with a suitable climate was evident in the maps for
several species, as in the case of Pinus arizonica, P. cembroides, P. engelmanni, P. leiophylla, Quercus arizonica,
Q. magnolifolia and Q. sideroxila (Figures 3 and 4). Considering that the real interval of climate tolerance
(optimal interval) is variable between one species and another, although they cohabit in the same
region [26], it is possible that there were overestimates of the models. For this reason, the small
difference between the areas projected does not necessarily suggest that the species have broad climatic
tolerances or that the plants have a high capacity to adapt to contrasting climatic conditions.

The observations of which species show a fragmentation or discontinuity of the areas projected
are valuable findings since they can be indicators of a high sensitivity to changes in climate values.
In the end, a fragmentation can trigger a reduction in the real area of a species in the medium- or
long-term, a problem that has been observed in the last decades in the temperate forests of the SMO [40]
and in some Mexican terrestrial ecosystems [41,42]. Moreover, in the SMO, there are no studies on the
real anthropogenic effects, since they could accelerate the alteration of the natural distribution of some
species. For example, during the harvesting of roundwood, regeneration and other herbaceous species
are damaged in many zones of the study region due to the poor design of the road network used to
transport the roundwood. If the quantitative effects of anthropogenic activity were known, a specific
weight could be included and assigned when making the potential distribution models.

The Phi coefficients revealed different degrees of similarity between one period of time and
another. For example, when comparing the corresponding values of the contemporary period and the
future period of both Quercus magnolifolia and Q. grisea, a high correlation was observed (Phi = 0.87),
suggesting a high similarity in the pattern of distribution of these species in these two periods of time.
Conversely, a weak correlation was observed between the values of the past and present period of
both Quercus crassifolia and Quercus arizonica (Table 3).
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Potential distribution models have been useful for making important decisions in the area of
ecology [14,43,44], although they should be used with caution as several authors have warned [45–48],
because this type of modeling has limitations, which include the iterative procedure of the MaxEnt
algorithm [49] as well as the possible errors of commission and omission when using climatic factors to
characterize the habitat of a species [48]. A commission error related to climatic variables could occur
when the affinity of a species in a site is attributable to an event or situation that cannot be conditioned
by climatic variables [48] whereas an error of omission is any error related to the underestimation of
the climatic range [50] which can be translated as a false prediction of absence [48].

In some cases, the areas projected by the models are larger than the real distributions of the
species studied, since the models do not consider biotic interactions [32] or the effects of human
activities whose impact on the distribution pattern has increased significantly in recent years [2,51].
Given that there is no precise quantification of the magnitude of the impact of human activities on the
presence/absence of the species, this factor was not included in the model. Likewise, the models also
exclude the dynamic nature of the individuals studied, the alteration by pests or diseases, or other
situations that, for a short period, could drastically alter the distribution and abundance of forest
species [52].

On the other hand, changes in the fundamental niche of a species can occur as a result of
the plasticity of traits of morphological, physiological or behavioral type or by the classification of
genotypes. For example, they could occur by the spatial segregation of individuals with certain
functional features [53–55]. Finally, the niche of a species can expand or move, after a long period of
time, as a genetic response to the new environmental conditions [56,57].

In general, the statistical results suggest that the potential areas of most species are not
experiencing drastic changes in the three modeled time periods. Nevertheless, establishing strategies
for restoration, conservation, and reforestation in the medium- and long-term can guarantee not
only the survival, but also the wide distribution, of the species of greatest economic and ecological
interest, particularly those whose potential areas were reduced, displaced or fragmented, such as
Pinus engelmanni, P. arizonica, P. leiophylla, P. cooperi and Quercus grisea, whose loss of potential area
before the change from one period to another was evident (Figures 2 and 3). In these models,
historical factors, biotic interactions or other limitations that affect the dispersion of the plants are not
incorporated, since the magnitude of impact (quantitative values) of each of them on the distribution
and abundance of organisms is unknown, and thus it is impossible to assign them an appropriate
weight in the models. In future studies, we foresee incorporating physiographic variables, topographic
variables and soil properties, as well as testing other analysis methods.

5. Conclusions

The projections reported here could be useful for decision makers. For example, for a preliminary
assessment of risks of the decrease, displacement, or fragmentation of the spaces with ideal conditions
for the species studied. The results could also be used to define the degree of change in the climatic
domain for each of these species. Incorporating other variables like soil properties (pH, electrical
conductivity, texture, etc.), physiographic variables, the annual deforestation index, or any variable that
could modify the natural distribution of plants, could increase the certainty of the models. The potential
areas for most of the species did not vary between one period and another. Still, establishing integral
management plans including conservation and reforestation strategies, at a regional level can guarantee
the continued wide distribution of the species studied. Likewise, it is highly recommended that
strategies designed to minimize the impacts generated by the excessive extraction of some species,
such as Pinus durangensis (cataloged as Near Threatened by the IUCN), are established.
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Abstract: Forest densification, wildfires, and disease can reduce the growth and survival of hardwood
trees that are important for biological and cultural diversity within the Pacific Northwest of USA.
Large, full-crowned hardwoods that produce fruit and that form large cavities used by wildlife were
sustained by frequent, low-severity fires prior to Euro-American colonization. Shifts in fire regimes
and other threats could be causing declines in, large hardwood trees. To better understand whether
and where such declines might be occurring, we evaluated recent trends in Forest Inventory and
Analysis (FIA) data from 1991–2016 in California and southern Oregon. We included plots that
lay within areas of frequent fire regimes during pre-colonial times and potential forest habitats for
fisher, a rare mammal that depends on large live hardwoods. We analyzed changes in basal area
for eight hardwood species, both overall and within size classes, over three time periods within
ecoregions, and in public and private land ownerships. We found the basal area to generally be stable
or increasing for these species. However, data for California black oak suggested a slight decline in
basal area overall, and among both very large trees and understory trees; that decline was associated
with fire mortality on national forest lands. In addition, mature trees with full crowns appeared to
sharply decline across all species. Many trends were not statistically significant due to high variation,
especially since more precise data from remeasured trees were only available for the two most recent
time periods. Continued analysis of these indicators using remeasured trees will help to evaluate
whether conservation efforts are sustaining large, full-crowned trees and their associated benefits.

Keywords: forest restoration; wildfire; biological diversity; cultural diversity; ecosystem services;
monitoring; indicators; inventory; Native Americans; non-timber forest products

1. Introduction

Forests in the Pacific Northwest of USA are generally dominated by and renowned for conifer trees,
but hardwoods are still important, distinctive components of forests in the region [1]. Several of these
species, including California black oak, Oregon white oak, tanoak, canyon live oak, giant chinquapin,
Pacific madrone, bigleaf maple, and California laurel, form large and old trees. The importance
of oaks and other hardwood trees has been recognized in the forests of eastern North America,
where hardwoods are often dominant [2]. Research has highlighted the importance of hardwood
communities for sustaining biological and cultural diversity in Pacific Northwest, while suggesting that
changes in forest management policies and practices may be needed to stave off their declines [3–5].

1.1. Background on the Potential for Hardwood Declines

Since Euro-American colonization, the forests in the region have changed significantly, due to
timber harvest, fire suppression, introduced pathogens, and climate change [6–8]. During the past
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century, timber production on both public and private lands prioritized conifers over hardwood
trees. In the mid-20th century, softwood producers poisoned large tanoak and other hardwoods using
the “hack-and-squirt” technique to favor the regeneration of conifer trees [6,8]. Large hardwood
trees may have already declined from the pre-colonial era as Euro-American settlers cut tanoak for
tanneries, and oaks and chinquapins for fuel and lumber [6]. Climate vulnerability analyses have
projected that hardwood species such as black oak, tanoak, and maple are likely to expand their ranges
under the warmer and more fire-prone conditions that are expected [9,10]. However, recent studies
have highlighted how changes in fire regimes, including fire suppression and reduction of Native
American influence, combined with large, severe, and recurring wildfires, could trigger declines in
large hardwoods in both woodland [11] and forest areas [12,13]. In addition, the introduced pathogen
Phytophthora ramorum, has caused hardwood mortality (described as “sudden oak death”) within
coastal forests of Northern California and southwestern Oregon [14], although climatic constraints,
eradication and containment efforts have helped to mitigate its spread.

Declines in large hardwoods may jeopardize benefits, also known as ecosystem services,
particularly for several rare wildlife species [15] and for Native Americans. Tribes in the region
value many of these hardwood species for food, medicine, implements, construction materials,
and other applications [5,16,17]. Village sites are commonly associated with groves of these hardwood
trees [18,19]. Large trees had special cultural and spiritual significance as gathering places [19] and
sacred trees [20]. Native Americans used large cavities in many of these species as shelters and as
closets to store ceremonial items, food, firewood, and tools [20,21]. Because of the importance of
hardwoods for sustaining traditional cultural values, tribes have initiated efforts to restore groves of
these species based upon tribal traditional practices (Figure 1).

 

Figure 1. The North Fork Mono Tribe has been using thinning, burning, and other treatments to
restore meadows with large California black oaks on the Sierra National Forest, and to promote desired
qualities including low, broad crowns to facilitate the production and gathering of acorns (Photo credit:
Ron Goode).
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Fruits of the eight hardwood species are consumed by a variety of wildlife species, and the hard
nuts produced by oaks, tanoak, and chinquapin are particularly important because they can persist
as a winter food source. Cavities and platforms in large hardwoods are also especially important
as habitat for resting and raising young by fishers (Pekania pennanti), spotted owls (Strix occidentalis

caurina and S. o. occidentalis), and great gray owls (Strix nebulosa nebulosa and S. n. yosemitensis) [22,23].
Research in many parts of the world have highlighted the importance of large trees that form cavities
or “hollows” that are essential for some wildlife species [24].

High-intensity fires kill the above-ground stems of these hardwoods, even of mature trees,
or otherwise causes damage that leads to their demise. Even in stands where hardwood trees are
growing larger, which should afford greater resistance to fire, forest structure and fuel conditions may
still be increasing their vulnerability to top-kill. As recent examples, the Poomacha Fire of 2007 led to
the toppling of a giant canyon live oak on Palomar Mountain near San Diego within the following
year [25], and the Soberanes Fire of 2016 felled the national champion madrone in the Big Sur area of
coastal California [26].

These hardwood species are generally resilient to wildfire because top-killed trees typically
resprout quickly. Consequently, high severity fires can facilitate a resurgence of hardwoods in areas
where conifers have become dominant [27]. Because of this response, some proponents contend that
active management is not needed to conserve hardwoods. For example, Baker [28] contended that
shifts from open, hardwood-dominated conditions to more closed, conifer-dominated conditions
reflects gradual forest recovery that occurs naturally over centuries, and then is reset by high-severity
fires. Successional dynamics based upon infrequent, severe wildfires might be expected, particularly
in areas that were sheltered from more frequent wildfires by chance, topography, and reduced Native
American influence. Some wildlife biologists who are concerned with sustaining rare species, such as
spotted owls and fishers, have also opposed the removal of conifers around oaks [8]. However,
the combination of fire suppression punctuated by large, intense wildfires may be detrimental to
sustaining legacy groves of large hardwoods and the services they provide [11]. Stand-replacing
wildfire provides a slow and uncertain pathway for restoring mature hardwoods, particularly as some
areas experience reburn well before hardwoods can mature [13].

Representing an alternative strategy, managers have proposed active management treatments
to encourage the conservation and restoration of large legacy hardwood trees. Many scientists and
tribes have recommended interventions to restore hardwood communities and to counteract the forest
densification associated with fire suppression [8,29]. Such perspectives are rooted in the understanding
that very frequent fires (reoccurring within 15 years) occurred prior to Euro-American colonization in
many forest areas due to combinations of natural ignitions and burning by Native Americans [30,31].
Such a frequent fire regime killed small trees, resulting in more open forests with large individual trees,
according to accounts by early scientists such as Jepson [6] and Native Americans [8,32] in the region.

1.2. Need for Current Trend Analysis

To understand whether declines in large hardwoods is a significant concern that warrants
interventions, it is important to consider both recent and longer-term trends. Historical datasets
tend to have many limitations for evaluating hardwoods in general, and large trees in particular [8].
However, in more recent decades, the USDA Forest Service’s Forest Inventory and Analysis (FIA)
program has provided standardized data across all ownerships in the United States. Studies in forests
of eastern North America have found that alterations of frequent fire regimes, including the reduction
of Native American influences, have led to declines in oaks [33]. An analysis of FIA data from the
eastern USA highlighted concerns for oak decline from reports that intermediate-size oaks were not
sufficient to replace dominant and co-dominant trees [2].

Several studies in the eastern United States have specifically used FIA data to evaluate the
potential for nontimber forest products (NTFPs) that are important to tribes [34]; one study of ginseng
evaluated changes in the volume of hardwood trees (>12.7 cm diameter at breast height (DBH)) [35],
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while another used specially collected measurements of birch bark to target the resource availability
for tribal use [36]. However, the analysis of FIA data to evaluate NTFPs in the western United States
has largely been limited to describing the occurrence of common understory plants of interest to
harvesters [37], although a recent inventory report also noted that tanoak was the most abundant of
NTFP species in California [38].

In California, studies have suggested that densities of hardwood trees, based upon recent FIA
data, have not declined in general, compared to conditions reported in the 1930s surveys of forest
vegetation led by Albert Wieslander. For example, McIntyre et al. [39] found that that period may
have been a low point for hardwoods, which was followed by increases into the late 20th century.
Dolanc et al. [40] found that madrone, maple, tanoak, and canyon live oak all increased in their
frequencies of occurrence in plots from the 1930s to the early 2000s, while black oak slightly decreased.
Among species that were more abundant, they found that tanoak, canyon live oak, and black oak
had significantly increased in density, specifically among trees 10.2–60.9 cm DBH, while the density
of larger trees was stable. Within Yosemite National Park, Lutz et al. [41] compared data from 1930s
Wieslander plots to plots that were resampled by the National Park Service in the 1990s. They found
that large (>31 cm DBH) black oaks and canyon live oaks were 57% and 98% more dense in the 1990s,
although those differences were not statistically significant. Maple and laurel trees (>10 cm DBH) both
declined during that period, but they were uncommon in both periods, as were any very large (>61 cm
DBH) hardwoods. Recently, Zielinski and Gray [42] reported that the resting habitat for the fisher
had not declined, based upon FIA data and two models of fisher habitat that considered hardwoods;
their southern Sierra model included the mean DBH of all hardwoods [43], while their northwestern
California model included the total hardwood basal area per unit area [44]. A summary of FIA data
from 1981 to 2000 by Waddell and Barrett [45] found that in California, there were significant increases
in net growth for black oak, white oak, maple, laurel, madrone, and tanoak. Altogether, these previous
studies of inventory data did not point to hardwood declines.

However, a targeted study of potentially more sensitive indicators could reveal important patterns
for particular species or within particular areas. Recently, Long et al. (2017) reported recent declines in
black oak biomass on national forest lands in California, in association with fire mortality. Recognizing
the importance of black oaks in terms of tribal use and for fishers, a draft revision of the management
plan for the Sierra National Forest proposed the abundance of large and full-crowned black oaks as a
monitoring indicator [46]. Those recent developments suggested a need to further explore trends in
large hardwoods.

1.3. Objectives and Scope

Our overall research question was whether these hardwood species were exhibiting a decline
in large trees that might reduce the benefits for Native American tribes and rare species such as the
fisher. We addressed this question by analyzing trends in recent forest inventory data within a region
of Southwest Oregon and California where declines might be expected due to shifts in fire regime
and where results are most relevant to fisher conservation. Pure hardwood stands in lower elevation
woodlands are important for tribes and wildlife, including owls, but not for fishers. Our analysis
explores trends as new inventory data have become available. However, we did test the hypotheses
that we identified, based upon a review of relevant literature.

2. Materials and Methods

2.1. Literature Review to Select Indicators

We briefly reviewed scientific literature that describes the values of large hardwoods for Native
Americans and wildlife, as well as previous research into the threats and trends for such trees. Such a
review serves to identify the indicators and geographic factors that are important to consider in
evaluating the trends over this broad region. Table 1 summarizes the information that is gleaned
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from the review, including the maximum tree size and age, the typical age of fruit production,
shade tolerance, fire tolerance, and vulnerability to P. ramorum. We focus on the eight hardwood
species, because they can occur frequently as large trees (>20 m tall and >100 cm DBH) in mixed-conifer
forests, and they can live for several centuries. We did not include species that are generally limited
to small trees (<20 m tall) such as Pacific dogwood (Cornus nuttallii) and California hazelnut (Corylus

cornuta). We also did not include tall species that are more typically short-lived, grow in riparian
areas, and regenerate following floods or stand-replacing fires, such as black cottonwood (Populus

trichocarpa), red alder (Alnus rubra), or aspen (Populus tremuloides).

Table 1. Hardwood species included in the analysis and attributes related to size, age, and disturbances.

Scientific Name
Arbutus

menziesii
Quercus
garryana

Quercus
kelloggii

Acer
macrophyllum

Chrysolepis
chrysophylla

Notho-lithocarpus
densiflorus

Quercus
chrysolepis

Umbellularia
californica

Species code ARME QUGA QUKE ACMA CHCH NODE QUCH UMCA

Common name
Pacific

madrone
Oregon

white oak
California
black oak

bigleaf maple
giant

chinquapin
tanoak

canyon
live oak

California laurel

Upper DBH
(cm)

122 246 274 338 244 277 330 404

Upper height
(m)

38 37 40 49 46 63 30 53

Upper age
(years)

400 500 500 300 500 250+ 300 200+

Typical onset of
fruiting (years)

30 20 30 10 <40 30 20 30–40

Shade tolerance
intermediate

to low
low low high intermediate high high intermediate

Fire tolerance 1 2 2 1 1 1.5 0.5 0.5

Vulner-ability to
Phytophthora

ramorum
mortality

not
affected

mortality
no mortality;

infection is limited
to leaf spots

mortality mortality mortality

no mortality;
infection is

limited to leaf
spots

Notes: The ages of fruit production are referenced in McDonald and Tappeiner [47] and species profiles in the Fire
Effects Information System (FEIS) [48–53]. Maximum age, height, and diameter at breast height (DBH) are from
Niemiec et al. [54], except for canyon live oak, which is derived from Tollefson [49]; extraordinary specimens exceed
such maximums. Fire tolerance codes, derived from the FEIS species profiles, are: 2 = moderate and large trees
typically survive moderate-severity fires, 1.5 = large trees only usually survive moderate-severity fires, 1 = large
trees sometimes survive moderate-severity fires, 0.5 = large trees rarely survive even moderate-severity fires without
top-kill. Information on vulnerability to Phytophthora ramorum, which causes sudden oak death, is from Waddell
and Barrett [45] and Frankel [55].

2.1.1. Species Distribution

The eight species occur throughout much of northwestern California and southwestern Oregon.
Bolsinger [56] reported that all of these species except giant chinquapin were “major” hardwood species
on timberlands in California. All eight occur in the Sierra Nevada, but four of them (giant chinquapin,
white oak, madrone, and tanoak) have small and patchy distributions. On the other hand, black oak,
canyon live oak, laurel, and maple are distributed throughout the Sierra Nevada and into southern
California (Figure 2). Black oak and canyon live oak are two of the most dominant contributors of
biomass to California forests [45].

2.1.2. Indicators for Fruit Production

The nut-bearing oaks and tanoaks do not typically produce fruits until at they are at least
20–30 years old, whereas maple and madrone bear fruit earlier (Table 1). However, at least several
of these species are capable of producing relatively small quantities of fruit in resprouted stems
within six years, as reported for black oak, tanoak, madrone, and chinquapin [47,59]. As a general
rule for these species, trees that produce fruits in high quantity are many decades old (requiring
more time to mature than many competing conifer species) and have full crowns due to growth in
open conditions [6,47,60]. Some species may enter prime production after a century [47], although
one study suggested that production in white oak may reach a plateau after only 60–80 years [60].
Acorn production in white oak is greatest in trees with full crowns and increased exposure to light,
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which may be described as a “mushroom-shape” that is marked by low, broad crowns [60,61] (Figure 1).
Similar relationships between shape and nut productivity have been described for tanoak [6] and
black oak [62]. Consequently, both basal area, as a proxy for age, and crown attributes are important
indicators of productivity, while tree height and wood volume may be less important.

Figure 2. Distributions of the eight study species of hardwood trees within the far western USA from
Little [57,58].

2.1.3. Indicators for Wildlife Habitat

Studies of fisher habitat in the Pacific Northwest of North America have found that all eight of
the hardwood species we analyzed are used by fisher, along with black cottonwood and aspen [15,63].
Live trees harbor 91% of the fisher dens found in hardwoods [15]. Trees used by fisher are also very
large, as Yaeger [63] (whose study included all of the species except laurel) reported that the median
diameter at breast height (DBH) of hardwoods used, primarily for resting, was 77.2 cm at the Hoopa
Valley Indian Reservation (January 1996 to June 1998) and 63.5 cm on the Shasta-Trinity National Forest
in northwestern California. Accordingly, Aubry et al. [64] found that basal area of live hardwoods
51–100 cm DBH was a useful predictor of habitat quality across the range of the fisher.

Owls, including both northern and California spotted owls and great gray owls, also use cavities
in large hardwoods. For example, North et al. [65] reported that 11% of the California spotted owls on
the Sierra National Forest on the Sequoia-Kings Canyon National Park nested in cavities in very large
and old black oaks (91 cm mean DBH, >139 years old within the study). They also found that spotted
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owls built nests on platforms in somewhat smaller (mean 52 cm DBH) canyon live oak trees. A recent
review [23] reported that great gray owls used hardwoods (mostly black oaks) with a mean DBH of
102 cm, although six of the 16 oaks used for nesting were dead. Altogether, these studies suggest that
basal area of large living hardwoods is an important indicator of wildlife habitat quality. While dead
trees also have value for wildlife, sustaining large live hardwoods also ensures a supply of dead trees.

2.1.4. Tolerance of Shade, Fire, and Phytophthora ramorum

These species have complex interactions with each other and with conifers that are influenced
by competition for light, fire effects, and disease. In the absence of disturbances such as wildfires,
all of these hardwoods are succeeded by conifers, particularly white fir (Abies concolor) and Douglas fir
(Pseudotsuga menziesii) [1,66]. The more shade-tolerant species, including tanoak, maple, canyon live
oak, and giant chinquapin can become dominant in densifying forests that were formerly dominated
by the more shade-intolerant species (Table 1). The eight species have variable resistance to fire
depending upon their size (Table 1); fire generally kills small stems, but larger stems are able to
survive low-intensity fires [67–69]. Lutz, van Wagtendonk and Franklin [41] noted that canyon live
oak was much less common, and laurel was absent within burned plots in Yosemite National Park;
such findings support the assignment of the lowest fire tolerance ratings for those species. The sudden
oak death pathogen (P. ramorum) reportedly infects all of the species except white oak [45,55]. Laurel is
very susceptible and facilitates spread of the disease; while chinquapin, madrone, canyon live oak,
and black oak all have experienced mortality, the loss of large tanoak trees been one of the main
impacts to ecosystems [70].

2.2. Overview of Forest Inventory Data

The FIA program measures environmental variables every 10 years in the western United States
at sample points arranged in a hexagonal grid (with centers of hexagons 5.47 km apart for one point
per 2400 ha) across all ownerships [71]. Individual trees are identified and measured on nested
plots for different sized trees, and their status (live or dead), size, condition, and estimated cause
of death are tracked over time [38]. When plots are sampled, disturbances that occurred between
measurements are noted, including cutting, fire, cutting & fire, and “other”, which includes insect,
disease, beaver, porcupine, bear, ice, wind, flood, and landslides. The disturbances noted for each plot
did not necessarily result in mortality of hardwood species; for example, cutting could have involved
removal of only conifers.

2.3. Study Area

The study area (Figure 3) encompasses forested lands in California and Oregon with dominant
vegetation that ranges from oak (Quercus) and juniper (Juniperus) species at the dry end, to Douglas
fir and California mixed conifer in mesic areas, to true fir (Abies) forests in subalpine areas [72].
We grouped areas of broadly similar vegetation and disturbance regimes within contiguous
ecoregions [73]. This study area includes part of the range for both subspecies of spotted owls and
great gray owl. We selected plots in areas characterized by a “frequent, low severity” fire regime [74] to
focus on areas where shifts in fire regimes would be most prominent. We also confined the study area
to potential habitats for the fisher, which we defined by adding a buffer of 5 km around areas that are
designated as being “selected for” or “intermediate” (meaning neutral rather than “selected against”)
in a fisher habitat model [75]. The buffer accounts for the fact that the habitat model attempted to select
mature stands based on remote sensing analysis, while our objective was to describe conditions within
zones of potential habitat, regardless of the current forest condition. Although both fisher habitat and
areas of frequent fire regime extend further north into Washington State, we excluded plots that were
north of 43.7 degree latitude, which approximates the northernmost extent of the Klamath ecoregion.
There were 9.15 million ha of forest land that met the study criteria, represented by 3971 plots that
ranged in elevation from 15 to 2890 m.
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Figure 3. Map of the study area in California and Oregon, USA, showing ecoregions, areas of frequent,
low severity fire regime, habitat for fishers, and the approximate location of the Forest Inventory and
Analysis (FIA) plots that have at least one tree from the eight study species.

2.4. Measurement Periods

Three measurement periods were represented in the data. The first measurement period (“time 1”)
consisted of:

• the FIA periodic inventory of non-National Forest System (NFS) lands in California (1991–1994;
mean 1992),

• the NFS inventory in California (1992 to 2000; mean 1998),
• the FIA periodic inventory of non-NFS lands in Oregon (1995–1998; mean 1997), and,
• the NFS inventory of Oregon (1993–1997; mean 1995).

The second remeasurement period (“time 2”) installed an annual inventory on all lands where
a tenth of the plots were expected to be measured every year in spatially-representative panels [71].
The first panel cycle for California and Oregon began in 2001 and ended in 2010, except in California
on NFS lands, where the schedule was accelerated, to install all plots on NFS lands by 2006. The third
period started in 2007 with remeasurements of plots that were established on the accelerated schedule
on California NFS lands, while on other areas, remeasurements began a new panel cycle in 2011.
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The last year of data that was available and compiled for this study was 2016. Inclusion of the
accelerated annual plots on California NFS lands ensured a full remeasurement sample of those lands.
Overall, the mean measurement years for plots in the three inventory assessments were 1996, 2004,
and 2012, for mean remeasurement intervals of 7.8 years between times 1 and 2, and 8.8 years between
times 2 and 3. The periodic and annual data are available in a public database [76].

We analyzed results from the full set of annual plots in the study area and also for the subset of
those that were included in the initial inventory at time 1. The difference in basal area per unit area
between those two sets at time 2 was added to the time 1 calculation. This adjustment is an estimate
of the value at time 1 if we had measured the same set of plots as in the annual inventory. However,
because the sample of other public lands was so different (there were no plots on other federal lands in
California at time 1), the three-period comparisons were only made for NFS and private lands. Since the
first period used a different plot design, comparisons across the three periods have higher variance
and lower significance than the remeasurement from time 2 to time 3, which compared tree-to-tree
change using the same plot design. The basal area per unit area is a better metric for comparing values
across inventories than totals, because it avoids the confounding effects of definitional and sampling
differences in the total area of forest land.

2.5. Metrics and Hypotheses

Based upon the review of potential indicators above, we hypothesized that declines in the basal
area of large trees would be greatest in the shade-intolerant black oak and white oak, which depend
on frequent fires. We expected madrone to follow that same pattern, while recognizing that it is less
tolerant of fire and somewhat more tolerant of shade. We hypothesized that any declines would be
even less in the five more shade-tolerant, fire-intolerant species—tanoak, canyon live oak, maple,
giant chinquapin, and laurel—because those species may be favored by a longer fire regime and more
shading. Furthermore, some of those species, such as canyon live oak, are often dominant on steep
slopes that produce little fuel and burn less frequently than the surrounding landscape, so that they
may be less affected by shifts in fire regimes [1].

Figure 4 summarizes the overall analysis approach and key variables used to filter and sort results.
Because management goals and practices may differ among ownership categories, we stratified results
between NFS lands, other public lands, and private lands (which includes tribal lands). Within public
land areas, we considered both “reserved” areas, which have more restrictions on timber harvest
(primarily wilderness, national and state parks, and national monuments), and “unreserved” areas.
We expected more declines in the hardwood basal area due to cutting on private lands, and more
declines due to natural disturbances, including fire, insects, and disease on public lands, particularly in
“reserved” areas. However, we did not hypothesize that trends would necessarily be different across
the ownership categories, particularly because such differences in management predate the inventory
baseline. We also stratified results by ecoregions (Figure 4). Since we had already filtered the areas to
include only areas of frequent fire regime, we did not have explicit expectations for variations among
ecoregions, except that we expected that species vulnerable to mortality by P. ramorum would have
declined in the California Coast ecoregion, where a quarantine had been imposed to constrain its
spread [45].

We focused on live tree basal area per unit area as a primary response variable. We calculated
means and variances using double sampling for post-stratification [77], and tested for differences based
on the Z statistic, which is customary for inventory data where estimates based upon large sample
sizes approach the normal distribution. We examined results with standard size classes ranging from
sapling, small, medium, large, and very large trees (Figure 4). Based upon a simple linear regression
between age and DBH reported for black oak in McDonald and Tappeiner [47], the breaks between
these size classes would be equivalent to 30, 66, 149, and 185 years, respectively. Based upon the
data for tanoaks from Sonoma County [78], those size class breaks would be equivalent to 46, 69, 114,
and 137 years, respectively.
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We considered trends in crown condition because trees that are suppressed are more prone to
mortality and less productive [58]. We therefore examined the crown condition class, which describes
both overstory trees (classified as open-grown, dominant, or co-dominant) and understory trees
(classified as intermediate or suppressed). Shifts in basal area from open, overstory trees, to suppressed
understory trees could be a leading indicator of overall declines. Accordingly, we hypothesized that
the basal area in medium-sized or larger trees (>28 cm DBH) with full crowns (classified as open-grown
or dominant), may have declined as forests became more dense. We also analyzed change in basal area
within overstory versus understory trees within plots that were undisturbed, to help evaluate trends
in general forest succession.

 

Figure 4. Schematic showing the factors considered in the trend analysis of large hardwoods.

3. Results

3.1. Distribution of Basal Area and Rates of Disturbances across Ecoregions and Ownership Areas

Table 2 shows the amount of study area within each ecoregion, as well as the amount of
disturbance within each ecoregion. Over 40% of the basal area of the eight species was located
in the Klamath ecoregion, with the Sierra Nevada (18.3%), California Coast (17%), and California Coast
Range (16.6%) ecoregions also being important. Other regions, including the Cascades (3.4%) and
Oregon Coast Range (2.8%), had much less basal area of the species of interest. Basal area for each
species across the ecoregions during time 2 is included in the Supplementary Materials (Table S1).
Tanoak was the most dominant hardwood species in the coastal ecoregions, while black oak and
canyon live oak were dominant in the Sierra Nevada. Other ecoregions were less dominated by one or
two species, but tanoak, canyon live oak, black oak, and madrone were much greater contributors to
the hardwood basal area (each contributing 13%–30% of combined basal area for the eight species)
than the remaining four (2%–6% of combined basal area).

Within the study area, 2.5% of forestland was disturbed each year, with cutting being the most
prevalent disturbance, followed by fire (Table 2). The highest rate of fire disturbance in the selected
forestlands was in the Klamath ecoregion at 1.6%/year, while the highest rate of cutting disturbance
was in the Cascades ecoregion at 2.6%/year (Table 2). Over half of the study area (51.8%) was
managed by the NFS, 10.6% by other public agencies, and the remaining 37.6% was under private
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ownership. Sixteen percent of the forested area was on public lands “reserved” from management for
timber production.

Table 2. Total area and annual rates of disturbance on forestlands in the study area between times 2
and 3, by ecoregion

Ecoregion
Total Area Fire Cut Fire + Cut Other Total Disturbed

ha % ha/year % ha/year % ha/year ha/year ha/year %

Klamath 3,037,602 33 47,582 1.6 26,982 0.9 1928 0.1 2455 0.1 78,947 2.6
CA Coast 743,446 8 766 0.1 10,205 1.4 484 0.1 592 0.1 12,047 1.6

CA Coast Range 865,360 9 11,645 1.3 3043 0.4 0.0 0.0 1090 0.1 15,779 1.8
OR Coast Range 178,611 2 0.0 2687 1.5 445 0.2 552 0.3 3684 2.1

Sierra 2,766,788 30 26,437 1.0 31,994 1.2 4252 0.2 2511 0.1 65,194 2.4
Cascades 1,559,874 17 5276 0.3 39,948 2.6 2626 0.2 3649 0.2 51,499 3.3

Totals 9,151,682 100 91,706 1.0 114,859 1.3 9735 0.1 10,849 0.1 227,149 2.5

3.2. Overall Changes in Basal Area and Associated Causes of Mortality

Most of the species appeared to increase modestly in basal area over the three time periods, except
for slight, suggestive declines across periods for black oak and substantial increases for tanoak, canyon
live oak and laurel from time 1 to time 2 (Figure 5). However, none of the changes were statistically
significant because of wide variance, which in part reflects the smaller sample size and the lack of
remeasured trees in the three-period analysis.

Figure 5. Species basal area across three time periods, National Forest System (NFS), and private lands
only. Species codes are first two letters of genus and species, order of shade-intolerants on the left and
shade-tolerants on the right used in all figures; white fir (a conifer) is shown for comparison using a
second y-axis on the right. Error bars represent 95% confidence intervals.

The trends among remeasured trees across all ownerships from time 2 to time 3 were similar to
those seen in the three-period analysis, with growth generally compensating for mortality (Figure 6,
Supplemental Table S2). However, several species experienced statistically significant increases,
including white oak (+6.3%, p = 0.003), tanoak (+3.75%, p = 0.041), canyon live oak (+6.16%, p = 0.002),
and laurel (+20.7%, p < 0.001). Giant chinquapin registered a slight but statistically insignificant decline,
while madrone and maple had small and statistically insignificant increases. White fir, a common
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conifer species included for comparison, showed a negligible increase (0.34%, p = 0.45). On the other
hand, black oak experienced a relatively modest (1.54%) and suggestive (p = 0.060) decline.

Figure 6. Overall change in basal area, and changes associated with particular causes of mortality
(abbreviated terms in legend are defined in Figure 4), from time 2 to time 3 for eight hardwood species
and white fir (ABCO). Number under species code is live basal area (×100,000 m2) at beginning of time
2, and error bars on the net change values represent the 95% confidence interval.

Mortality was attributable to fire, cutting, insects/disease, and other causes for all species,
although causes did vary somewhat by species. For example, mortality of individual black oak
and canyon live oak trees was most commonly attributed to fire (Figure 6). By contrast, insects/disease
and cutting were more important than fire for the common conifer, white fir (ABCO in Figure 6).
Tanoak was the only hardwood species for which cutting was identified as the predominant cause of
mortality. The rate of mortality associated with cutting was twice as high for tanoak (0.6%/year) as for
any other species. However, the data did not indicate whether the cut tanoak were already dead or
infected by P. ramorum. Although tanoak had high rates of cutting and natural mortality, its high rate
of growth more than compensated. Within plots that were undisturbed, we found a significant loss of
basal area for understory black oak, while overstory black oaks significantly increased in basal area;
the basal area in overstory trees also increased for the other species, while the basal area in understory
trees was maintained, or increased in the case of tanoak, canyon live oak, and laurel (Supplemental
Figure S3).

3.3. Changes in Basal Area within Size Classes

When examining the results within particular size classes, the three-period comparison also
suggested a steady decline in basal area of very large black oak, while very large madrone and tanoak
exhibited substantial increases from time 1 to time 2 (Figure 7). However, in the remeasured data from
time 2 to time 3, changes in the largest diameter classes were not apparent. The confidence intervals
for net change for most of those estimates included zero change, although there was a significant net
loss (−0.91%) of small black oak (13–28 cm DBH).
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Figure 7. Species basal area by diameter class for three times with 95% confidence intervals (NFS and
private lands only).

3.4. Changes in Basal Area across Ecoregions and Ownership

Within ecoregions, changes in basal area between times 2 and 3 (Figure 8) were generally consistent
with those from the three-period analysis (Supplemental Figure S1). We focus on the two-period
analysis, since several results were statistically significant, including increases in canyon live oak and
laurel in the California Coast and California Coast Range, increases in tanoak in the California Coast
Range, and increases in white oak in the Cascades. While not statistically significant, the average
black oak basal area declined in the California Coast Range, Sierra Nevada, and Klamath, and much
of those mortality in those areas was attributed to fire. Meanwhile, the mean basal area of black oak
increased in the Cascades, where the fire mortality was relatively low. Other regions contributed little
to the basal area of black oak. Tanoak basal area had a non-significant decline in the Oregon Coast,
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but generally was stable or increased, including a significant increase in the California Coast Range.
Mortality of tanoak in the coastal regions was dominated by cutting rather than by disease or fire.

 

Figure 8. Basal area change by species by ecoregions with net changes shown by points with 95%
confidence interval bars.

The analyses by ownership provides additional insights into trends. The three-period analysis did
not reveal statistically significant trends and suggested overall stability, although shade-tolerant tanoak
and canyon live oak tended to increase in NFS and private unreserved lands, while the shade-intolerant
black oak and madrone tended to decline in reserved lands (Supplemental Figure S2). The two-period
analysis (Figure 9) revealed similar patterns, although some trends were statistically significant,
including a decline in madrone on NFS reserved lands, increases in white oak on non-federal public
unreserved lands, and increases in white oak, canyon live oak and laurel on private lands. Results from
that analysis also highlight variation in causes of mortality (Figure 9). On public lands, fire was a major
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cause of mortality, while cutting was fairly minor; the opposite relationship held on private lands.
Six of the species (all but tanoak and laurel) tended to decline within NFS-reserved areas (although only
the decline in madrone was statistically significant). Mortality in those areas was strongly associated
with fire. Increases in hardwood basal area tended to be greater on NFS unreserved lands than on
private lands, except for laurel. Black oak basal area tended to decline on NFS lands, in both reserved
and nonreserved areas, but it was stable on other public and private lands.

 

Figure 9. Basal area change by ownership and reserve status with net change shown by points with
95% confidence interval bars.

3.5. Changes in Basal Area by Crown Condition Class

Combined basal area of medium-sized and larger hardwoods (>28 cm DBH) that were classified
as either open-grown or dominant declined across all eight species (Figure 10). These declines were
generally offset by corresponding increases in the co-dominant crown condition class, except in the
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case of black oak and maple. This shift was also evident for white fir, a dominant conifer, but it was
not as pronounced as for the hardwoods.

 

Figure 10. Basal area of trees >28 cm DBH in the open-grown and dominant crown condition categories
at times 2 and 3 for eight hardwood species and white fir (on the second Y-axis on the right), with percent
reductions labeled (bars are 95% confidence intervals).

4. Discussion

4.1. Overall Trends

The eight species included in this analysis mostly exhibited stable or increased basal area,
contrary to our hypothesis that they might be declining in the study region. We also did not find
declines within the California Coast region, where P. ramorum has been causing hardwood mortality.
Even though the FIA database is the best available information for determining trends over a large area,
the power of these analyses is still limited, especially for species that are often minor forest components.
Furthermore, by confining the analysis plots to frequent fire regime areas within suitable fisher habitat,
important trends for particular species across their entire ranges may be missed. For example, impacts
of P. ramorum will be more evident at lower elevations and latitudes along the coast compared to the
areas of focus in this analysis.

Black oak stood out from the other seven species for experiencing downward trends in overall the
basal area in the two-period comparison, and in the basal area of very large trees in the three-period
comparison, although neither result was statistically significant, based upon a 95% confidence level.
Statistically significant declines were evident in small black oaks and those classified as understory
trees. Our results also indicated that declines in black oak were more pronounced on NFS lands than
on other ownerships, and fire was a major cause of that mortality. This finding was consistent with
an earlier finding [59] of a modest but statistically significant recent decline in black oak basal area
(particularly in both small and very large trees) on national forest lands throughout the entire range of
the species.

Our hypothesis that shade tolerance would explain trends was consistent with the finding that
three shade-tolerant species increased in basal area (Figure 6). However, the two shade-intolerant
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species other than black oak, white oak, and madrone did not show similar declines. This result
suggests that characteristics other than shade intolerance are influencing these trends. One possibility
is that fires have affected areas where black oak is relatively more dominant than other species,
particularly the Sierra Nevada, Klamath, and California Coast Range ecoregions, which altogether
contain 92% of the basal area of the species (Supplemental Table S1). These three regions had the
highest rates of fire mortality (over 1%/year; Table 2). Miller and Safford [79] reported significant
increases in area burned by high severity fires within the Sierra Nevada, Modoc Plateau and southern
Cascades region in yellow pine and mixed-conifer forests from 1984 to 2010. A similar study in
northwestern California (including parts of the Klamath, the northern California Coast Range, and part
of the southern Cascade Range ecoregions) reported that total burned area strongly increased from
1987 to 2008; even though the percentage burned at high severity did not increase, their results
indicate increases in total area burned at high severity [80]. By contrast, a third recent study in Oregon
(including the Oregon Coast Range and Western Cascades) [81] found only a small increase in total area
burned and no increase in proportion burned at high severity from 1985 to 2010. Those results suggest
that increases in wildfire-caused mortality are presently a greater threat to hardwoods in California.
However, vulnerability varies by species, even within those regions. For example, canyon live oak
has experienced a net increase, despite the fact that it is more sensitive to fire, and it predominates in
inland California ecoregions that did experience considerable fire mortality. That species may be able
to compensate for fire-related losses by growing in more shaded conditions and on harsher sites that
have not burned severely in recent wildfires.

Our results demonstrate the value of indicators beyond overall basal area, tree densities, or species
distributions to inform forest planning and monitoring. For example, the three-period analysis
suggested a decline in the basal area of very large black oaks, while the overall basal area was relatively
stable. Although the previous habitat modeling for fisher has relied heavily on overall basal areas,
large and very large trees appear disproportionately important. In addition, because crown condition
is an important driver of fruit production, increases in the basal area of trees that are not in dominant
crown conditions may not necessarily result in increased productivity. Consequently, measures of
crown condition, especially for large trees, may be important leading indicators. The declines in the
more open crown condition classes across species suggest that these forests are widely becoming more
densely canopied, which is consistent with expectations that hardwoods might decline [3]. However,
the decline in basal area among open-grown and dominant trees might also reflect changes in how
field crews categorized dominant and co-dominant classes between sampling periods. That more trees
were being classified as co-dominant would explain why basal area in “overstory” black oaks appeared
to increase from time 2 to time 3, even while full-crowned black oaks declined. However, the decline
in full-crown trees was more pronounced for all of the hardwood species than it was for white fir,
which suggests that there may be an ecological dimension to this trend. Evaluation of the next panel of
inventory data would test whether this a real and continuing ecological trend, or a transient artifact of
shifting field protocols.

As FIA sampling extends into the next period of tree remeasurement, trends may become clearer,
especially as the effects of recent very large wildfires become more evident. On the other hand,
broad-scale drought and bark beetle epidemics, particularly in the southern Sierra Nevada, have tended
to reduce conifer trees much more than black oak [82]. Where such conifer mortality unfolds,
hardwoods might enjoy gains [83] that offset declines. This complicated interplay between species’
interactions and disturbances make it difficult to predict net trends during rapid climatic change.

4.2. Strategies and Tactics Conserving Large Hardwood Trees

Conservation efforts for hardwoods have already been initiated on national forests. For example,
in the Sierra Nevada, planting of conifer trees is restricted to within 6 m of hardwood crowns, under the
Sierra Nevada Forest Plan amendment [8]. In Oregon, treatments have been implemented to clear
conifers from the crowns of white oaks [63]. However, in isolated cases, such as the southernmost
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stand of Pacific madrone, managers have also recommended retaining a conifer overstory to sustain
favorable micro-site conditions [84].

Many of the strategies and tactics to promote large hardwoods have been guided by tribal
traditional knowledge to promote food, spiritual values, and habitat for valued wildlife [6].
In pre-colonial times, tribal agroforestry systems across the study region facilitated and fostered
site conditions that promoted large trees with full, mushroom-shaped crowns, which were more
beneficial for tribal harvesters because they had low branches to facilitate harvesting, as well as
increased fruit production [17]. Traditional practices included burning forest patches to promote acorn
production and other food plants, as well as to enhance habitat for game animals such as deer and elk.
To address current tribal goals, the cultivation and conservation of large trees may be prioritized in
specially managed stewardship areas that center on former gathering areas and remnant groves of
large hardwoods [59] (Figure 1).

Frequent burning may be an important strategy for promoting large trees and basal cavities [8],
especially if precautions can be taken to avoid the losses of legacy trees. Due to the sensitivity of
hardwoods to fire, promoting large hardwoods in the near term may depend upon removing or
girdling competing conifers and reducing fuel loads mechanically. Accumulations of fuels (especially
conifer litter and small trees) allow flames to scorch trees higher on their stems and enter existing
stem cavities (Figure 11). Such damage often results in top-kill, and it may reduce the potential for
forming and sustaining enclosed cavities [8]. In addition to removing conifers, tactics to protect
legacy hardwood trees from wildfires and prescribed burning include raking fuels away from boles
of large legacy trees [8], cutting lower limbs to reduce potential for crown fire, burning off lichens
hanging on large hardwood branches prior to prescribed burning, and using tree-centered firing [85].
Because shrubs in the understory can intensify fires in white oak woodlands [57] and potentially
other hardwood stands, site preparation to reduce oak mortality could include treatments to reduce
shrub continuity and to promote grasses or other herbaceous species that facilitate low-intensity fire
spread [11]. Collectively, such measures could conserve legacy hardwoods by reducing fire scorching
and mortality.

 

Figure 11. During a prescribed burn in June 2017, fire entered the cavity of this large chinquapin tree,
which compromised its integrity (Photo credit: Frank K. Lake).
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5. Conclusions

Our results demonstrate how forest inventory data can be used to evaluate trends, the impact of
interventions, and potential effects on benefits that these legacy trees have long provided. Our findings
of current trends from recent FIA data did not find that the basal areas of eight of the most important
large hardwood species, and large trees in particular, were declining overall, with a large region of
southwestern Oregon and California, including the California Coast ecoregion where P. ramorum

is killing many of these trees. However, some indicators suggested modest downward trends in
black oak, particularly on national forest lands in inland parts of California, where fires have been
a major cause of mortality. Because black oak appears to be the most vulnerable of these important
hardwoods, and because it ranges across much of California, it could be a particularly useful and
sensitive indicator of trends across the state. We also found significant declines in large full-crowned
hardwoods, which are particularly important for fruit production and wildlife habitat quality. However,
that finding may have reflected changes in protocols that are used to classify trees as dominant versus
co-dominant. This kind of analysis will become more powerful as more inventory panels are completed,
and it will be important to effectively monitor trends across the region. This information can help land
managers and tribes in the region to conserve, restore, and monitor large, centuries-old hardwood
trees with full crowns. Strategies to conserve these legacy trees may be particularly important within
interior regions of California to offset losses from wildfires.
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Abstract: Tree seedlings planted in abandoned agricultural fields interact with herb communities
through competition, tolerance, and facilitation. In addition, they are subject to herbivory by
small mammals, deer or invertebrates. To increase the success of forest restoration in abandoned
fields and reduce management costs, we should determine which species are tolerant to or
facilitated by herbaceous vegetation and those which require protection from competition and
predation. Eight native tree species were planted in plots covered by herbaceous vegetation,
plots where herbaceous vegetation was removed, and plots where seedlings were surrounded
by an organic mulch mat. Half of the seedlings were protected against small mammal damage.
Results showed that two non-pioneer and moderately shade-tolerant species (yellow birch and red
oak) were inhibited by herbaceous vegetation. Birch species were particularly affected by small
mammal predation. No effects of predation or herbaceous competition were observed for conifer
species. Rather, herbaceous vegetation had a positive effect on the survival and the height growth
of tamarack (Larix laricina). None of the tested herb communities had a stronger competitive effect
on tree growth than another. Restoration of abandoned fields using multi-tree species should be
designed at the seedling scale rather than at the site scale to account for different tree responses to
predation and competition as well as variable site conditions. An approach resembling precision
agriculture is proposed to lower costs and any potential negative impact of more intensive vegetation
management interventions.

Keywords: tree plantation; abandoned agricultural field; predation; competition; tolerance;
facilitation; precision restoration

1. Introduction

Facilitation has been proposed as a possible restoration tool for woody species [1,2]. It is well
known that facilitation effects on growth are generally restricted to less favorable environments [3].
However, facilitation may occur in productive systems such as mesic temperate habitats [2,3]. Indeed,
positive effects of herbaceous cover on tree emergence and survival have been previously observed
in temperate-zone abandoned fields, whereby the presence of herbaceous vegetation reduced frost
heaving, heat and desiccation stresses on tree seedlings [4–7].

Usually, the improvement in emergence, survival, growth, or fitness of young trees (facilitation)
is assisted by nurse shrubs and trees rather than herbaceous neighbors [2,8]. Dense herbaceous
communities colonizing abandoned agricultural fields may inhibit the establishment and growth
of numerous tree species for many years [9,10]. Competition for soil water from herb species is
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recognized as a primary factor affecting tree survival and growth, although when water is not limited,
herbaceous vegetation may have no perceptible effect on tree seedlings (tolerance) [5,11–14].

The relationship between herbaceous plants and tree seedlings is influenced by the functional
characteristics of trees and herbs. Pioneer tree species have a greater proportion of deep roots,
higher cumulative root length and number of root apices than non-pioneer species, allowing them
to explore a larger volume of soil and to be better adapted to water and nutrient limited sites [15,16].
Moreover, pioneer species can rapidly outgrow the vegetation layer due to their faster growth rates,
although their establishment may be limited by herbaceous vegetation, whereas moderately to highly
shade-tolerant species establish better under herb cover but grow more slowly [17–19]. On the
other hand, some herb communities are known to be stronger competitors than others. With their
high root/shoot ratio, their clonal growth form, their ability to produce tillers and spread rapidly,
grasses are generally stronger competitors than forbs [2,20,21]. However, some forb species that form
dense communities (e.g., Solidago and Aster sp.) may compete with tree seedlings or inhibit them via the
production of allelopathic compounds, although allelopathy remains mainly hypothetical [11,22,23].

In addition to its variable direct effect on different species of tree seedlings, herbaceous vegetation
cover may increase rates of small mammal predation by sheltering them from larger predators [6,24,25].
Rabbits and voles, as well as deer and invertebrates may cause serious damage to tree seedlings, but the
severity of herbivory depends on predator density, tree species, the season, the presence of a vegetative
cover, the area of tree plantation, and the distance to neighboring woodlands [6,26–30].

Due to predation and competition, most tree plantation projects on abandoned fields have
used protection against predation as well as some form of control of herbaceous vegetation [31–34].
Mechanical control, such as plowing, has been used to reduce herbaceous competition, but this can
also slow down site restoration by eliminating natural regeneration, disturbing the soil, and decreasing
organic matter, microbial activity, and mycorrhizal diversity [35–37]. Light mechanical treatments,
such as mowing and shallow cultivation, have also been used, but their effects fade rapidly [38,39].
Despite their lower efficiency in controlling root competition by herbaceous plants, plastic and weed
cloth mulch mats are often used as they decrease competition for light, increase soil temperature and
moisture, and are more socially acceptable than herbicides [40–43]. However, using non-biodegradable
mulching materials, or plastic spiral protectors and tree-shelters against predation could be costly
since it is necessary to return to the planting site after a few years to remove these materials.

The main goal of this research was to test whether the success of restoration of abandoned
agricultural fields using multi-tree species could be improved through a greater understanding, at the
tree species level, of the effects of predation, competition, and facilitation on tree survival and growth.
More specifically, we addressed the following questions: (1) Are tree species or tree functional groups
affected differently by small mammal predation and herbaceous competition? and (2) Is growth of
various tree species influenced differently by various herb groups and soil moisture? We hypothesized
that: (1) survival of moderately to highly shade-tolerant species is not negatively affected by herbaceous
vegetation; but that (2) the growth of these non-pioneer species is more strongly affected by competition
than are pioneer species; (3) competition effects on tree growth increase with the abundance of Solidago

and Aster species that surround tree seedlings; and (4) conifers are less affected by small mammal
predation than hardwoods.

2. Materials and Methods

2.1. Study Site

The study was conducted in a peri-urban area of Montréal (Québec, Canada), in the agricultural
zone of Laval (45◦40′ N; 73◦43′ W). The dominant regional forest is sugar maple—hickory and
the climate is humid continental. Average annual temperature, recorded at the Montréal Pierre
Elliott Trudeau weather station (45◦28′ N; 73◦45′ W), is 6.8 ◦C with monthly means of 21.2 ◦C in
July and −9.7 ◦C in January, the warmest and the coldest months (means were calculated for the
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1981–2010 period) [44]. Annual precipitation is 1000 mm, of which around 20% falls as snow [44].
From 2010 to 2012, the average annual temperature was 8.2 ◦C and the average annual precipitation
was 1134 mm [45]. The experiment was carried out in three abandoned agricultural fields. Field #1
(surface area ≈ 9000 m2) is separated from field #2 (≈23.000 m2) by a ditch bordered by eastern
cottonwood (Populus deltoides Marsh.) trees. These two fields are situated on the south side of a 3.5 ha
forest composed of silver maple (Acer saccharinum L.), black ash (Fraxinus nigra Marsh.), green ash
(Fraxinus pennsylvanica Marsh.), eastern cottonwood (Populus deltoides Marsh.), and eastern white cedar
(Thuja occidentalis L.) trees. Field #3 (≈9000 m2) is located on the north side of this forest.

The abandoned fields had a similar past land use with grains and vegetables having been
cultivated for more than 25 years until the early 2000s. Following this agricultural period, the sites
were colonized by ruderal herbaceous species and were mown once or twice a year, until the fall
preceding the experiment (2009). The vegetation was principally dominated by grass species (Poaceae

spp. and Cyperaceae spp.), Solidago, Trifolium, Sonchus, and Aster species. Daucus carota, Taraxacum

officinale, Cirsium spp., Arctium spp., and Erigeron spp. were also common. Total ground coverage by
all species was around 65% in each field at the time of planting. Mowing prevented tree and shrub
establishment, but ash (Fraxinus sp.) seedlings colonized the sites as soon as mowing ceased, i.e., in the
first summer (2010) following planting.

The surface deposit is a mix of glacial (till) and marine deposits. Soil is an orthic melanic brunisol
type [46]. Fields #1 and #2 and the majority of field #3 are covered by a stony clay loam that is
moderately well-drained, while the remainder of field #3 is a well-drained clay loam [46]. Topography
is mainly flat although there are slight depressions. The experimental design (see below) was included
in a restoration project of the abandoned fields using more than 15,000 tree and shrub seedlings
(height < 1 m) planted from June to August 2010, at least 2 m from experimental plots.

2.2. Experimental Design

The study took place between the end of May 2010 and the end of September 2012. Trees were also
measured in June 2015, but no vegetation treatment (weeding or mowing) was done between 2012 and
2015. Four 40.5 m × 27 m experimental blocks were established at least 25 m from mature trees and
roads, along an east-west axis: one in field #1 (surface area of ≈1 ha), two in field #2 (23 ha), and one
in field #3 (1 ha). Experimental blocks were divided into six subplots following a split-plot design
where the main factor was “protection” (plastic spirals against small mammals vs. no protection) and
the subplot factor was “vegetation” (VG, intact herbaceous vegetation; M, mulch mats; BS, bare soil).
Eight tree seedlings of eight species were randomly planted (within each subplot) for a total of 192
trees per species. Species that were used in the experiment are native to the area and represent a
gradient of growth rates and shade tolerances (Table 1). The chosen species were: paper birch (Betula

papyrifera Marsh.), yellow birch (Betula alleghaniensis Britt.), tamarack (Larix laricina (Du Roi) K. Koch),
red pine (Pinus resinosa Ait.), northern red oak (Quercus rubra L.), red ash (Fraxinus pennsylvanica

Marsh.), red maple (Acer rubrum L.) and sugar maple (Acer saccharum Marsh.).
Container-produced tree seedlings were obtained from the Berthier nursery (Berthierville, QC,

Canada) of the Ministère des Fôrets, de la Faune et des Parcs du Québec and were delivered in
cold-storage. All tree seedlings were container-produced (initial sizes are provided in Table 1).
Hardwood species were one year old, while conifer species were two years old. Seedlings were
kept in a dark cool room (≈15 ◦C) until manual planting from 28 May to 11 June 2010. Seedlings were
planted at 1.5 m spacing and were watered once after planting.

One-third of the tree seedlings were planted directly in the herbaceous vegetation (VG) which
was less than 20 cm high at the time of planting. Another third of the tree seedlings were surrounded
by a 50 cm × 50 cm × 8−10 mm organic mulch mat (M) made of coconut fiber (Biomat, Multi-formes
Inc., La Guadeloupe, QC, Canada) installed immediately following planting. Mats were affixed to
the ground surface with four U-nails. Finally, the remaining tree seedlings were planted on bare soil
(BS). Before planting, herbaceous vegetation was cut to ground level with a gasoline-powered weed

161



Forests 2018, 9, 692

cutter. A herbicide (Roundup® concentrate, glyphosate 143 g/L; 100 mL diluted in two liters of water,
25 L/ha) was applied covering a 50-cm radius at each location where seedlings were to be planted.
Tree seedlings were planted one week after herbicide application. From July 2010 to September 2012,
the vegetation was regularly hand-weeded to maintain bare soil conditions in a 30- to 35-cm radius
around each tree. In rows between bare soil seedlings, vegetation was mowed with the weed cutter to
prevent the herbaceous vegetation from exceeding 20 cm in height.

In July 2010, half of the tree seedlings were protected from small mammals (e.g., voles, rabbits, etc.)
using plastic spiral protectors (TIMM Enterprises Ltd., Milton, ON, USA) 35 cm in length, affixed to
the ground with a U-nail. If trees were shorter than 50 cm, plastic protectors were cut to an appropriate
length for seedling size. Seedlings affected by predation before the installation of the protectors (<2%)
were excluded from the analyses.

2.2.1. Survival and Growth

Tree survival and signs of mammal predation were evaluated every spring and fall from fall
2010 to fall 2012 as well as in June 2015. Seedlings were identified as live (no sign of predation),
damaged live or damaged dead by voles (i.e., gnawed stem, removed bark near the ground, or gnawed
roots), damaged live or damaged dead by rabbits (i.e., clean-cut edges), damaged live or damaged
dead by deer (i.e., rough-torn edges) [24,27]. Tree mortality due to small mammal predation may also
be inferred when mortality rates for unprotected seedlings were greater than for seedlings protected
with a plastic spiral protector.

Height and diameter were measured every fall (2010−2012) and in June 2015. Height was
measured as the distance between the soil surface and the apical meristem while diameter was
measured 5 cm above the soil surface. The relative growth rate (RGRX) of height or diameter was
calculated using the formula:

RGRX =
ln (X2)− ln (X1)

T2 − T2

where X1 corresponds to seedling height or diameter in year T1, X2, height or diameter in year T2.

2.2.2. Foliar Measurements

Foliar predation by invertebrates was estimated for all tree seedlings in September 2011.
When more than 30% of leaves showed signs of invertebrate predation (such as sawfly damage),
the seedling was classified as being affected by invertebrate predation. Further foliar measurements
were made between 15−23 August 2012 on two trees per species randomly chosen in each subplot
among those having a minimum of 25 leaves (if not possible, trees having the highest number of
leaves were chosen). This minimum number of leaves per individual was required for foliar analyses.
Leaves and needles were placed between wet paper towels and were kept moist and cool until
laboratory analysis. Specific leaf area (SLA) was only measured for leaves of the following species:
paper birch, red maple, yellow birch, red oak and sugar maple. Specific leaf area was measured
following the method described by Cornellissen et al. [47]. Ten healthy leaves, or the maximum
number of healthy leaves, if there were less than ten leaves, were scanned the day of collection.
Leaf area was calculated using the Winfolia software (Régent Instruments, QC, Canada). All leaves
and needles were dried at 70 ◦C for at least 48 h before their mass was measured or before grinding.
Specific leaf area was calculated as the total one-sided area of fresh leaves divided by their oven-dried
mass and was expressed in mm2 mg−1. Leaves were finely ground with a vibratory pulverizer (Fritsch,
Idar-Oberstein, Germany). Between each sample, the pulverizer was cleaned with a vacuum and rinsed
with ethanol (70%). Concentrations of nitrogen (leaf N) were analyzed on a Leco CNS−2000 (LECO,
St-Joseph, MO, USA) in the laboratory at the Canadian Forest Service’s Laurentian Forestry Centre.
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2.2.3. Soil Water Content and Light

Environmental measurements were taken on two seedlings per species randomly selected in
each subplot. Soil water content (SWC) was measured three times in the summer of 2011 with
a TDR-200 probe (Spectrum Technologies Inc., Plainfield, IL, USA), using 12-cm rods. The first
measurements were taken on 10 June, two days after a 10-mm rainfall, but the 9 preceding days had
been without rain (Environment and Climate Change Canada, 2013b). The second measurements
were taken on August 17th, one day after 11 mm of rain and three days after 22 mm of rain. The third
measurements were taken on August 23rd, one day after 3 mm of rain and 2 days after 40 mm of
rain (Environment and Climate Change Canada, 2013b). Soil water content was also estimated on 21
September 2012, three days after a 21-mm rainfall (Environment and Climate Change Canada, 2013b).
Photosynthetic photon flux density (%PPFD) was measured using point quantum sensors (LI-COR Inc.,
Lincoln, NE, USA) at a height of 30 cm on the south side of each seedling. Measurements were taken
at the end of July 2011, on cloudy days, following the method described in Messier and Puttonen [51].

2.2.4. Herbaceous Vegetation

On 17 August 2011, herbaceous biomass was measured around one randomly chosen seedling per
species in each herbaceous vegetation and mulch mat subplot. After the first year, some herb plants
began to pierce the organic mulch mats or grow through the crack in the middle of the mulch mats.
All plants inside a 50 × 25 cm plot installed on the east side of the selected seedling were cut to ground
level and placed in a paper bag. Samples were air dried at 25 ◦C until there was no further loss of mass
due to humidity and then weighed to estimate above-ground biomass of the surrounding vegetation.
On 23 July 2012, in herbaceous vegetation subplots, an inventory was taken of herbaceous vegetation
beside the same two seedlings randomly chosen for SWC. All herbaceous species in a 50 × 25 cm
plot were identified and their percent cover was evaluated. The species were grouped into five herb
communities: Graminoids (grasses), Solidago spp. such as Solidago rugosa, Asteraceae spp. such as
Sonchus arvensis, Fabaceae species (legumes) such as Trifolium repens, and Apiaceae mainly dominated by
Daucus carota. More than 95% of the species identified fit into these groups.

2.3. Statistical Analysis

Seedling mortality was evaluated using Chi-squared tests. We first compared mortality rates
between experimental factors (protection, vegetation, and protection × vegetation) from fall 2010
to fall 2012 and in the spring of 2015. We then compared mortality rates due to predation by small
mammals (data combined from 2010 to 2012) between the vegetation treatments. Repeated measures of
analyses of variance (ANOVAR) and univariate analyses of variance (ANOVA), based on the two-way
split-plot design, were performed for each species to evaluate the effects of protection and vegetation
treatments on seedling height and diameter, leaf nitrogen (N), SLA, and SWC. Species were analyzed
individually because there were significant (p < 0,05) treatment × species interactions (results not
shown), meaning that species reacted differently to the treatments. Herbaceous biomass and light
(%PPFD) were only compared between herbaceous vegetation and mulch mat subplots with ANOVAs.
Student and Tukey tests were used as post-hoc tests. Log transformations were used when data were
not normal. A multiple regression was used to estimate the effects of SWC, average herbaceous cover
height, and percentage cover of each herb community on the height and diameter relative growth rates
(RGR) of each tree species. All statistical analyses were performed using JMP 10.0 (software from SAS).

3. Results

3.1. General

With the exception of paper birch, seedlings of the pioneer species had less mortality than did
non-pioneer species. After five seasons of growth (spring 2015), mortality rates varied from 3% for
red ash to 61% for yellow birch seedlings, all treatments combined (Figure 1). Pioneer species such as
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tamarack, paper birch, and red ash had the highest height and diameter growth between the fall of
2010 and spring of 2015, whereas the non-pioneer species red oak had the lowest growth (Figure 2).

 

Figure 1. Rates of seedling mortality (all treatments combined) as a function of tree species in fall 2010,
spring 2011, fall 2011, spring 2012, fall 2012, and spring 2015.
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(a) Tamarack 

 
(b) Red pine 

 
(c) Paper birch 

 
(d) Red ash 

Figure 2. Cont.
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(e) Red maple 

 
(f) Red oak 

 
(g) Yellow birch 

 

 

(h) Red oak 

Figure 2. Height and diameter of seedlings (least-squares means and SE) growing in bare soil subplots
(BS; light grey), surrounded by mulch mat (M; medium grey) or in vegetation subplots (VG; black),
from autumn 2010−2012 and in spring 2015.
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3.2. Predation and Herbaceous Vegetation Effects on Tree Survival and Growth

Mortality due to predation was generally higher for non-pioneer species than for pioneer species,
with the exception of paper birch (Tables 2 and 3). In fact, both birch species had mortality rates
double that of the next most vulnerable species (Figure 1, Table 3). Many birch seedlings were dead
after the first winter with their mortality being principally related to predation, although competition
also affected yellow birch survival (Table 2). Yellow birch (17%), paper birch (15%), red oak (7%),
and sugar maple (6%) seedlings showed more signs of lethal small mammal damage than other species
(Table 3). The vegetation control treatments also had a significant impact on predation rates in the
most vulnerable species. Seedlings of both species in the birch genus surrounded by a mulch mat were
more affected by small mammal damage than seedlings growing in vegetation (Table 3; χ2 = 23.153,
p ≤ 0.0001). However, birch seedlings in both of these treatments were more susceptible to predation
than bare soil seedlings (χ2 = 15.634, p = 0.0004).

Mortality due to predation of the non-pioneer species, red oak, and sugar maple, was also
inferior or did not occur in bare soil subplots (Table 3; χ2 = 11.544, p = 0.0031; χ2 = 10.050, p = 0.0066,
respectively). Effects of predation on red maple mortality were observed in the spring of 2015 survey
(Table 2; χ2 = 8.202, p = 0.0042), but between 2010 and 2012 only 2% of dead seedlings showed small
mammal damage (Table 3). The use of plastic spiral protectors did not have much of an influence on
tree growth with the exception of a positive effect on red oak height from the second growing season
onward (p < 0.03). The size of unprotected red oak seedlings significantly decreased due to leader
mortality or the appearance of a new stem following small mammal damage. In fact, this decline in
size was noted in more than 50% of red oak seedlings when all treatments were combined.

In general, predation by rabbits caused two times more seedling mortality than predation by voles
(4.2% and 2.0% of seedling mortality, respectively). Both species of birch seedlings (14.3% for yellow
birch and 11.5% for paper birch) were most affected by rabbit predation while red oak was the species
preferred by voles (5.9%). Mortality due to small mammal damage was observed on some protected
seedlings of yellow birch (5.5%), paper birch (2%), and red oak (1%). For these individuals, voles cut
roots under the spiral protector while rabbits cut stems above the protector. Some red ash seedlings
(3%) snipped by rabbits or voles produced new stems the year following predation, explaining the
decrease in mortality rates in 2012 (Figure 1).

Herbivory by deer was negligible, only five seedlings (0.3%) died due to deer predation.
Foliar herbivory by invertebrates was also minor (4% of tree seedlings, in total) and did not vary
between treatments. Conifer species were not affected by any kind of herbivory.
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Table 3. Tree mortality (%) due to predation compared between vegetation treatments (evaluated using
signs of lethal small mammal damage on unprotected and protected seedlings, data compiled from
Spring 2010 to Autumn 2012), tree mortality in Autumn 2012 compared between protection treatments,
and tree mortality in Spring 2015 (total).

Species
Mortality Due to Predation (2010–2012) % Dead Seedlings (Fall 2012) % dead Seedlings

(Spring 2015)Bare Soil Mulch Mat Herbaceous Vegetation Total Unprotected Protected

Tamarack 0 0 0 0 6.8 5.8 15.2
Red pine 0 0 0 0 0.5 4.2 15.1

Paper birch 1.1 a 8.9 b 4.7 c 14.7 20.4 a 9.4 b 37.7
Red ash 0 2.1 0 2.1 2.1 0.5 3.1

Red maple 0 0.5 1.6 2.1 4.2 1.6 11.5
Red oak 0 a 2.6 b 4.2 b 6.8 13.6 a 5.2 b 33.2

Yellow birch 0.5 a 10.1 b 6.4 c 17.0 27.5 a 12.7 b 60.8
Sugar maple 0 a 3.7 b 2.1 b 5.8 12.1 7.9 33.5

Bare soil: seedlings growing in a bare soil, Mulch mats: surrounded by organic mulch mat, Herbaceous vegetation:
or in intact herbaceous vegetation. Means for each species were tested using ANOVA and then compared using
Tukey tests following ANOVA. Means of each row followed by different letters are significantly different at p < 0.05.

In general, the survival of pioneer species was not affected by herbaceous competition except at
the end of the experiment for paper birch and red maple seedlings (Table 2). Nevertheless, competition
effects were seen on the growth of hardwood pioneer species which was usually higher in bare soil
(Figure 2). The conifer species were either tolerant of or facilitated by the presence of the vegetation
layer. Red pine mortality (<5% within the first 3 years), height, and diameter did not vary with any
treatment at any time (Table 2, Figure 2b). Mortality of tamarack seedlings occurred principally within
the first growing season following planting in bare soil or in mulch mat subplots (Figure 1a, Table 2).
No effects of herbaceous vegetation were observed on tamarack diameter, but tamarack seedlings
growing in bare soil were smaller than those surrounded by mulch mat or in herbaceous vegetation,
after the first (F-test = 9.7673; p = 0.0118) and the second (F-test = 13.4052; p = 0.0061) growing seasons
(Figure 2a). After three years, this relationship was only marginally significant (p = 0.0922) and it was
not significant by the spring of 2015 (p = 0.4503).

Herbaceous vegetation also showed some evidence of facilitation on sugar maple survival (Table 2).
After the first growing season, sugar maple mortality was higher in bare soil (χ2 = 6.330, p = 0.0422)
whereas after the second growing season, sugar maple mortality was lower in vegetation, but only
for seedlings protected against predation (χ2 = 6.344, p = 0.0419). Seedling mortality of the other
two non-pioneer species was, on the contrary, lower in bare soil subplots (Table 2). The growth of
non-pioneer species was greater in bare soil (Figure 2).

No benefit of the organic mulch mats on tree survival was observed in this experiment. Mulch
mats had effects comparable to or more negative than herbaceous vegetation (Table 2, Figure 2).
In the second summer, herb biomass (47 g) growing through the organic mulch mats (F-test = 2.7507,
p = 0.1958) and %PPFD at 30 cm high (60%; F-test = 0.7491, p = 0.4504) were not different from herb
biomass and %PPFD in intact vegetation (65 g and 69%, respectively). By the end of the experiment
(five growing seasons), many mulch mats were almost completely decomposed.

After five years, survival of all pioneer species seedlings growing in herbaceous vegetation was
higher than 75%, except for paper birch (Figure 3a). Excluding red maple, they all had a height growth
increment of more than 30 cm (Figure 3b). By contrast, non-pioneer species seedlings surrounded by
vegetation had a lower survival and height growth rate.
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(a) 

(b) 

Figure 3. Differences of (a) survival rates in spring 2015 and (b) height growth increment (2010–2015)
for seedlings growing in herbaceous vegetation. Black bars: seedlings unprotected against small
mammal predation. Grey bars: seedlings protected. (* p < 0.05, two-sample t-test).

3.3. Foliar Attributes, Soil Water Content, and the Influence of Herb Communities

All hardwoods, except yellow birch, had more leaves (p < 0.01) and a lower specific leaf area (SLA)
(p < 0.03) in bare soil subplots (SLA was not measured for red ash and conifers). Nitrogen (N) in conifer
needles or in birch leaves was not affected by the presence or absence of herbaceous vegetation (Table 4).
Leaf N was, however, higher in bare soil for the three endomycorrhizal (AM) tree species: red ash
(F-test = 47.9526; p = 0.0002), red maple (F-test = 11.8862; p = 0.0081), and sugar maple (F-test = 55.9883;
p = 0.0001). More seedlings with superficial bare roots were observed in bare soil subplots for all
species, except paper birch and sugar maple (Table 4).

Soil water content (SWC) did not vary between vegetation treatments in either 2011 or 2012.
Further, it did not influence the relative growth rate (RGR) of seedlings growing in herbaceous
vegetation (Table 5). The relative growth rate (RGR) of red maple and conifer species was positively
related to the height of the herbaceous layer. In general, no specific herb community influenced tree
growth, other than Solidago species which had a negative effect on red ash and red maple growth
(Table 5). Grasses had a marginally significant positive effect (p < 0.10) on tamarack growth (Table 5).

171



Forests 2018, 9, 692

Table 4. Vegetation treatment effects on leaf nitrogen (N) and rooting (%).

Species
Leaf Nitrogen (N) Superficial Bare Roots

BS M VG BS M VG

Tamarack 1.91 1.46 1.43 11.6 x 1.7 y 2.3 y
Red pine 1.02 1.07 0.97 12.8 x 1.1 y 2.7 z
Red ash 2.30 a 1.43 b 1.62 b 8.1 x 0 y 3.8 z

Paper birch 2.28 1.84 1.93 3.4 0.7 0.7
Red maple 1.68 a 1.16 b 1.23 b 10.4 x 0.6 y 2.7 y

Yellow birch 1.95 1.86 1.79 6.1 x 0 y 0 y
Red oak 1.68 a 1.11 b 1.24 ab 9.2 x 0.6 y 1.8 y

Sugar maple 1.68 a 1.13 b 1.22 b 1.8 0 2.4

For each variable, means of each row followed by different letters are significantly different at p < 0.02.

Table 5. Results of multiple regressions of height and diameter relative growth rates (RGR) (fall
2010–fall 2012) in relation to soil water content, average herb height, percentage cover of grasses,
Solidago, Asteraceae, Apiaceae, and Fabaceae (legumes) species.

Species Adjusted R2 Soil Water
Content

Herb
Height

Grasses
Solidago

spp.
Asteraceae

spp.
Apiaceae

spp.
Fabaceae

spp.

Tamarack
RGRHeight 0.30 0.03 * (+) 0.09 (+) 0.09 (−)

RGRDiameter 0.28 0.01 * (+) 0.08 (+)
0.03 *

(+)

Red pine
RGRHeight 0.39 0.06 (+)

RGRDiameter 0.14 0.02 * (+)

Paper birch
RGRHeight −0.07

RGRDiameter −0.13

Red ash
RGRHeight 0.11

RGRDiameter 0.20
0.02 *
(−)

Red maple
RGRHeight 0.36 0.004 **(+)

0.04 *
(−)

RGRDiameter 0.31 0.02 * (+) 0.09 (−)

Red oak
RGRHeight 0.40 0.04 * (−)

0.02 *
(−)

RGRDiameter −0.05

Yellow birch
RGRHeight 0.03

RGRDiameter −0.26

Sugar maple
RGRHeight −0.16

RGRDiameter −0.11

Only significant effects (p < 0.05) and marginal effects (p < 0.10) are presented. Positive (+) or negative (−) effects.
p-value: * < 0.05; ** < 0.01.

4. Discussion

4.1. Predation

Compared to other studies, predation by deer and small mammals was relatively low, probably
due to predation being determined by both the environment and predator densities [26,27,32,52].
Tree species preferences also differed from other studies. For instance, rabbits and voles can potentially
inflict damage on pine seedlings in fields or forests [6,52,53], but none of our conifer species exhibited
any signs of herbivory. Differences in seedling size, growth rate, density of resin droplets on the
stem, the presence of specific monoterpenes in the bark, and palatability are among the factors that
have been proposed to explain species and seedling preferences of herbivores [25,26,53]. In our study,
birch species were the most vulnerable to small mammal damage, particularly by rabbits. These species
were also the smallest at the time of planting (Table 1) and had the smallest diameters, at least in
the first two years of growth (Figure 2). By the fifth year of growth, red maple was the only species
affected by predation and was amongst the species with the smallest end of experiment diameters
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(Table 2, Figure 2). These results suggest that seedlings with small diameters are more vulnerable to
small mammal damage.

Predation occurred just as frequently, or even more frequently, with mulch mats than the
vegetation layer treatment. Mulch mats appear to offer the same protective benefits to small mammals
against their predators as does an herbaceous cover. Mulch mats and the vegetation layer allow voles
to feed and move safely beneath cover, whereas for rabbits, the presence of mats may make the young
tree seedlings more visible than in the vegetation cover.

4.2. Competition, Tolerance, and Facilitation

Generally, tree mortality was not as affected by herbaceous competition as tree growth.
Herbaceous vegetation increased the mortality of four hardwood species (Table 2), whereas growth of
all hardwoods was negatively affected by competition (Figure 2).

Contrary to what we expected to see and to what has been observed in the tropics [17–19],
the survival of the two moderately shade-tolerant, ectomycorrhizal and non-pioneer species was
negatively affected by herbaceous competition. By contrast, slight effects of facilitation were identified
for the survival of sugar maple, the species with the highest shade-tolerance [50], consistent with what
Berkowitz et al. [7] had observed. Survival and growth of conifer species were not negatively affected
by herbaceous vegetation (tolerance), while positive effects were observed on survival and height
growth of tamarack seedlings. These positive effects suggest that facilitation does not only occur in
harsh conditions such as dry environments [54–56].

The lack of competition effects on survival may be related to the low competition for water. Indeed,
no differences in soil water content (SWC) were observed among the different treatments and no effect
of SWC on relative growth rates was found for any species. However, herbaceous vegetation may
have reduced heat and desiccation stresses in the uppermost few centimeters of soil; reductions that
benefited tamarack which has a shallow root system [57]. In the first two growing seasons, few heat
wave (>30 ◦C) events were observed [45]. Tamarack is one of the species (together with red pine) that
has a low specific root length (SRL) [58]. It develops roots that are shorter and thicker than any of
the hardwoods that were tested. Conifers probably developed a better root system in herbaceous
vegetation than in bare soil. The positive effects of herbaceous vegetation on tree survival have been
previously observed in other mesic habitats, including facilitation of pine seedlings in temperate-zone
abandoned fields, but facilitation effects on growth, such as those that were observed for tamarack,
are rare [2,3,5,6]. Similarly, seedling heights of hybrid larch (Larix × marschlinsii Coaz) planted for a
boreal reforestation project were positively related to vegetation cover [59].

While the growth of hardwoods was influenced by competition, only endomycorrhizal (AM?)
tree species had a higher leaf N in bare soil subplots. Furthermore, Solidago species exerted negative
effects on red maple and red ash growth. Burton and Bazzaz [11] also observed lower foliar N for ash
seedlings that were growing in Solidago patches. In abandoned agricultural fields, forbs and many
grass species decrease the rate of N accumulation in the soil [60]. Frequent mowing in the rows of
bare soil subplots promoted the legume species, Trifolium, from the second growing season onward,
which could have increased soil N availability [60]. The explanation may also be related to mycorrhizae.
Arbuscular mycorrhizal fungi do not promote tree N acquisition when N availability is low, in contrast
to ectomycorrhizal fungi [61,62]. Contrary to what we expected, no herb community seemed to be a
stronger competitor than another except for the few negative effects of Solidago species on tree growth.
The vegetation surrounding the tree seedlings was composed of multiple herbaceous species which
may have diluted any allelopathic effects that might occur in pure dense communities of Solidago and
Asteraceae [11,22].

Tree species can be considered to be tolerant to herbaceous vegetation if they have high survival
rates, even if growth is reduced, because many of the seedlings will eventually outgrow the vegetation
layer [5,63]. Thus, we suggest that conifer species and red ash are tolerant to herbaceous vegetation
because they had a high survival rate (>75%) and a height increment of more than 50 cm after five
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years in vegetation subplots. As expected, pioneer species had a higher growth rate than non-pioneer
species, except for the moderately shade-tolerant red maple which had a survival rate higher than
75%. Due to a low survival rate (19% for yellow birch) and a low or negative growth rate (for red oak),
we consider these two EM moderately shade-tolerant and non-pioneer species to be inhibited by the
herb cover which had both direct and indirect (via predation) effects (Figure 3).

5. Conclusions

In this restoration experiment of an abandoned mesic field using multi-tree species, soil water
content did not differ between treatments and did not affect tree growth. However, tree species
responded differently to predation and herbaceous vegetation. Therefore, when planting trees in
abandoned fields, specific treatments could be used according to the characteristics of the tree species
and variable site conditions. Such an approach is inspired by the principles of precision agriculture for
increasing efficiency and decreasing environmental and economic costs. Many definitions of precision
agriculture have been proposed since its inception in the 1980s, but Gebbers and Adamchuk [64]
(2010, p. 828) summarized it as “a way to apply the right treatment in the right place at the right time”.

With this in mind, we propose that precision restoration requires the application of the right
treatment to the right species at the right place. For instance, on our study sites, conifer species could be
planted without controlling for competition and small mammal predation, as they were highly tolerant
to or facilitated by herbaceous vegetation and unaffected by herbivory. Nevertheless, herbivory may
vary with the environment, predator density, and the diversity of species used. Hardwood pioneer
species could also be planted directly into herbaceous vegetation, although paper birch should be
protected against small mammal damage. Planting seedlings with a diameter greater than 5 cm could
also decrease vulnerability to predation, but this should be further tested. For large-seeded species,
such as northern red oak, direct seeding could be a better approach than planting, given that their
emergence and survival are not affected by herbaceous competition [65,66], but large-seeded species
could be more affected by seed predation [4,67]. A better knowledge of the effect of various factors on
different hardwood and conifer species under various site conditions could be used to recommend
tree species that require the least amount of protection and vegetation control. Such an approach could
be applied to other types of ecosystems, such as forests and industrial wastelands, to reduce costs and
improve success rates.
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